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SUMMARY

World’s ecosystems are under great pressure satisfying anthropogenic demands, with freshwaters
being of central importance. The Millennium Ecosystem Assessment has identified anthropogenic land
use and associated stressors as main drivers in jeopardizing stream ecosystem functions and the
biodiversity supported by freshwaters. Adverse effects on the biodiversity of freshwater organisms,
such as macroinvertebrates, may propagate to fundamental ecosystem functions, such as organic
matter breakdown (OMB) with potentially severe consequences for ecosystem services. In order to
adequately protect and preserve freshwater ecosystems, investigations regarding potential and
observed as well as direct and indirect effects of anthropogenic land use and associated stressors (e.g.
nutrients, pesticides or heavy metals) on ecosystem functioning and stream biodiversity are needed.
While greater species diversity most likely benefits ecosystem functions, the direction and magnitude
of changes in ecosystem functioning depends primarily on species functional traits. In this context, the
functional diversity of stream organisms has been suggested to be a more suitable predictor of changes
in ecosystem functions than taxonomic diversity.

The thesis aims at investigating effects of anthropogenic land use on (i) three ecosystem
functions by anthropogenic toxicants to identify effect thresholds (chapter 2), (i) the organic matter
breakdown by three land use categories to identify effects on the functional level (chapter 3) and (ii)
on the stream community along an established land-use gradient to identify effects on the community
level.

In chapter 2, I reviewed the literature regarding pesticide and heavy metal effects on OMB,
primary production and community respiration. From each reviewed study that met inclusion criteria,
the toxicant concentration resulting in a reduction of at least 20% in an ecosystem function was
standardized based on laboratory toxicity data. Effect thresholds were based on the relationship
between ecosystem functions and standardized concentration-effect relationships. The analysis
revealed that more than one third of pesticide observations indicated reductions in ecosystem functions
at concentrations that are assumed being protective in regulation. However, high variation within and
between studies hampered the derivation of a concentration-effect relationship and thus effect
thresholds.

In chapter 3, I conducted a field study to determine the microbial and invertebrate-mediated
OMB by deploying fine and coarse mesh leaf bags in streams with forested, agricultural, vinicultural
and urban riparian land use. Additionally, physicochemical, geographical and habitat parameters were
monitored to explain potential differences in OMB among land use types and sites. Regarding results,
only microbial OMB differed between land use types. The microbial OMB showed a negative
relationship with pH while the invertebrate-mediated OMB was positively related to tree cover. OMB
responded to stressor gradients rather than directly to land use.

In chapter 4, macroinvertebrates were sampled in concert with leaf bag deployment and after
species identification (i) the taxonomic diversity in terms of Simpson diversity and total taxonomic
richness (TTR) and (ii) the functional diversity in terms of bio-ecological traits and Rao’s quadratic
entropy was determined for each community. Additionally, a land-use gradient was established and
the response of the taxonomic and functional diversity of invertebrate communities along this gradient
was investigated to examine whether these two metrics of biodiversity are predictive for the rate of
OMB. Neither bio-ecological traits nor the functional diversity showed a significant relationship with
OMB. Although, TTR decreased with increasing anthropogenic stress and also the community
structure and 26 % of bio-ecological traits were significantly related to the stress gradient, any of these
shifts propagated to OMB.

Our results show that the complexity of real-world situations in freshwater ecosystems
impedes the effect assessment of chemicals and land use for functional endpoints, and consequently
our potential to predict changes. We conclude that current safety factors used in chemical risk
assessment may not be sufficient for pesticides to protect functional endpoints. Furthermore,
simplifying real-world stressor gradients into few land use categories was unsuitable to predict and
quantify losses in OMB. Thus, the monitoring of specific stressors may be more relevant than crude
land use categories to detect effects on ecosystem functions. This may, however, limit the large scale
assessment of the status of OMB. Finally, despite several functional changes in the communities the
functional diversity over several trait modalities remained similar. Neither taxonomic nor functional
diversity were suitable predictors of OMB. Thus, when understanding anthropogenic impacts on the
linkage between biodiversity and ecosystem functioning is of main interest, focusing on diversity
metrics that are clearly linked to the stressor in question (Jackson et al. 2016) or integrating
taxonomic and functional metrics (Mondy et al., 2012) might enhance our predictive capacity.
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INTRODUCTION & OBJECTIVES
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1.1 STREAM FUNCTIONING & BIODIVERSITY

The human population is predicted to increase from currently ~ 7.5 to around 9 billion people in
2050 with ever growing demands for space, clear drinking water, food, fiber and energy (Foley et
al. 2005, MEA 2005, Godfray et al. 2010). Thus, world’s ecosystems are under great pressure
satisfying anthropogenic demands (MEA 2005). Although, only 0.01 % of global water corresponds
to lentic and lotic freshwaters, such as lakes, rivers/streams and reservoirs (Shiklomanov 1993),
they provide a great variety of crucial services to human society: domestic use, irrigation, power
generation, transport, clean drinking water or fishery products (Palmer et al. 2004). The supply of
such ecosystem services depends essentially on ecosystem functions (MEA 2005), where a single
service can depend on several ecosystem functions or a single function can contribute to several
services (Costanza et al. 1997). From an ecological perspective, ecosystem functions are simply
the level, rate or temporal dynamic of ecological processes that maintain the ecosystem (Tilman
2001, Jax 2005). However, from an anthropocentric perspective it is the capacity of ecological
processes to provide goods and services to human society (De Groot et al. 2002), categorized in
four groups: (1) regulation functions (e.g. water regulation), (2) habitat functions (e.g. refugium
functions), (38) production functions (e.g. food or genetic resources) and (4) information functions
(e.g. recreation or aesthetic information; cf. also with (TEEB 2010)).

In freshwaters, organic matter breakdown (OMB) and primary production (PP) are
fundamental ecosystem functions. Depending on the location within the river network the
contribution of OMB and PP in the overall energy supply varies (Webster 2007). OMB represents
the most important energy source in terms of organic carbon in the first ten kilometers from the
stream source, especially in forested headwaters (first to third order streams; Wallace et al.
1997). OMB is defined as the heterotrophic process of breaking down allochthonous organic
matter (i.e. leaves or woody debris) into its inorganic constituents (e.g. carbon dioxide, inorganic
nitrogen and phosphorus) from physical fractionation, leaching of soluble compounds, microbial
(fungal and bacterial) conditioning and invertebrate feeding (Tank et al. 2010). When organic
matter from the riparian vegetation enters the stream it is rapidly colonized and degraded by
aquatic fungi and bacteria. During this process fungi and bacteria produce enzymes transforming
inedible into edible plant components that can be assimilated by invertebrate detritivores (.e.
shredders; Graca 2001). Generally, fungi dominate the microbial breakdown process (e.g. Abelho
2001) albeit similar contribution of bacteria and fungi has been reported occasionally (Hieber and
Gessner 2002). After organic matter is colonized by microorganisms shredders start feeding on it,
as they prefer leaves conditioned by microorganisms over unconditioned leaves (Graca 2001).
Shredders are typically aquatic insects for instance of the genera Plecoptera or Trichoptera as
well as crustaceans of the genus Gammarus (Tachet et al. 1987). By feeding on the leaf material
they shred the material and produce fine particulate organic matter (FPOM). Accrued FPOM and
gained biomass not only fuel local but also subsidize downstream food webs (Webster 2007).
Moreover, the fact that more than 80 % of the river network in Europe consists of small rivers
and streams (Kristensen and Globevnik 2014) emphasizes the importance of the OMB even more.
Regarding the contribution of microorganisms and invertebrates to the OMB, invertebrates can
largely exceed the decomposer activity compared to microorganisms (Hieber and Gessner 2002).
However, results can be contrasting and contributions can differ due to climate, hydrology or
invertebrate density (Graca et al. 2015). Streams of higher order (i.e. fourth to sixth order) are
characterized by greater width with less shading by riparian vegetation. Thus, downstream
sections receive more solar radiation and the autotrophic process of primary production becomes
increasingly important (Webster 2007). By means of photosynthesis, aquatic plants, algae, or
bacteria convert inorganic compounds (water, nutrients and carbon dioxide) into complex organic
molecules (also termed primary production). During this process biomass is metabolized, which in
turn delivers energy to heterotrophic consumers (e.g. grazers or scrapers). Moreover, in terms of
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detritus plant material delivers energy for heterotrophic organisms, such as decomposers (Allan
and Castillo 2009). Furthermore, as a part of the gross primary production (GPP, i.e. total
amount of fixed carbon by autotrophic organisms) and heterotrophic fixation, respiration is also a
pivotal process that provides energy to stream organisms by metabolizing organic carbon
(Solomon et al. 2013). With increasing stream size PP replaces OMB as the fundamental source of
energy. Yet, rivers of orders higher than 6 mainly obtain their energy from upstream organic
input, river plankton and floodplains (Allan and Castillo 2009).

As outlined above, ecosystem functions (such as OMB and PP) are largely regulated by a
range of organisms. Investigations regarding the fundamental relationship between organism’s
diversity or community composition and ecosystem functioning grew enormously in the early
1990’s — soon after the Earth Summit in Rio de Janeiro. Scientists were increasingly interested in
how changes in the diversity of organisms can affect ecosystem functioning and hence affect
human society (Naeem et al. 2009, Cardinale et al. 2012, Gamfeldt et al. 2012). Although greater
species diversity most likely benefits ecosystem functions, the relationship between biodiversity
and ecosystem functioning (B-EF) is highly complex and underlies several different mechanisms
(Loreau and Hector 2001, Cardinale 2011, Cardinale et al. 2011, Ebeling et al. 2014). While
mechanisms, such as complementarity or the selection effect, are responsible for a positive B-EF
relationship, a loss in species can also be indifferent for ecosystem functioning due to functional
redundancy (Hooper et al. 2005, Fetzer et al. 2015). Nevertheless, the loss of species with key
functional roles most likely results in a reduction in ecosystem functions (Cardinale et al. 2006).
Thus, organismal traits play a crucial role in influencing ecosystem functions (Chapin et al. 2000)
as they determine the direction and magnitude of changes in ecosystem functioning (Cadotte et
al., 2011, Tolkkinen et al. 2013). This emphasizes the complexity of B-EF relationships, especially
since biodiversity is beyond species diversity and ranges from genetic diversity within populations
to community diversity across landscapes (Sala et al. 2000), including functional diversity (FD;
Cadotte et al. 2011). FD refers to the distribution of species and their abundance within the
functional space, including functional richness, functional divergence and functional evenness as
three primary components (Mason et al. 2005).

Thus, when ecosystem goods and services are to be preserved for present and future
generations we need a better understanding of the complex B-EF relationship. Regarding
freshwater-related services, this means exploring the relationship between FD and the OMB is of
central importance (Frainer and McKie 2015, Tolkkinen et al. 2015). The loss in freshwater
biodiversity is faster than in any other of the world’s major biomes (Reynolds and Souty-Grosset
2012). Hence, identifying threats and stressors and quantifying their effects on biodiversity and
ecosystem functioning, would be a first step towards informing the preservation of ecosystem
services (Covich et al. 2004, Hooper et al. 2005, Diaz et al. 2006, Naeem et al. 2009).

1.2 THREATS TO STREAM FUNCTIONING & BIODIVERSITY

The Millennium Ecosystem Assessment (MEA 2005) has identified several factors (most of them
related to anthropogenic activities) jeopardizing stream ecosystem functions and the biodiversity
supported by freshwaters (that makes up nearly 6 % of global biodiversity; Dudgeon et al. 2006).
Economic, technological and socio-political forces have been identified as underlying causes of
ecosystem changes and the loss in ecosystem services, with agriculture, energy and resource
extraction, traffic and the development of infrastructure being of central importance (MEA 2005).
In this context, the land surface has been transformed to a large proportion, chemicals have been
released in great amounts and even the climate system has started to change (recent rate of
global warming has been unprecedented in the past 1,300 years; Foley et al. 2005, MEA 2005,
IPCC 2007).

As a result of increasing anthropogenic land use, natural ecosystems are becoming
intensely fragmented by roads, railway lines, buildings and agricultural areas (Ellis et al. 2006).

4
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According to the United Nations Environment Programme (UNEP 2014), roughly 2 % of land
worldwide are covered by urban areas (i.e. infrastructure and cities) and around 33 % by
agricultural areas (e.g. pasture, cropland, viniculture) — representing the largest use of land on
earth. Globally, agriculture accounts for almost 70 % of all water consumption (FAO 2006).
However, stream biodiversity and functioning are not only threatened by the vast needs of water
for irrigating agricultural areas, resulting in water withdrawal and diversion (Foley et al. 2005)
but also by factors, such as the degradation of water quality, hydromorphological changes (e.g.
channelization of streams or dams), logging the riparian vegetation or species invasion (MEA
2005, Dudgeon et al. 2006, Schwarzenbach et al. 2010, Voérosmarty et al. 2010). These factors are
related to a variety of stressors, i.e. shifts in abiotic or biotic variables that exceed the range of
normal variation and adversely affect individual physiology or population performance in a
statistically significant way (Auerbach 1981). Various distinct transgressions of normal, abiotic
variation can be identified (MEA 2005), for instance (i) nutrient enrichment due to fertilizer use
in agricultural areas (Schwarzenbach et al. 2010), (ii) secondary salinization or inputs of heavy
metals due to deicer for roadways or mining, respectively, in urban areas (Hogsden and Harding
2012, Canedo-Argiielles et al. 2013) or (iii) homogenizations of hydraulic conditions due to stream
channelization in agricultural and urban areas (Poff et al. 2007). In this context, the pollution by
pesticides in agricultural areas is the embodiment of a stressor, as pesticides are intentionally
applied to control pests and weeds. Thus, nutrient enrichment, secondary salinization, heavy
metals and pesticides can be interpreted as land use associated stressors. Large amounts of
chemicals (e.g. nutrients or pesticides) enter streams via diffuse/non-point (e.g. spray drift or
surface runoff) or point sources (e.g. industrial discharge, mine waste water or sewage plants;
Schulz 2004, Creusot et al. 2014, Sims et al. 2013)). Increasing applications of nitrogen and
phosphate fertilizers related to agricultural food production (by ~638 % & and 203 %,
respectively, between 1961 and 1999; Green et al. 2005)), are responsible for elevated nitrogen
and phosphate concentrations frequently found in streams (Woodward et al. 2012). Similarly,
pesticides’ occurrence is widespread in streams (Malaj et al. 2014, Stehle and Schulz 2015b) as up
to 2.5 million tons of active pesticide components out of 70,000 different chemicals are in daily use
in the United States or Europe (Schwarzenbach et al. 2006, Fenner et al. 2013).

Anthropogenic stressors can individually or jointly compromise the biodiversity of species
in streams (Dudgeon et al. 2006) and ecosystem functioning (Jonsson et al. 2002), depending on
species functional traits. For instance, nutrient enrichment but also secondary salinization can
reduce stream biodiversity and alter ecosystem functioning (e.g. Cafiedo-Argiielles et al. 2013,
Herbert et al. 2015). Regarding OMB, low levels of nutrient enrichment can accelerate the
breakdown process (Ferreira et al. 2015), while exceeding nitrate concentrations of approximately
10 mg/L reduce OMB (Woodward et al. 2012). Secondary salinization can adversely affect
breakdown rates in streams (Gémez et al. 2016) while it also alters the pH in water (Herbert et
al. 2015). For instance, alkaline conditions can cause reductions of the stream biodiversity (Casas
and Descals 1997), whereas contrasting results have been found regarding propagation to reduced
OMB (Dangles and Chauvet 2003, Niyogi et al. 2013). Moreover, most inland water bodies have
been irreversibly hydromorphologically transformed, channelized and dredged (Lévéque and
Balian 2005). These modifications of the erosion and sedimentation patterns (Baron et al. 2002,
Poff et al. 2007) can lead to declining biodiversity and OMB (Rasmussen et al. 2012, Moll4 et al.
2017). Furthermore, the Millennium FEcosystem Assessment identified heavy metals and
pesticides as highly relevant in terms of threatening freshwater ecosystems (MEA 2005).
However, in order to meet human demands for food, pesticides (fungicides, herbicides and
insecticides) have become the key element of global agricultural pest and weed control (Reuters
2008). After agricultural pesticide application, these toxicants partly enter stream ecosystems, by
e.g. runoff and pose substantial threats to non-target stream organisms (Beketov et al. 2013,
Malaj et al. 2014, Stehle and Schulz 2015a) and functioning (Rasmussen et al. 2012, Schifer et al.
2012). For instance, a meta-analysis of field studies found significant reductions in the abundance
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of sensitive stream organisms already at pesticide concentrations that are assumed to be
protective in the Uniform Principles of the European Union for the authorization of pesticides
(first tier; EEC 1991a), including adverse effects on ecosystem functioning (Schéfer et al. 2012).
Thus, regulatory threshold (refer to section 1.3) established for organisms may not be protective
for ecosystem functions for which they are adopted (Woodward et al. 2012). Whereas pesticides
are degraded by a range of abiotic (e.g. photochemical reactions) and biotic (by microorganisms)
transformations within the environment (Fenner et al. 2013) heavy metals can persist in
freshwaters for a long time (Schwarzenbach et al. 2006). They enter stream ecosystems e.g. by
storm water runoff from urban roadways (e.g. Zinc, Cadmium or Copper; Sansalone and
Buchberger 1997) or by mine drainage (e.g. Iron or Aluminum; Niyogi et al. 2002). In streams
they can accumulate in sediments and can reduce biodiversity (Fanny et al. 2013) and ecosystem
functioning (Costello and Burton 2014).

In order to protect and preserve freshwater ecosystems from above mentioned stressors
associated with anthropogenic land use, ecosystem health should be assessed adequately. In this
context, leading scientists call for complementing current bioassessment that is mainly based on
structural measures (such as water chemistry, hydrogeomorphology, and biological diversity
metrics) with functional measures (such as OMB; Woodward et al. 2012). However, for both
measures going beyond current implementation could improve the bioassessment and hence
compose a more integrated picture of freshwater ecosystem health. Firstly, with regard to
diversity metrics as structural measure, several studies have found that alterations in the FD of
stream communities affected ecosystem functions (e.g. Diaz and Cabido 2001, Flynn et al. 2009,
Frainer and McKie 2015), depending on organismal traits of community members as mentioned
in section 1.1. However, freshwater ecosystems are still largely assessed using taxonomic
diversity metrics or indicators (e.g. EPT richness, saprobic index or RIVPACS). While organismal
traits allow for the link to ecosystem functioning (Cadotte et al. 2011) taxonomic indicators do not
allow for a direct evaluation of the status of ecosystem functions. Moreover, traits often respond
rapidly and predictably to multiple stressors (Dolédec et al. 2006, Doledec and Statzner 2010,
Mouillot et al. 2013) which lead to the assumption that FD metrics could be more suitable in
indicating changes of ecosystem functions than taxonomic diversity metrics (Cadotte et al., 2011).
However, only few comparative studies exist in the context of effects by anthropogenic stressors
(e.g. Dolédec et al. 2006, Doledec et al. 2011), especially in the context of stressor effects on
ecosystem functions, such as OMB (e.g. Frainer and McKie 2015, Tolkkinen et al. 2015). Thus,
ascertaining the suitability of taxonomic and functional diversity metrics for predicting the rate
of organic matter breakdown could help to improve or complement current bioassessment and
would provide additional knowledge about B-EF relationships. Secondly, beside the debate to
integrate functional measures into current bioassessment the spatial scale on which data are
gathered plays an important role (Dolédec and Statzner 2010). In the context of land use effects
on ecosystem functions, a trend towards adverse effects on OMB might be recognizable. However,
generalizations cannot be made and studies investigating this topic often provided contrasting
results. For instance, Sponseller and Benfield (2001) found that breakdown rates in urban areas
decreased with increasing sediment loadings, while Meyer et al. (2005) observed a positive
relationship between breakdown rate and urbanization due to nutrient enrichment. Similarly,
inconsistent results were reported for effects of agricultural land use (cf. Magbanua et al. 2010 vs.
Piscart et al. 2009). The high variability between studies could be attributed to variable
associations of stressors with specific land use types or to variable responses to stressors.
Moreover, most of the previous studies were conducted on a local scale (i.e. < 5 streams per land
use type; but see Woodward et al. 2012) with relatively small sample sizes (total n < 10 in most
studies) that could further explain inconsistent results. However, in order to adequately protect
and preserve freshwater ecosystems from anthropogenic land use and its associated stressors,
quantifications of potential effects on a regional scale are highly relevant (Dolédec and Statzner
2010). This is because anthropogenic stressors operate over multiple spatial scales (Allan 2004)
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and individual studies on local scales do not allow for (i) comparison of results within or among
land use types and (i) extrapolation of land use effects to larger spatial scales. Extrapolation
would require the establishment of a link between land use and ecosystem function on the
respective scale. Hence, studies are needed that include the assessment of ecosystem functions on
a regional scale (Vighi et al. 2006). Consequently, a regional overall picture would help
understanding the extent of influence by different stressors for the OMB. Hence, it creates a basis
for a sustainable treatment of the resource water, as required for the Water Framework Directive
(EC 2000).

In order to assess the relevance of heavy metals and pesticides regarding their impact on
ecosystem functions studies are needed that can be analyzed in a comparative way. However,
existing reviews on the effects of land use associated stressors on ecosystem functioning have
either exclusively addressed herbicide or heavy metal effects on ecosystem functions (Brock et al.
2000, Ferreira et al. 2016) or solely considered pesticide effects on microbial community
respiration and net primary production as ecosystem functions (DeLorenzo et al. 2001). A
comprehensive study addressing effects of several stressors on several ecosystem functions is
needed to quantify their overall impact or reveal general patterns. This can assist in the
understanding of the potential threat by anthropogenically-induced stressors for freshwater
ecosystem functions.

1.3 LEGAL FRAMEWORKS FOR FRESHWATER PROTECTION

A more sustainable freshwater management is needed to manage the alarming effects of land use
and its associated stressors on stream ecosystem functioning (Lepom and Hanke 2008). Various
strategies exist in order to protect streams including recycling or retention of runoff water,
conservation farming methods, improved agricultural land management and the use of buffer
strips and riparian vegetation for filtration (Bowmer 2013). In this context, obligatory European
legal frameworks or directives focusing on freshwaters are for instance: the drinking water
directive (EC 1998), the urban waste water treatment directive (EEC 1991b), the nitrates
directive (EEC 1991c), the directive for the sustainable use of pesticides (EC 2009a) or the water
framework directive (WFD; EC 2000). Particularly the WFD aims at the protection and
enhancement of the status of aquatic ecosystems by achieving a good ecological and chemical
status of European surface waters (EC 2000). A good status is defined as a minimum of
anthropogenic impact, i.e. no or only minor hydromorphological changes (hydraulic engineering
projects) and chemical pollution (waste water or nutrients). Regarding the ecological status,
quality assessment focuses on biological quality elements, such as the composition and abundance
of aquatic flora (including diatoms and macrophytes), invertebrates and fish fauna (EC 2000).
Regarding the chemical status as defined in the WFD, the main aim is that field chemical
concentrations should not exceed environmental quality standards (EQS) for substances that
have been classified as priority substances (EC 2000, 2013). Another strategy to protect the
environment aims at identifying and predicting the risk of chemicals before application. The so—
called risk assessment for each chemical (e.g. a plant protection product) must be evaluated
before its authorization (Suter 2008, EC 2009b). Generally, the risk assessment follows a tiered
approach (EFSA, 2013), with the first tier investigating the response of standard test organisms
to acute or chronic toxicant doses under laboratory conditions (dose — response relationship).
However, depending on the toxicity test and on the substance (e.g. insecticides or herbicides) the
standard test organisms can differ, mostly representing different trophic levels: algae (e.g.
Pseudokirchneriella subcapitata), arthropod (e.g. Daphnia magna) and fish (e.g. Pimephales
promelas) but for insecticides, for instance, an additional test species (e.g. Chironomus sp.) is
required (EFSA 2013). Regarding the dose-response relationship, reference is typically made to
fixed values, such as ECso: where 50 % of the tested population suffers a particular effect (e.g.
LCso refers to the concentration at which 50 % of the population suffers lethal effects; Calow and




- Chapter 1 -

Forbes 2003). Concerning for instance pesticides: the Uniform Principles (UP) of the European
Union (EU) assume in the first tier for the authorization of pesticides (EEC 1991a) that exposures
lower than 1/100 and 1/10 of the median effect concentration (ECs0) for two standard test
organisms (Daphnia magna and Pseudokirchneriella subcapitata) should have no or no
unacceptable adverse effects on freshwater organisms. This corresponds to a toxic unit (TU;
Sprague 1970) of 0.01 and 0.1, and reflects a safety factor of 100 and 10, respectively.

The knowledge about the protectiveness of these adopted thresholds for ecosystem
functioning is still incomplete and effect thresholds that are protective also for functional
endpoints are needed in order to adequately protect stream ecosystems.

1.4 OBJECTIVES & STRUCTURE OF THE THESIS

Overall, in this thesis I aimed at contributing to a better understanding of human impacts on the
environment, with a particular emphasis on how anthropogenic land use and associated stressors
jeopardize freshwater biodiversity and functioning.

In detail, the thesis addresses the following three research objective (see Figure 1.1):

e Assessing the relevance of pesticides and heavy metals regarding their influence on three
ecosystem functions (organic matter breakdown, primary production and community
respiration) by identifying effect thresholds based on a literature review (chapter 2,
Appendix A).

e Quantifying the impact of three land-use types (agriculture, viniculture and urbanization)
on a fundamental ecosystem function on a regional scale. The conducted regional field
study (in streams of 26 catchments) assesses the relevance of anthropogenic land use
regarding its impact on the organic matter breakdown (chapter 3, Appendix B).

¢ Quantifying the impact of anthropogenic land use (in terms of a stressor gradient) on the
taxonomic and functional diversity of invertebrate communities (based on the above
mentioned regional field study) and ascertaining the suitability of these two biodiversity
metrics for predicting the rate of organic matter breakdown (chapter 4 and Appendix C).
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Fig. 1.1: Overview of this thesis based on the thematic background presented in the introduction
(see chapter 1). Summary of: the three research objectives (chapter 2-4), the sources of impact
(indicated by different colors) and the main method used (indicated by different line types). The
impact on either three ecosystem functions (chapter 2) or exclusively on the organic matter
breakdown (chapter 3 and 4) was determined. Purple: effects due to pesticides and heavy metals
as land-use associated toxicants; blue: effects due to three land use categories (chapter 3) or a
land-use gradient (chapter 4); green: effects due to changes in invertebrate biodiversity. Dashed
lines: literature review, solid lines: field study (details within the respective chapters).
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2.1 ABSTRACT

We reviewed 122 peer-reviewed studies on the effects of organic toxicants and heavy metals on
three fundamental ecosystem functions in freshwater ecosystems, 1.e. leaf litter breakdown,
primary production and community respiration. From each study meeting the inclusion criteria,
the concentration resulting in a reduction of at least 20% in an ecosystem function was
standardized based on median effect concentrations of standard test organisms (i.e. algae and
daphnids). For pesticides, more than one third of observations indicated reductions in ecosystem
functions at concentrations that are assumed being protective in regulation. Moreover, the
reduction in leaf litter breakdown was more pronounced in the presence of invertebrate
decomposers compared to studies where only microorganisms were involved in this function. High
variability within and between studies hampered the derivation of a concentration-effect
relationship. Hence, if ecosystem functions are to be included as protection goal in chemical risk
assessment standardized methods are required.

2.2 INTRODUCTION

The Millennium Ecosystem Assessment identified anthropogenic toxicants as a major threat for
freshwater ecosystems (MEA, 2005), with pesticides and heavy metals being considered as most
relevant. Both enter aquatic ecosystems via various paths such as mine waste water, industrial
discharge, drainage, spray drift or runoff (Sierra and Gomez, 2010, Niyogi et al., 2002, Arts et al.,
2006, Gjessing et al., 1984) and may in turn affect aquatic communities (e.g. Beasley and Kneale,
2003, Clements et al., 2000, Schifer et al., 2011a, Liess et al., 2008, Widenfalk et al., 2008). To
protect aquatic ecosystems, the Uniform Principles (UP) of the European Union (EU) require for
the first tier in the authorization of pesticides that the pesticide exposure should be lower than
1/100 and 1/10 of the median effect concentration (EC50) for Daphnia magna and
Pseudokirchneriella subcapitata (EEC, 1991), respectively. This corresponds to a toxic unit (TU;
Sprague, 1970) of 0.01 and 0.1, and reflects a safety factor of 100 or 10, respectively. While the
suitability of extrapolating effects on ecological communities from standard test organisms has
been questioned (Cairns, 1986; Rubach et al., 2010), in retrospective risk assessment data are
often limited to these test organisms (Strempel et al., 2012) and they are consequently used to
standardize the risks from different toxicants.

By applying the abovementioned safety factors, concentrations below these thresholds are
assumed to cause no or no unacceptable adverse effects on macroinvertebrates and algae,
respectively.

In this context, a review of mesocosm studies on several pyrethroid, organophosphate and
carbamate insecticides reported that a TU of 0.01 for the most sensitive species, which was D.
magna in most cases, did not cause notable effects in freshwater communities (Van Wijngaarden
et al., 2005). By contrast, a meta-analysis of field studies on pesticide effects showed that TUs 10
to 100-fold below the UP lead to a significant reduction in the abundance of sensitive
macroinvertebrate taxa (Schifer et al.,, 2012b). As structural alterations can compromise
ecosystem functioning (Doledec et al., 2006, Giicker et al., 2006), the observed decrease in
sensitive taxa was hypothesized to be the cause of the reported reduction in invertebrate-
mediated leaf litter breakdown (Schifer et al., 2012b). Thus, the UP thresholds for structural
endpoints may not be protective for ecosystem functions (cf. Woodward et al., 2012), though no
reduction in primary production and community respiration was found for a pesticide gradient
ranging from a TUDp. magna of 0.1 to 0.001 in 24 South-East Australian streams (Schifer et al.,
2012a).

Overall, reductions in leaf litter breakdown and primary production are of particular
concern because these functions represent the main energy sources for local and downstream

19



- CHAPTER 2 -

freshwater food webs (Wallace et al., 1997, Webster, 2007). While microbial decomposers and
invertebrate detritivores degrade and shred leaf material, respectively (.e. leaf litter breakdown;
Graca, 2001, Hieber and Gessner, 2002), algae and macrophytes are the main groups responsible
for the conversion of sunlight into biomass via photosynthesis.

Recent reviews mainly focused on heavy metal (Fleeger et al., 2003) or pesticide (Brock et al.,
2000b, Brock et al., 2000a, Van Wijngaarden et al., 2005) effects on community structure whereas
ecotoxicological effects on ecosystem functions in lotic and lentic ecosystems have been largely
ignored — with two exceptions: while Brock et al. (2000a) exclusively discussed herbicide effects on
ecosystem functions, the review of De Lorenzo et al. (2001) was restricted to effects of pesticides
on microorganisms, only considering the functions of community respiration and net primary
production. In the present study effects of toxicants on three fundamental ecosystem functions
(.e. leaf litter breakdown, primary production and community respiration) are considered.
Thereby, we aimed at identifying effect thresholds based on the relationship between ecosystem
functions and standardized concentration-effect relationships. In this context, the second aim was
to examine whether effects of organic toxicants on functional endpoints occur below thresholds of
the UP. Finally, given that macroinvertebrates belong to the most sensitive group of organisms
with regard to organic toxicants (Schéfer et al., 2011b), we hypothesized that ecosystem functions
involving invertebrates (e.g. leaf litter breakdown) are more sensitive than those that do not (e.g.
primary production or microbial respiration).

2.3 MATERIAL AND METHODS

2.3.1 LITERATURE SELECTION

The databases “Web of Knowledge” and “Pubmed” were searched for publications on the effects of
toxicants on three ecosystem functions, i.e. leaf litter breakdown, primary production and
community respiration. The search was limited to articles published between January 1980 and
March 2012. The databases were queried by combining different terms for freshwater ecosystems
(freshwater* OR stream* OR river* OR pond* OR lake*) supplemented by terms specifying the
toxicants (chemical* OR contaminant* OR pollutant* OR toxicant* OR pesticide* OR heavy
metal* OR metal* OR fungicide* OR herbicide* OR insecticide*) and ecosystem functions
(ecosystem function* OR primary product* OR respiration* OR leaf litter breakdown OR
decomposition*) of interest. Moreover, the reference lists of identified articles were inspected for
further literature. Given that our review focuses on lotic and lentic freshwater systems,
publications regarding the influence of toxicants on ecosystem functions in the marine system,
marsh land, coastal waters or groundwater were excluded. Also, investigations on eutrophication
(10-fold higher nutrient load than the control) and acidification (pH < 5) were omitted irrespective
whether originating from human activities or natural processes because both conditions may lead
to dramatic changes in the ecosystems (Jiittner et al., 2010; Ormerod and Durance, 2009) and
would be indistinguishable from toxicant effects. Finally, in situations where multiple studies
relied on the same raw data, only the study providing the most complete required information
(chapter 2.3.2 Minimum effect size) was considered. An overview of all reviewed and excluded
studies is given in the Supplementary data (Table A.1, A.2 in App. A).

2.3.2 MINIMUM EFFECT SIZE

The identified studies were grouped regarding the investigated toxicant: (1) heavy metals, (2)
organic toxicants, and (3) miscellaneous (i.e. sodium hypochloride, and a mixture of cadmium and
phenanthrene). The latter group comprised only two studies and was thus not considered in
further analyses. The group of organic toxicants was further subdivided into fungicides,
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insecticides, herbicides, pharmaceuticals, pesticide mixtures and others (i.e. phenolic compounds
and polycyclic aromatic hydrocarbons; App. A, Tab. A.1). To derive a suitable effect concentration
(EC) (in pg/L), we first determined the relative mean standard deviation (RMSD) for reference
sites/control treatments for studies on the most frequently assessed ecosystem function (leaf litter
breakdown). This was calculated as approximately 12%. To discriminate true effects from noise in
terms of RMSD while retaining sensitivity to detect effects, the effect size considered for this
review was set to > 20%, which did not result in a bias against studies with brief or episodic
exposures (cf. App. A, Tab. A.3). Therefore, the EC causing a reduction of > 20 % in an endpoint
related to an ecosystem function was selected as basis for all further analyses. From each study
only one effect on functional endpoints per observation was extracted, i.e. once the minimum
effect size was reached or exceeded. For studies on leaf litter breakdown, the effect size referred to
breakdown rates or mass loss as endpoints, whereas for (gross) primary production it referred to
the amount of fixed carbon, as well as oxygen production. For community respiration the amount
of carbon consumed or oxygen produced was used as endpoint. Studies only reporting dissolved
oxygen (DO) were excluded, since net DO can originate from multiple sources, such as aquatic
plants and the ambient atmosphere, simultaneously. Additionally, five studies reporting
hormesis-like effects (Calabrese and Baldwin, 1998) were omitted, since our review focused on
adverse effects and an increase in one endpoint does not necessarily indicate improved ecological
health (Kefford et al., 2008) or may be an indirect effect of a non-measured adverse effect
(Preston, 2002).

2.3.3 EXPLANATORY VARIABLES

Beside TU and a dummy variable coding the group of toxicants (i.e. heavy metals, organic
toxicants, miscellaneous), five additional variables (I-V) were included to explain the variability
in the functional endpoints. First, each observation derived from an included study was
categorized with respect to the (I) group of organisms that provides the according ecosystem
function: (a) microbial decomposer community (i.e. bacteria and fungi), (b) decomposer-detritivore
community (.e. macroinvertebrates and microorganisms), and (c¢) aquatic plants G.e.
phytoplankton, macrophytes, etc.). We followed the definitions of communities as described in the
original studies. Note that for leaf decomposition, the communities are defined based on litter bag
mesh size, which can differ between studies (Pye et al., 2012). Second, the observations were
classified according to (II) ecosystem type — (a) lotic and (b) lentic — and to (III) study system: (a)
field, (b) semi-field studies (i.e. mesocosm, artificial streams, etc.), and (c) laboratory (.e.
microcosm experiments). We note that except for field studies, rather community than ecosystem
functions are measured. However, to enhance readability the term ecosystem function is used for
all studies. Moreover, the (IV) exposure scenario, either (a) episodic or (b) chronic, was included
as explanatory factor. Episodic exposure refers to single applications of toxicants in laboratory
studies or individual run-off events in field studies. The included studies did not feature multiple
exposure scenarios. Chronic exposure refers to relatively constant concentration of toxicants
under laboratory or field (e.g. mine waste water) conditions (App. A, Tab. A.1). Finally, the
exposure time (V) was determined as continuous variable (in days), i.e. the period until the
minimum effect size of 20% was reached or exceeded (App. A, Tab. A.1).

2.3.4 CALCULATION OF TOXIC UNITS

Comparing the effects from different toxicants requires a benchmark. Ideally, this would be
related to the ecosystem function under scrutiny, for example EC(x) values of the different
toxicants for the ecosystem function that were produced under standard laboratory conditions.
Since such data are not available, we reverted to ecotoxicological standard test organisms to
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compare the toxic effects from different stressors. This procedure was successfully employed in
recent studies on ecotoxicological effects on ecosystem functions (Rasmussen et al., 2012, Schéfer
et al., 2012b). We note that this only serves the purpose to establish a basis for comparison of
different toxicants but is by no means intended to suggest that these organisms would play a
crucial role in the respective function. 1. magna was selected as standard test organism for
ecosystem functions provided by invertebrates. P. subcapitata was selected for ecosystem
functions performed by aquatic plants or microorganisms, because only very few EC50 values for
e.g. fungi were available (cf. Rasmussen et al., 2012; Schifer et al., 2011a). However, if the
required information was not available for P. subcapitata (see below) other algae species (e.g.
Raphidocelis subcapitata) were selected. This was the case for ten toxicants (App. A, Tab. A.4).
The logarithmic sum of toxic units (log TU) was calculated as follows:

n c

logTU=log (D) ——)
Zl EC50,

where c represents the concentration (ug/L) of each toxicant i, EC50; is the median effect
concentration of the respective toxicant i from standard laboratory toxicity tests and n gives the
number of toxicants that caused a > 20 % reduction in the respective ecosystem function. EC50
values were taken from the ECOTOX (USEPA, 2012), Pesticide Properties (FOOTPRINT, 2011)
and/or Veterinary Substances (VSDB, 2011) databases (App. A, Tab. A.4). An exposure time of 48
hours was selected or the nearest exposure time for toxicants where no data for 48-h was
available (App. A, Tab. A.4). Furthermore, when more than one EC50-value was available the
arithmetic mean was calculated. Since the first tier of the UP for pesticide authorization employ
D. magna and algae as benchmark organisms, our TUs for pesticides are directly comparable to
this regulatory threshold of 0.01 and 0.1, respectively (EEC, 1991). Moreover, we adopted the TU
of 0.1 for microbial biota. A corresponding threshold does not exist for heavy metals, though
environmental quality standards (EQS) have been established. These EQS consider important
determinants of metal toxicity in a site such as the chemical speciation of metals, their
bioavailability and the background concentration of metals (cf. Bass et al., 2008; EC, 2000). In
addition, EQS integrate different protection goals and rely on toxicity data from different trophic
levels, which further decreases their suitability as benchmark for the risks from different
compounds regarding one endpoint. Hence, the results for metals are only described and not
related to regulatory thresholds.

2.3.5 DATA ANALYSIS

Data analysis was performed separately for each ecosystem function, with its percentage
reduction as relative response variable and including the explanatory variables outlined in
chapter Explanatory variables. These variables were log- or double square-root transformed in
case of strong deviation from the normal distribution, which was evaluated based on visual
inspection. Linear models were established for each ecosystem function. We conducted automatic
stepwise model building, starting with the null model or a reduced model containing one variable
expected to be relevant and defining the null model (no explanatory variable included) as lower
and the full model (all explanatory variables included) as upper limit. The statistical procedure
was backward and forward entering of variables with Bayesian Information Criterion (BIC) as
stepwise model selection criterion (Schwarz, 1978). Model checking included homogeneity of
variance as well as normal distribution of model residuals and identification of influential
observations using residual-leverage plots and Cook's distances. Observations more than + 2
standard deviations from the mean and/or a Cook's distance > 0.5 were omitted and the model
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was refitted. All calculations and graphics were done in R 2.15.2 (R Development Core Team,
2012) and the R script is available in Supplementary data (Script.R).

2.4 RESULTS AND DISCUSSION

2.4.1 OVERVIEW ON STUDIES AND OBSERVED EFFECTS

A total of 122 studies on the effects of toxicants on ecosystem functions in lotic and lentic systems
were found. Out of these, 76 studies were not considered, as they did not meet our selection
criteria, e.g. no effect size was extractable, effects were found under acidic or elevated nutrient
conditions or no control treatment was available (App. A, Tab. A.2). Therefore, this review focuses
on 46 studies with a total of 75 observations. With 48 observations, the majority of studies were
related to toxicant effects on leaf litter breakdown. Reductions in this ecosystem function may be
attributed to a decline in feeding activity and/or mobility of macroinvertebrates, as suggested by
Forrow and Maltby (2000) and Rasmussen et al. (2008). Although primary production is also an
important energy source for freshwater ecosystems, studies on potential adverse effects of
toxicants on this ecosystem function are rare (14 observations). The same holds for community
respiration with 13 observations. The highest reduction in leaf litter breakdown (84%) and
microbial community respiration (44%) was caused by heavy metal exposure originating from
copper (Sridhar et al., 2001) and gold mining (Medeiros et al., 2008), respectively. An insecticide
(bifenthrin) caused the highest reduction in primary production (75%; Hoagland et al., 1993). This
effect may be explained by the high direct toxicity of this particular substance towards algae (Lal,
1984).

As mentioned above, D. magna was selected as standard test organism for invertebrate-related
ecosystem functions and P. subcapitata was selected for ecosystem functions related to aquatic
plants and microorganisms. The studies reporting effects for heavy metals spanned a logTU range
of -3.6 to 4.6 (Figure 2.1a), whereas organic toxicants showed effects at a logTU range of -5.2 to
2.3 (Figure 2.1b). Since for both organic toxicants and heavy metals acute toxic effects on the most
sensitive species can be approximated to occur up to 100-fold below effects on D. magna (Von der
Ohe and Liess, 2004), which corresponds to a logTU of -2, we expected a similar effect ranges in
invertebrate mediated ecosystem functions for both toxicant groups. For pesticides two
observations described reductions in leaf litter breakdown (20% and 57%) below a logTU of -2 (i.e.
-2.7 and -2.11, respectively). Similarly, one observation for heavy metals (64% at a logTU of -3.6)
described effects below a logTU of -2. For community respiration, four observations showed effects
of heavy metals (23% to 29%) at logTUs of -3.3 to -2.7. Thus, despite metal toxicity in the field
being strongly influenced by various factors such as bioavailability and speciation, metals can
generally impact ecosystem functions at similarly low trace levels as organic toxicants.

For pesticides, more than one third (12 observations) of 30 observations indicated reductions in
one of the ecosystem functions at TUs below the UP thresholds. Of these, two observations
indicated effects up to 5 times below the threshold of 0.01, and 10 indicated effects up to 17,000
times below the threshold of 0.1 (Figure 2.1b).

Our findings suggest that the three ecosystem functions considered can be adversely
affected by pesticides at concentrations up to 1000-fold below TUs of 0.01 and 0.1 for D. magna
and P. subcapitata, respectively. This is in agreement with a previous meta-analysis that
reported effects on the macroinvertebrate community structure at a similar TU range (Schifer et
al., 2012b). However, since community data were not available for the majority of studies covered
in the present review, we could not assess whether functional effects below the UP thresholds
were associated with effects on structural endpoints. Hence, for pesticides it remains open,
whether a protective threshold for structural endpoints would also be protective for functional
endpoints. Otherwise, ecosystem functions should be considered in risk assessment.
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% reduction to control

% reduction to control

Fig. 2.1 a) Reductions in leaf litter breakdown (filled dots), primary production (asterisk) and
community respiration (triangle) in % relative to the control depending on the logTU (based on
D. magna as standard test organism for invertebrate-related ecosystem functions and P.
subcapitata for ecosystem functions related to aquatic plants and microorganisms) for heavy
metals (40 observations). b) Reductions in leaf litter breakdown (filled dots), primary production
(asterisk) and community respiration (triangle) in % relative to the control depending on the
logTU for organic toxicants (33 observations). The applied UP thresholds of 0.01 (dotted line) and
0.1 (solid line) refer to ecosystem functions provided by invertebrates and microorganisms or
aquatic plants, respectively. Grey sampling points indicate organic substances that are no
pesticides.
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2.4.2 RELATIONSHIP BETWEEN STANDARDIZED CONCENTRA-
TIONS AND EFFECTS ON ECOSYSTEM FUNCTIONS

No concentration-effect relationship could be derived for the three ecosystem functions because
the TUs exhibited no explanatory power for the investigated endpoints (linear model for TU and
respective ecosystem function: leaf litter breakdown: r2=0.04, p=0.2; community respiration:
r2<0.01, p=0.8; primary production: r2=0.05, p=0.44). Consequently, it was not possible to
establish a statistical model, which could serve the purpose to derive an effect threshold and
subsequently to compare the sensitivity of ecosystem functions. Though effects below 20% were
not considered, we expected an increasing effect with an increase in TU. With respect to organic
toxicants, this general trend was indicated: Only 2 of 10 observations showed effects > 50% for a
TU < 0.01, whereas 11 of 23 observations showed effects > 50% for a TU > 0.01 (Fig. 2.1b). No
such tendencies were found for heavy metals (Fig. 2.1a). Two main reasons may explain these
results: First, the TU approach used here may have been an unsuitable indicator of ecotoxicity
hampering the establishment of a relationship with ecosystem functions. For example, the
selected standard test organisms might not be an appropriate benchmark for ecosystem functions
(chapter Calculation of toxic units). Second, two substances with the same EC50 may exhibit
substantially different slopes with regard to their concentration-effect relationship. Hence, the
same nominal TU for two substances may result in distinctly variable effects on organisms, which
in turn increases the variation in the relationship between TU and the functional endpoints
reviewed in the present study. However, the applied TU approach lead only to minor variation in
previous studies e.g. (Liess et al., 2008; Rasmussen et al. 2012; Schéfer et al., 2012b) and two
further studies found a strong relationship between TU and ecosystem functions for organic
toxicants (Rasmussen et al., 2012; Schéfer et al., 2012b). Moreover, differences in the slopes of
concentration-effect relationships should only lead to higher variability but not to biasing complex
mixtures, since under- and overestimation would cancel out. We therefore argue that primarily
the high variability in biotic and abiotic factors among studies hampered the derivation of a
concentration-effect relationship.

With respect to biotic factors, differently composed communities provided the ecosystem
functions in each of the studies considered in the present review. Beketov et al. (2008) have
shown that such structural differences may influence the sensitivity to toxicants. Moreover,
effects from the same exposure concentration on ecosystem functions may vary due to differences
in the ability of communities to compensate for toxicant-induced species loss (Cadotte et al.,
2011). Finally, the exposure times of the included studies ranged from 1.5 hours to 385 days and
given that the sampling was conducted episodically and not continuous, it is very likely that most
studies did not measure the largest effect. In other studies partial recovery at the time of
sampling may have lead to lower reported effect sizes.

Abiotic factors can also cause high variability in toxicant effects on ecosystem functions.
Several studies demonstrated that differences in physicochemical parameters such as pH and
temperature can strongly affect bioavailability of toxicants and subsequent effects (e.g. Kashian
et al., 2004; Franklin et al., 2000; Fisher, 1991; Lydy et al., 1990). For example, Franklin et al.
(2000) found a decline in copper toxicity to green algae with decreasing pH, while Fisher (1991)
observed the opposite tendency for pentachlorophenol effects on midge larvae. Furthermore, Lydy
et al. (1990) have shown increasing parathion toxicity for midge larvae with raising temperature.
Finally, a recent study argued that the abiotic conditions may lead to 1-2 orders of magnitude
differences in the sensitivity to toxicants (Liess and Beketov, 2011). Overall, we suggest that
differences in the abiotic conditions, biological systems and experimental design among the
reviewed studies impede the derivation of a joint concentration-effect relationship and do not
allow for a systematic risk assessment.
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2.4.3 EXPLAINED VARIABILITY IN ECOSYSTEM FUNCTIONS

The decomposer-detritivore community explained 21% of the variability in leaf litter breakdown
among studies (r2=0.21, F=12.23, p < 0.01, BIC = 245.4). The effect was greater when invertebrate
detritivores were involved (mean reduction of 58%) than when microorganisms decomposed the
organic material alone (mean reduction of 44%). The more pronounced effect in invertebrate
mediated leaf decomposition may be attributed to a decline in the functional ability of detritivores
(Cadotte et al., 2011; Schifer et al., 2012b), which play a dominant role in leaf litter breakdown
(Peterson and Cummins, 1974; Iversen et al., 1982; Wallace et al., 1982). Detritivores have longer
reproduction cycles than microorganisms, which increases the time until recovery. In addition,
due to their faster reproduction microorganisms may have acquired a greater tolerance to
toxicants (Blanck and Wangberg, 1988). Finally, microorganisms can be assumed to possess
greater functional redundancy compared to detritivore communities (Cadotte et al., 2011).

The automatic model building for community respiration and primary production suggested only
the inclusion of the type of ecosystem (lotic or lentic) in the final model (community respiration:
r2=0.18, F=2.47, p = 0.14, BIC = 55.1; primary production: r2=0.18, F=2.58, p=0.13, BIC=85.4). For
community respiration the effect was greater in lotic (mean=38%) than in lentic (mean=31%)
study systems, whereas primary production showed the opposite tendency (lotic mean=13%, lentic
mean=30%). Neither exposure time (community respiration: n=13, p=0.23; primary production:
n=14, p=0.73) nor the log TU (community respiration: n=13, p=0.38; primary production: n=14,
p=0.62) were significantly different between the ecosystem types for the respective functional
endpoints and can therefore not explaining the differences. The results for community respiration
are in agreement with a comparison of the sensitivity of organisms in lentic and lotic freshwater
ecosystems in the United Kingdom, which indicated a higher sensitivity of lotic organisms (Biggs
et al., 2007).

Nevertheless, the variable ecosystem type exhibited no statistical significance (community
respiration: p=0.14, primary production: p=0.13) and the null model exhibited only negligibly
higher BIC values (community respiration: null model BIC: 55.2 vs. final model BIC: 55.1,
primary production: null model BIC: 85.5 vs. final model BIC: 85.4). Hence, these results should
be interpreted with caution and may only represent a statistical artifact or be driven by
experimental differences between the conditions in the lotic and lentic studies.

2.5 CONCLUSIONS

A safety factor of 100 or 10 of the EC50 for D. magna or P. subcapitata, respectively, may not be
sufficient for pesticides to protect functional endpoints. Since neither estimated toxicity nor other
experimental conditions explained variability in the ecosystem functions in our study, working
towards method standardization is required if ecosystem functions are to be considered as
protection goal in chemical risk assessment. However, it remains open whether protection of
structure would also protect function and consequently whether consideration in risk assessment
1s required.
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3.1 ABSTRACT

Streams provide ecosystem services to humans that depend on ecosystem functions, such as
organic matter breakdown (OMB). OMB can be affected by land use-related disturbance. We
measured OMB in 29 low-order streams in a region of contrasting land use in south-west
Germany to quantify land use effects on OMB. We deployed fine and coarse mesh leaf bags in
streams of forest, agricultural, vinicultural and urban catchments to determine the microbial and
invertebrate-mediated OMB, respectively. Furthermore, we monitored physicochemical,
geographical and habitat parameters to explain potential differences in OMB among land use
types and sites. Only microbial OMB differed between land use types. Microbial OMB was
negatively correlated with pH and invertebrate-mediated OMB was positively correlated with
tree cover. Generally, OMB responded to stressor gradients rather than directly to land use.
Therefore, the monitoring of specific stressors may be more relevant than land use to detect
effects on ecosystem functions, and to extrapolate effects on functions, e.g. in the context of
assessing ecosystem services.

3.2 INTRODUCTION

Freshwater ecosystems provide central ecosystem services to humans (Palmer et al., 2004), such
as clean drinking water or food (e.g. fishery products: MEA, 2005). Human activities in river
basins can seriously impair streams through reach and catchment-wide influences that may
result in large scale alterations in stream ecosystem functions (Allan et al., 1997). Ecosystem
functions such as primary production and organic matter breakdown (OMB) are pivotal for
ecosystem services. OMB represents the most important energy source in terms of organic carbon
in the first ten kilometers from the stream source, especially in forested headwaters (Wallace et
al., 1997). After the input of organic matter from the riparian vegetation the benthic stream
community (i.e. microbial decomposers and invertebrate detritivores) colonize, degrade and then
shred the leaf material which provides energy for local and downstream food webs (Webster et al.,
1999). This fundamental ecosystem function is impacted by the individual and joint occurrence of
stressors such as pollution, anthropogenic nutrient enrichment and hydromorphological changes
(e.g. Allan and Castillo, 2007; Paul et al., 2006, Aristi et al., 2012; Piggott et al., 2012).

According to the Millennium Ecosystem Assessment (MEA, 2005), anthropogenic land use
1s an important stressor for freshwater ecosystems. For instance, in the course of agricultural
intensification the riparian vegetation has been increasingly logged, resulting in erosion, reduced
input of coarse organic matter and consequently a reduction of available energy (Campbell et al.,
1992). Furthermore, several studies reported land use effects on the benthic stream community
(e.g. Delong and Brusven, 1998; Urban et al., 2006) or large-scale effects on OMB (e.g. Woodward
et al., 2012), though the effects of land use on OMB were often contrasting. As an example for
agricultural land use effects, Magbanua et al. (2010) found no significant differences in OMB
between conventional, integrated and organic farming, while Piscart et al. (2009) observed a
decrease in the OMB rate with increasing agricultural intensity. Similarly, inconsistent results
were reported for effects of urbanization (cf. Sponseller and Benfield, 2001 vs. Pascoal et al.,
2005). These differences between studies could originate from variable associations of stressors
with specific land use types as well as from variable responses to stressors. Moreover, most of the
previous studies were conducted on a local scale (i.e. < 5 streams per land use type), considered
only one land use type and investigated effects during spring, while the peak of litter fall in
regions dominated by deciduous trees occurs in autumn. The local approach, i.e. strong influence
of particular environmental variables in a specific catchment, as well as the relatively small
sample size (total n < 10 in most studies) could further explain the inconsistent effects and high
variability between the studies. Based on these findings, it is difficult to extrapolate land use
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effects to larger spatial scales, for example to determine losses of ecosystem functions and
services, which has been done on several occasions in ecosystem service assessment (Maes et al.,
2012). Extrapolation would require the establishment of a link between land use and ecosystem
function on the respective scale, also considering that anthropogenic stressors operate over
multiple spatial scales (Allan, 2004). Moreover, regulatory frameworks such as the Water
Framework Directive require freshwater management from a catchment perspective, stipulating
regional scale studies that include an assessment of stream ecosystem functions (Vighi et al.,
2006).

In this study, we aimed to quantify the influence of multiple land use types (.e.
agriculture, viniculture, urbanization) on OMB at a regional scale (i.e. sampling sites located in
different catchments) during leaf-fall in autumn. In addition, we intended to identify
environmental factors that explain this influence. We hypothesized that OMB differed among
land use types and that OMB is higher in anthropogenically-influenced sites due to elevated
nutrient discharge.

3.3 MATERIAL AND METHODS

3.3.1 STUDY AREA AND SAMPLING SITES

The study area was located in the south-west of Germany, between the Palatinate forest nature
park in the North and West, the River Rhine in the East and the Vosges in the South (Figure B.1
in App. B). To quantify the effect of land use on the OMB, we selected sampling sites in each of
eight first-to-third-order streams in forested (F), agricultural (A) and vinicultural (V) areas and in
seven streams in urban (U) areas. F sites were considered as relatively pristine, whereas A, V and
U sites were considered as subject to different anthropogenic stressors. All streams originated in
the Palatinate forest nature park, except for two agricultural streams (cf. App. B, Fig. B.1), and
were mainly small, fine substrate-dominated siliceous highland streams. Thus, geology and
climate were very similar for the streams and their upstream catchments were relatively pristine.
Sampling sites of A, V and U were located within a distance of five km from the edge of the nature
park and selected to mainly represent the respective land use type. In addition, the sites were
located upstream from drainages or discharges. U sites were chosen downstream from
settlements with at least 2500 inhabitants, but upstream from wastewater treatment plants to
avoid variability originating from differences in chemical input. The settlements were rather
small (between 2500 and 10000 inhabitants) but categorized as urban because the streams were
hydromorphologically modified (streambed was channelized). Each site was located in a different
catchment and in a different stream, except for three forested sites that were in the same
catchment or stream as two urban and one vinicultural site (App. B, Fig. B.1). Given that most
streams originated in the Nature Park, the land cover in the stream catchments was mainly
forest. Therefore, we based our site selection on the land use within a 100-m wide buffer zone of 3
km length upstream of each sampling site. This buffer zone was selected based on a recent study
that found a similar or a slightly stronger ecological response to riparian (buffer zone 100-m wide)
compared to catchment-scale land use (Feld, 2013). We assessed land use employing Corine Land
Cover (CLC) maps (Biittner and Kosztra, 2007) and created buffers using a geographical
information system (QGIS Development Team, 2014). We assigned each site the dominant land
use type (> 50% areal cover) within each buffer zone. The assigned land use categories were
confirmed during site visits. Overall, we suggest that our site selection process guaranteed that
potential effects can be attributed to the selected land use type. Two sites had to be omitted due
to drying out (one vinicultural stream) and vandalism (one urban site).
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3.3.2 LEAF DEPLOYMENT AND CALCULATION OF BREAKDOWN
RATES

The study was conducted in autumn 2012 from September to October. Approximately 3 + 0.07 g of
oven — dried (60°C for 24-h) black alder leaves (Alnus glutinosa — collected from a locally common
riparian tree species) were placed into coarse polyethylene mesh bags (mesh size: 8mm, bag size:
20 x 20 cm) accessible to microbial decomposers and invertebrate detritivores and into fine
cylindrical nylon bags (mesh size: 250pm, cylinder length: 15cm) accessible only to microbial
decomposers. Five replicates of each bag type were deployed in each sampling site. Leaf bags were
fixed a few centimeters above the stream bottom. After 21 days the leaf bags were recovered from
the streams, remaining leaf material was carefully removed from the bags, rinsed to remove
mineral particles, oven dried at 60°C (24h), reweighed and averaged for each type of bags (i.e.
coarse and fine) for every site. To correct for handling loss, five replicates of each bag type were
treated the same way as the others but returned to the laboratory immediately after brief
immersion in the stream. To correct for leaching loss the same amount of bags were retrieved
after a 24-h stream deployment.

Furthermore, the water temperature was recorded hourly with Synotech HOBO®©
temperature/data loggers 64K (Hiickelhoven, Germany). This allowed us to calculate the sum of
degree days (ddays?) for the deployment period of leaves, which was used to standardize the
breakdown rate for temperature. The breakdown rate k& in a site 7 was calculated based on the
exponential mass loss per ddays (dd):

(5

0
:i T;(j)

1

%]

J

where Sis the mass as a function of deployment time # (in days) and 77is the mean temperature
for a day j. Si(¢) of leaves in fine and coarse mesh bags was corrected for handling and leaching
losses. Moreover, Si(t) of leaves in coarse mesh bags was corrected for microbial breakdown to
determine the contribution of invertebrates to breakdown (for details see: Benfield, 2007). Finally,
we calculated the proportion (in percentage) of invertebrate-mediated OMB (OMBmaco) and
microbial OMB (OMBmicro) of total OMB to assess the respective contribution to OMB.

3.3.3 ENVIRONMENTAL VARIABLES

To identify the environmental variables that could explain the influence of the selected land use
types, we measured the following physicochemical parameters: water temperature, pH, oxygen,
electrical conductivity (EC), flow velocity and nutrient concentration (nitrate, nitrite, ammonium,
phosphate) by on-site analysis with Macherey-Nagel visocolor® (Diiren, Germany) kits. Following
a protocol of the EPA (2003), three defined geographical parameters were monitored within a 50-
m stream section at each sampling site: mean percent of shading, width of riparian zone in
meters (mean of left and right bank) and percent tree cover within the riparian zone (left and
right bank maximum). Furthermore, the area of the upstream catchment of each sampling site
was calculated using QGIS 2.6.1 (QGIS Development team, 2014). Moreover, we visually recorded
stream substrates and microhabitats in the 50-m reach of each sampling site, as detailed in the
AQEM/STAR protocol (AQEM, 2002). All measured environmental variables (n = 29) are listed in
Table 3.1.
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3.3.4 STATISTICAL ANALYSIS

Before analysis, explanatory variables were log- or double square-root transformed in case of
strong skewness, which was evaluated based on visual inspection. We examined differences
among land use types in each environmental variable and the breakdown rates by parametric
ANOVA with F-test in case of homogeneity of variance and normal distribution, followed by
Tukey post-hoc test for pairwise differences. Otherwise the non-parametric Kruskal-Wallis test
was used followed by Wilcoxon rank sum test. Multiple testing was corrected using Holm
correction (Holm, 1979). To visualize how relevant environmental variables (i.e. those variables
that significantly differed among land use types after pairwise testing) contributed to variation
among the different land use types, we conducted a Principal Component Analysis (PCA) after
centering the data to mean and scaling to unit variance (Legendre and Legendre, 2012).
Regarding the relationship between environmental variables and OMB, we first checked for
collinearity and omitted EC (because it strongly correlated with pH (0.74), oxygen (r = -0.73), and
nitrate (r = 0.79)); stream width and submerse macrophytes (because of strong correlation with
catchment area (r = 0.94 and 0.74, respectively)). Furthermore, we omitted temperature as the
breakdown rates were already standardized for temperature in terms of degree days. Afterwards,
we separately conducted manual linear model building to identify variables with highest
explanatory power for invertebrate-mediated or microbial OMB. We started with several models
each containing a set of explanatory variables and used backward model selection, i.e. eliminated
non-significant explanatory variables (t-test for regression coefficient). Additionally, we conducted
automatic model building with significant variables from the manual model, with the Bayesian
Information Criterion (BIC) as stepwise model selection criterion (Schwarz, 1978). Model
checking included homogeneity of variance as well as normal distribution of model residuals and
identification of influential observations using residual-leverage plots and Cook’s distances.
Observations exhibiting a Cook’s distance > 0.5 were omitted and the model was refitted. The
relative importance of individual variables in the best-fit model was examined with hierarchical
partitioning (Chevan and Sutherland, 1991). All calculations and graphics were done using R
3.1.2 (R Development Core Team, 2014).

3.4. RESULTS

3.4.1 ORGANIC MATTER BREAKDOWN AND LAND USE

Even though pairwise post-hoc tests revealed no significant differences in microbial breakdown
rates among land use types, the analysis of variance was significant (Kruskal Wallis: x2= 8.2, df =
3, p = 0.04; Fig. 3.1a). OMBmicro was 25 % lower in F sites compared to U sites. Moreover, it was
approximately 20 % and 25 % lower in V and A sites compared to F sites, respectively.

By contrast, OMBumaco did not differ significantly among land use types (Kruskal Wallis: x2
=0.05, df = 3, p = 0.99; Fig. 3.1b), though it was lower in F sites (e.g. up to 40% lower compared to
U sites).

From the significant variables from the manual models, automatic model building
identified pH and percent tree cover as governing OMBmiwo and OMBmaco, respectively. pH
explained 39 % of the variability (df = 24, p < 0.0001) in the OMBumicro and exhibited a negative
relationship, i.e. the microbial breakdown rate decreased with increasing pH.

Percent tree cover explained 22 % of the variability in OMBmacro (df = 26, p = 0.01) and the
breakdown rate responded positively to an increase in percent tree cover.

Regarding OMB, invertebrates contributed on average as much as microorganisms (i.e. 53 % and
47 %, respectively).
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3.4.2 ENVIRONMENTAL VARIABLES AND LAND USE

The parametric ANOVA and/or Kruskal-Wallis test identified 16 out of 29 environmental
variables as significantly different among land use types (see Tab. 3.1 for details on pairwise
differences). The first two principal components explained 64% of total variation in the selected
environmental variables (Fig. 3.2). The first component separated urban and forested sites from
agricultural and vinicultural sites, whereas the second axis primarily separated urban and
forested sites. Urban sites typically had larger catchments, wider streams, higher flow velocities
and nutrient enrichment, especially in nitrite (and phosphate, not displayed; cf. Tab. 3.1). Sites of
forested streams showed higher concentration of oxygen and woody debris (xylal) and wider
riparian zones. By contrast, agricultural and vinicultural sites showed the highest pH and EC,
highest nutrient enrichment as well as the largest amount of organic mud. Moreover, A and V
sites exhibited significantly narrower riparian zones compared to forested sites (p < 0.05, cf. Tab.
3.1), but a similar cover with riparian trees along the bank (Kruskal Wallis: x2=5.9, df = 3, p =
0.12, cf. Tab. 3.1).
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Figure 3.1: Boxplots of a) microbial breakdown rates and b)
invertebrate-mediated breakdown rates of alder leaves among land use
types (study period: 21 days, total n = 29).
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Figure 3.2: Principal component analysis (PCA) biplot for 12 environmental variables that differed
significantly among land use types. Variables are plotted as arrows that point in the direction of
their maximal variation and the lengths are proportional to their maximal rate of change. The
closer the arrows to each other the higher their correlation, and the smaller the Euclidean distance
among sampling sites (cf. key) the more similar they are regarding variables (Ramette, 2007).

3.5. DISCUSSION

3.5.1 ORGANIC MATTER BREAKDOWN AND LAND USE

Microbial OMB was significantly affected by land use, whereas OMBmacro exhibited no significant
effects. The best-fit linear model identified pH as the main influence of OMBnmicro. In the context of
pH as a stressor, most studies investigated the effects of acidification on OMB and found, for
instance, a positive relationship between OMBmico and pH (range 4.7 — 7.1; e.g. Dangles and
Chauvet, 2003). In our study, the pH values were higher and the gradient relatively short (range
7.0 — 8.3). For a similar pH range (6.5 — 8.2), an increasingly alkaline pH reduced the diversity
and density of the fungal community (Casas and Descals, 1997). This may explain the reduced
OMBnicro at higher pH in our study as fungi are mainly responsible for OMBmicro (Hieber and
Gessner, 2002). However, a large-scale study on the effects of nutrients on OMB demonstrated
that nutrients and OMB can exhibit a hump-shaped relationship and reduce OMBmicro for alder
leafs when nutrient concentrations exceed approximately 10 mg/L (Woodward et al., 2012).
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Indeed, we observed a statistically significantly lower OMBmiao for sites with nitrate
concentrations exceeding 10 mg/L (p = 0.002, Welch two sample t-test, App. B, Fig. B.2).
Nevertheless, in contrast to Woodward et al. (2012), OMBumaco did not decrease when nitrate
concentrations exceeded 10 mg/L (p = 0.69, Welch two sample t-test, App. B, Fig. B.3). Moreover,
additional stressors such as sedimentation (Niyogi et al., 2003) and toxic agrochemicals
(Rasmussen et al.,, 2012), which can be collinear with pH (Schéfer et al., 2007), may have
contributed to a reduction in OMBuico. Although these stressors were not measured, previous
studies in streams of our sampling region reported fungicide concentrations (e.g. Bereswill et al.,
2012, Fernandez et al., 2014) that can affect microorganisms (Dijksterhuis et al., 2011). To sum
up, a multiple stressor complex including pH, nutrients, sedimentation and toxic agrochemicals
may have influenced the response of OMBmicro (Bérlocher, 1992). This interpretation is consistent
with the highest OMBumicro 0ccurring in urban sites (Fig. 3.1a), where (a) pH was lower than in A
and V sites, (b) sedimentation and toxic agrochemicals can be considered minor given the small
size of the settlements and (c) nitrate concentrations were below 10 mg/L. Thus, nutrients may
have stimulated OMBnmicro in urban sites, which is in line with Pascoal et al. (2005). Overall, a
more mechanistic study would be required to confirm our interpretation.

Concerning OMBmacro, percent tree cover exhibited a positive relationship. This may be
explained by several factors including (a) an increased supply of allochthonous organic matter
(i.e., woody debris and leaves) that lead to an increase of shredder density and (b) a reduction in
the input of other stressors such as sediments or toxic agrochemicals through riparian cover. As
mentioned above, our hypothesis of higher OMB due to nutrient enrichment has to be rejected for
invertebrates. Hence, our study highlights that the interactions of different variables influencing
OMB can complicate the detection of clear relationships with individual stressors such as
nutrients, especially considering that land use is typically associated with multiple stressors.

OMBuacro contributed slightly more than half to the total OMB, which is in agreement
with a study attributing at least 50% of total OMB to invertebrates (Hieber and Gessner, 2002).
OMB was influenced by gradients in environmental parameters (i.e. in our case, pH and percent
tree cover) which were only marginally related to land use. This suggests that the land use
categories are an unreliable predictor for potential effects on ecosystem functioning in streams of
our study. However, the high variability in OMB within land use categories may have hampered
the detection of land-use related differences in OMB on a regional scale. This high variability of
OMB may be attributed to a number of factors, such as differences (i) in the influence of co-
occurring multiple stressors (Aristi et al., 2012), (ii) in sediment loadings (Niyogi et al., 2003)
associated with the sandstone geology of all catchments and (iii) in the biomass or densities of
shredders (e.g. Hagen et al., 2006), which may have varied unrelated to land use across the
different stream catchments. Furthermore, Peru and Doledec (2010) found that up to a certain
level of contamination ecosystem functions can remain stable due to functional redundancy of
decomposers. Finally, the spatial proximity of all sampling sites to the nature park may have
resulted in the amelioration of land use effects, given that other studies demonstrated the
amelioration of effects from toxic agrochemicals for similar distances to undisturbed upstream
sections (Schafer et al., 2012).

In situations with more intense land use (e.g. larger urban area), differences in OMB
could be more pronounced when considering that intensive agriculture and urbanization can be
associated with distinct stressor profiles, e.g. with non-point and point contamination,
respectively. This might enable the detection of a tight link between land-use and ecosystem
functions. However, freshwater ecosystems are connected ecosystems where local alterations in
the network can propagate downstream. In our study, we intentionally selected a situation with
pristine upstream catchments to identify specific effects. For larger catchments with more intense
and mixed land use in the upstream catchments, the detection of a clear land use signal may also
be hampered.
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3.5.2 ENVIRONMENTAL VARIABLES AND LAND USE

The PCA confirmed that F sites in the natural park area were relatively unaffected by human
activities. These streams exhibited the widest riparian zones, a high flow velocity, the highest
amount of woody debris and the least amount of organic mud, all of which may have contributed
to the highest levels of oxygen in these sites. Regarding the environmental characteristics of the
three anthropogenic land use types, U sites were the least disturbed (cf. Fig. 3.2). The fact that
our U streams were relatively similar to the F streams may be attributed to (i) the selection of
sampling sites upstream from wastewater treatment plants or drainages that have been shown to
strongly influence the functional integrity of urban streams in other studies (Paul and Meyer,
2001), (ii) the small size of the settlements (2500 to 8000 inhabitants) and (iii) the spatial
proximity of U sites to the nature park that promotes recolonisation after disturbances
(Sundermann et al., 2011). However, U streams exhibited wider stream widths and higher flow
velocities than F streams due to larger catchments and presumably due to hydromorphological
changes. Moreover, U and F sites were separated through chemical pollution, i.e. nitrite and
phosphate were 26-times and 2.5-times higher in U than in F sites, respectively. Nutrient
enrichment, especially with nitrogen and phosphorus, has been well documented in urban and
agricultural streams (Pascoal et al., 2005; Paul et al., 2006) and contributed to high EC values,
which were also measured in A and in V sites. Furthermore, the reduction in stream flow in agri-
and vinicultural streams, together with other factors such as increased sediment input that
typically occurs in agricultural streams (Niyogi et al., 2003), may explain the elevated organic
mud and oxygen depletion in A and V sites (Carpenter et al., 1998). A and V streams also
exhibited the highest temperatures. Although the shading was similar among sites (cf. Tab. 3.1),
riparian zones of A and V sites were narrower. This may have resulted in higher solar radiation
and in turn higher temperatures (Webb et al., 2008) in A and V streams. Additionally, Poole and
Berman (2001) suggested anthropogenically alterations of the flow regime as a source of higher
water temperatures. This might also explain the higher temperatures in U sites compared to F
sites. Our results confirm that anthropogenic land use such as urbanization or agriculture leaves
a fingerprint in the physicochemistry as well as habitat structure.

3.5.3 REGIONAL LAND USE EFFECTS AND EXTRAPOLATION

The Millennium Ecosystem Assessment (MEA, 2005) and recent studies (e.g. Woodward, et al.,
2012) have called for a stronger integration of ecosystem functions and services into freshwater
management. OMB can be considered a holistic indicator for stream integrity that integrates
community and ecosystem-level processes (Gessner and Chauvet, 2002) and can be used
complementarily to structural endpoints. We gathered data on OMB of 26 catchments (in total
approximately 1,446 km2) and found that the variation in environmental variables and OMB
itself was too high (within as well as among land use categories) to establish a tight relationship
with land use on a regional scale. However, such a relationship would be required to allow for
extrapolation to other catchments or within the catchments. Thus, land use categories are
unsuitable to predict and quantify losses of ecosystem functions and services on regional or larger
scales, which is often done for terrestrial ecosystems in ecosystem service assessment (Maes et
al.,, 2012). Nevertheless, OMB responded to gradients of land use-related variables. Such
variables could enable extrapolation. However, the influence of individual environmental
variables often depends on the environmental context such as co-occurring stressors (Aristi et al.,
2012, Clements et al., 2012). This stresses the importance of understanding stressor interactions
before a successful extrapolation may be achieved. Finally, even if extrapolation or prediction of
effects on ecosystem functions could be achieved, the quantification of ecosystem service losses,
which has been called for (Boyd & Banzhaf 2007), may be difficult. This is because of the complex
interplay between ecosystem functions and services, where many services can depend on several
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ecosystem functions (Costanza et al., 1997). Thus, complementing current monitoring efforts by
measurements of ecosystem functions such as OMB and primary production (Woodward et al.,
2012), which provide energy to the freshwater ecosystem and are consequently pivotal for services

such as water purification, may be most promising as an endpoint of interest for human well-
being.
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4.1 ABSTRACT:

Anthropogenic stress has been identified as main driver of freshwater biodiversity loss. Adverse
effects on the biodiversity of freshwater organisms, such as macroinvertebrates, may propagate to
associated ecosystem functions, such as organic matter breakdown (OMB). In this context, the
functional diversity of communities has been suggested to be a more suitable predictor of changes
in ecosystem functions than taxonomic diversity. We sampled macroinvertebrates and
determined OMB using leaf bags along a stress gradient in 29 low-order streams to examine the
response of taxonomic diversity (TD) and functional diversity (FD) and their relationship with
OMB. The taxonomic richness decreased with increasing anthropogenic stress, whereas the
Simpson diversity of communities showed no relationship with the gradient. However, the
taxonomic richness was not related to OMB, but the Simpson diversity correlated weakly with
OMB. The community structure and 26 % of bio-ecological traits were significantly related to the
stress gradient, whereas the functional diversity in terms of Rao’s quadratic entropy showed no
relationship with the gradient. Moreover, neither bio-ecological nor the functional diversity were
related to OMB. This may be explained by the functional dominance of crustaceans. Our results
show that neither taxonomic nor functional diversity were suitable predictors of ecosystem
functioning.

4.2 INTRODUCTION

Freshwater ecosystems are pivotal for ecosystem services on which human societies depend, such
as clean drinking water (Palmer et al., 2004). These services rely on ecosystem functions provided
by a range of freshwater organisms that are adversely affected by multiple stressors.
Overexploitation, water pollution, habitat loss, flow modification and species invasion have been
identified as main drivers of freshwater biodiversity loss (Dudgeon et al., 2006). Several of these
stressors are, to varying degrees, associated with anthropogenic land use (MEA, 2005), such as (i)
agriculture, which is often associated with water pollution and flow modification or (ii) resource
extraction, which is often associated with water pollution. Water pollution in the form of elevated
salinity or inputs of pesticides has been shown to reduce the taxonomic diversity (TD) of lotic
communities, respectively (Cafiedo-Argiielles et al., 2013; Beketov et al., 2013). Land-use related
stressors may also affect the functional diversity (FD). Elevated nutrients and pollution with
metals and PAHs (Polycyclic Aromatic Hydrocarbons) from sediments as well as alternating flow
conditions in urban streams caused shifts in the functional composition of invertebrate
communities, resulting in reduced FD (Fanny et al., 2013; Feio et al., 2015; Konrad and Booth,
2005). Overall, the effects of stressors on communities can translate to changes in TD and FD,
given that the loss of species can result in the loss of functional traits (Chapin et al., 2000) or
that, conversely, environmental filtering for specific traits (i.e. Stressor-tolerance) can control
species colonization in a community (Weiher et al.,, 2011). Changes in the diversity of
communities can propagate to ecosystem functioning as both are linked (Naeem and Wright,
2003) through mechanisms such as complementarity, niche partitioning or functional redundancy
(Cardinale, 2011; Cardinale et al., 2011; Ebeling et al., 2014). Although the loss in TD has been
associated with impairment of ecosystem functions such as nutrient cycling (McIntyre et al.,
2007) or organic matter breakdown (McKie et al., 2008), the direction and magnitude of changes
in ecosystem functions depends rather on the functional traits of individuals, populations and
communities (Cadotte et al., 2011; Tolkkinen et al., 2013). For instance, species loss can be
indifferent for ecosystem functions in the case of functional redundancy, i.e. when other species in
the community can compensate for the loss of species (Fetzer et al., 2015). However, the loss of
species with key functional roles most likely results in a reduction in ecosystem functions
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(Cardinale et al., 2006). Although several studies described effects of changes in the FD on
ecosystem functions (e.g. Diaz and Cabido, 2001; Flynn et al., 2009; Frainer and McKie, 2015),
freshwater ecosystems are still largely assessed using taxonomic indicators (e.g. EPT richness,
saprobic index or RIVPACS), which do not allow for a direct evaluation of the status of ecosystem
functions. However, organism traits, which form the basis of FD, allow for the connection to
ecosystem functions (Cadotte et al., 2011) and often respond rapidly and predictably to multiple
stressors (Dolédec et al., 2006; Doledec and Statzner, 2010; Mouillot et al., 2013). Thus, FD-
metrics may be better indicators of changes in ecosystem functions than TD- metrics (Cadotte et
al., 2011). Yet, few studies have compared TD- and FD-metrics of freshwater organisms in the
context of anthropogenic stressors (e.g. Dolédec et al., 2006; Dolédec et al., 2011), especially in the
context of stressor effects on ecosystem functions, such as organic matter breakdown (OMB; e.g.
Frainer and McKie, 2015; Tolkkinen et al., 2015). OMB represents the most important energy
source in forested headwaters and subsequent food webs (Wallace et al., 1997; Webster, 2007).
Leaf material from the riparian vegetation is decomposed by microbial decomposers and
invertebrate detritivores (Graca et al., 2001; Hieber and Gessner, 2002). Accrued fine particular
organic material and gained biomass also subsidizes downstream sections, which emphasizes the
importance of OMB (Webster, 2007).

We investigated the response of TD and FD of invertebrate communities to anthropogenic
stressors along a land-use gradient and examined whether both metrics would be predictive for
the rate of organic matter breakdown. We hypothesized (i) changes in the taxonomic and
functional (trait) structure of communities along the land-use gradient due to different
adaptations of species to environmental conditions (Jackson and Sax, 2010) and due to
environmental filtering for specific traits and related trait combinations (Cadotte, 2009; Verberk
et al., 2008), respectively. Accordingly, we hypothesized that (ii) land-use related stressors reduce
both TD and FD because they are inherently linked, though not necessarily linearly (Cadotte et
al., 2011; Woodward et al., 2015; Schriever et al., 2015). This led to the assumption that (iii) OMB
would be reduced through the loss of taxa with OMB-relevant trait modalities. Finally, we
expected (iv) FD to be a better predictor of OMB than TD (Wooster et al., 2012; Cadotte et al.,
2011).

4.3 METHODS

4.3.1 STUDY AREA AND ENVIRONMENTAL VARIABLES

The sampling sites were located in the south-west of Germany between the Palatinate Forest
Nature Park in the North and West, the River Rhine in the East and the Vosges in the South
(App. C, Tab. C.1). Twenty-nine sites in low-order streams were selected based on the dominant
land-use (>50% areal cover, i.e. forest, agriculture, viniculture and urban areas) within a 100-
wide riparian buffer zone of 3 km length upstream (for more details refer to (VoB et al., 2015)). All
streams originate in the Palatinate Forest or in Northern Vosges and the studied stream reaches
were located within 1 to 5 km from the border of the nature park (except the forested sites), which
means that the catchment land use was largely forest and the stream reaches were primarily at
risk of potential effects by the anthropogenic land use in the riparian upstream zone. The
following physicochemical variables were measured during September and October 2012: flow
velocity, oxygen, pH, electrical conductivity (EC), water temperature and four nutrients (nitrate,
nitrite, ammonium, phosphate) by on-site analysis with Macherey-Nagel visocolor® (Diiren,
Germany) kits. Moreover, we recorded habitat-structural variables, i.e. stream substrates and
microhabitats at each sampling site within a 50-m stream section, as described in the
AQEM/STAR protocol (AQEM, 2002) as well as the percentage of shading, total riparian zone and
percentage of tree cover within the riparian zone (left bank and right bank maximum), as
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described by a protocol of the EPA (EPA, 2003). See supplementary information for the complete
list of measured environmental variables (App. C, Tab. C.2). Based on findings by VoB et al.
(2015), the measured environmental variables were stronger predictors of OMB than land-use.
Thus, in this article anthropogenic stress was rather represented by a land-use related
environmental gradient established by using a Principal Component Analysis (for details refer to
2.6 Statistical Analysis) than by land-use categories.

4.3.2 INVERTEBRATE SAMPLING

Invertebrate sampling was conducted in concert with the sampling of environmental variables.
Invertebrate sampling was done following the standardized AQEM multi-habitat sampling
method (Barbour et al., 1999; AQEM, 2002), which entails sampling of the major habitats
proportionally to their presence within a sampled reach. Invertebrates were taken by kick
sampling and were collected manually from stones, dead wood or plants. They were identified to
species or genus level (exception: e.g. larvae of Chironomidae) using a microscope (Olympus SZX9,
Tokio, Japan) and identification keys (Brohmer et al., 2000; Bihrmann, 2011). In total 66
invertebrate taxa were identified (App. C, Tab. C.3).

4.3.3 TAXONOMIC DIVERSITY

To quantify effects by changing environmental variables on the invertebrate community we
calculated two TD metrics: i) total taxonomic richness (TTR, i.e. number of different taxa found)
and ii) the Simpson diversity (SD) of invertebrate taxa. Simpson diversity for each site k& was
calculated as:

Sk

2

Dy = E Dik
i=1

with Si, the taxonomic richness of site & and pix the relative abundance of the ith taxa in site 4.
We selected Simpson diversity because we expected that dominant species could be more
important (Morris et al., 2014). Furthermore, we used 1/Dx instead of 1-Dx to correct for bias
encountered for high richness (Peru and Dolédec, 2010). Additionally, we used the reciprocal
index as its increase indicates an increase in diversity and consequently simplify interpretation
(Magurran, 1988).

4.3.4 FUNCTIONAL DIVERSITY

The FD was determined by combining the relative abundance of the collected invertebrate taxa
with ten ecological (i.e. Transversal distribution, Longitudinal distribution, Altitude, Preferences
for: Saprobity, Substrate, Current velocity, Trophic status, Salinity, Temperature and pH) and
eleven biological traits (i.e. Maximum potential body size, Life cycle duration, Potential number of
cycles per year, Aquatic stages, Reproduction, Dispersal, Resistance forms, Respiration,
Locomotion and substrate relation, Food and Feeding habits) obtained from the database of
Tachet (Usseglio-Polatera et al., 2000). Each trait consists of different modalities (in total 113; cf.:
(Usseglio-Polatera et al., 2000)) for which the affinity of a taxon is given. Affinities range from
zero (no affinity) to three (maximum affinity) and this information was scaled to the relative
affinity of each modality per trait within the community. For the 21 traits we calculated the FD
by using ,,Rao’s quadratic entropy” (RQE, cf.: (Peru and Dolédec, 2010)) as follows:
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with Sk being the taxonomic richness of site &, and pix and pi being the relative abundance of the
ith and jth taxa in site &, respectively. [d;] is the dissimilarity between taxa 7 and j The
dissimilarity between taxa was calculated as Euclidean distance of PCA-scores for each trait,
separately (for more details refer to Peru and Dolédec, 2010). Additionally, the RQE over all 21
traits was calculated. RQE was selected as a measure of FD because it is directly comparable
with the SD and it is assumed to be highly accurate regarding functional divergence
measurements (Woodward et al., 2015). Furthermore, trait information was assigned to family-
level for 16 taxa (out of 66 taxa), to genus-level for 39 taxa and to species-level for 11 taxa. For
taxa that could only be identified to family-level, the mean affinities per trait were calculated
from all available genera of the respective families (9 out of 16). Moreover, for Cordulegaster sp.,
Gammarus sp., Philopotamus sp. and Rhyacophila sp. trait information were only available at
genus-level although we identified to species-level. Thus, the related species were assigned the
same genus-level information. Consequently, FDs were calculated for 53 taxa instead of 66 taxa
found.

4.3.5 DETERMINATION OF ORGANIC MATTER BREAKDOWN

During the main period of litter fall, in September and October 2012 together with the sampling
of environmental variables and the invertebrate community, coarse- and fine-mesh leaf bags were
deployed at each sampling site (n = 29). Approximately 3 + 0.07 g of oven — dried (60°C for 24-h)
black alder leaves (Alnus glutinosa — collected from a locally common riparian tree species) were
placed into coarse polyethylene mesh bags (mesh size: 8mm, bag size: 20 x 20cm) accessible to
microbial decomposers and invertebrate detritivores and into fine cylindrical nylon bags (mesh
size! 250pm, cylinder length: 15cm) accessible only to microbial decomposers. Five replicates of
each bag type were deployed in each sampling site and recovered from the streams after 21 days.
Furthermore, the water temperature was recorded hourly with Synotech HOBO®
temperature/data loggers 64K (Hiickelhoven, Germany). This allowed us to calculate the sum of
degree days (ddays?) for the deployment period of leaves, which was used to standardize the
breakdown rate for temperature. The breakdown rate k in a site 1 was calculated based on the
exponential mass loss per ddays (dd?) as follows:

5;(t)
- “in(55)
2 T0)
=il

where Sis the mass as a function of deployment time ¢ (in days) and 7'is the mean temperature
for a day j. Si(¢) of leaves in fine and coarse mesh bags was corrected for handling and leaching
losses. Moreover, Si(t) of leaves in coarse mesh bags were corrected for microbial breakdown to
determine the contribution of invertebrates to breakdown (for details see: Benfield, 2007).
Hereafter, we refer to invertebrate-mediated organic matter breakdown as OMB.
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4.3.6 STATISTICAL ANALYSIS

Before analysis, environmental variables were log- or double squareroot transformed in case of
strong skewness. Given collinearity as indicated by a strong correlation with pH (r = 0.74), oxygen
(r = -0.73), and nitrate (r=0.79), electric conductivity was omitted from the analysis. In total, a
set of 27 environmental variables was included in our analysis (App. C, Tab. C.2) and centered to
mean and scaled to unit variance (Legendre and Legendre, 2012). Given the low nip ratio
(observations to variables), we established environmental gradients using principal components
analysis (PCA; based on R packages vegan (Oksanen et al., 2015) and BiodiversityR (Kindt and
Coe, 2005)). The first four principal components (PC1 to 4) were meaningful following the broken
stick criterion and together explained 52% of the variability among sampling sites (PC1 = 21%,
PC2 = 13%, PC3 and 4 both 9%, App. C, Tab. C.4). PC1 was the only axis that unequivocally
represented a gradient of increasing anthropogenic stress with for example: decreasing oxygen
levels and flow velocities, and increasing pH, temperatures and nitrate levels. Hereafter, we refer
to PC1 as stressor gradient. Moreover, PC1 was the only axis that showed significant
relationships with all biotic endpoints in later analyses (e.g. Redundancy Analysis of taxonomic
and functional diversities and of aquatic communities) and hence PC2 to 4 were not further
considered. The relationship between diversity metrics and both OMB, and the stressor gradient
was examined using Pearson correlation. Regarding the relationship between FD and OMB, only
two OMB-relevant traits (i.e. Food and Feeding habit) were considered. The explained variance
(r?) was used to assess whether TD or FD was a better predictor of OMB. Multiple testing was
corrected using the correction by (Benjamini and Hochberg, 1995). Redundancy analyses (RDA)
were conducted to detect stressor effects on the taxonomic and trait structure of invertebrate
communities. RDA on the 113 trait modalities were conducted on the relative abundance of each
trait modality per sampling site. Species data were Hellinger-transformed prior to RDA to
circumvent the problems associated with using the Euclidean distance for ecological data
(Legendre and Gallagher, 2001). Significance of RDA axes was tested with an ANOVA-like
permutation test based on a pseudo-F statistic (Legendre et al., 2011). All calculations and
graphics were done using R 3.2.2 (R Development Core Team, 2015). Computer code and raw data
are provided to allow for reproducibility of the analysis (Supplementary data computer code).

4.4 RESULTS

4.4.1 CHANGES IN THE COMMUNITY AND TRAIT STRUCTURE
ALONG THE STRESSOR GRADIENT

The invertebrate communities changed along the stressor gradient concerning their taxonomic
and their trait structure (Fig. 4.1). The gradient explained 8% and 14 % of total variance in the
taxonomic structure (F = 2.2, p = 0.03) and trait structure (F = 4.4, p = 0.001), respectively. Taxa,
such as Gammarus roeseli or Radix ovata occurred exclusively in sites with higher anthropogenic
stress (e.g. high nutrient levels and pH) whereas Gammarus fossarum and Baetis spec. occurred
more frequently and Protonemura spec. or Sericostoma personatum/flavicorne exclusively in sites
of lower anthropogenic stress (e.g. low nutrient levels but high oxygen saturation and fast flow
velocities), respectively (Fig. 4.1a).

Regarding the trait structure, most traits ordered point-symmetrically along the gradient, e.g.:
communities preferring lower nutrient levels (i.e. oligotrophic, xeno- and oligosaprobic conditions)
and higher nutrient levels (eutrophic,a-meso- and polysaprobic conditions) at the opposite ends of
the gradient (Fig. 4.1b). Trait modalities most relevant for OMB (.e. feeding on dead plants
(>1mm) and being a shredder) showed no clear signal towards low or high anthropogenic stress
(Fig. 4.1¢).
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Fig. 4.1: Three graphs each displaying the first RDA-axis (i.e. stressor gradient) along which a)
invertebrate taxa; b) trait modalities and ¢) modalities of OMB-relevant traits (i.e. Food and
feeding habits) are listed. For better visibility only (a) taxa and (b) trait modalities with coefficients

> 0.01 or > 0.025 were plotted, respectively.

4.4.2 RELATIONSHIP BETWEEN THE STRESSOR GRADIENT AND
BOTH TD AND FD

Regarding the TD, the TTR decreased along the stress gradient (r = -0.53, p = 0.009, Fig. 4.2a),
while the SD was not related to the gradient (p = 0.6).

Regarding the FD, neither the RQEs calculated for the individual traits (as the FD measure) nor
the overall RQE (across all traits) were related to the stressor gradient (App. C, Tab. C.5).
However, 30 out of 113 trait modalities were correlated with the stressor gradient (App. C, Tab.
C.6). For instance, the relative abundance of taxa preferring xenosaprobic conditions decreased (r
=-0.72, p < 0.01) whereas taxa preferring a-mesosaprobic conditions increased (r = 0.67, p < 0.01)
within communities along the gradient. This reflects the point-symmetrical order along the
gradient as found in the trait structure. However, OMB-relevant trait modalities showed no
relation with the stressor gradient (App. C, Tab. C.6).

4.4.3 RELATIONSHIP BETWEEN OMB AND BOTH TD AND FD

Neither TTR (r = 0.02, p = 0.9), the two RQEs of OMB-relevant traits (i.e. Food and Feeding
habit), their modalities (App. C, Tab. C.7), nor the overall RQE (r = -0.2, p = 0.29) were related to
OMB. SD showed a weak negative relationship with OMB, though not significant (r = -0.41, p =
0.06), i.e. decreasing breakdown rate with increasing SD (Fig. 4.2b).
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Fig.4.2: Correlations between a) the stressor gradient and the total taxonomic richness of 29
invertebrate communities and b) the Simpson diversity for 29 invertebrate communities and their
respective breakdown rate (k). Regression lines are added to visualize the negative correlation.

4.5 DISCUSSION

4.5.1 CHANGES IN COMMUNITY AND TRAIT STRUCTURE ALONG
THE STRESSOR GRADIENT

Freshwater species are vulnerable to changing environmental conditions, especially human-
driven changes, where vulnerability varies across (and within) taxa (Strayer and Dudgeon, 2010).
For example, we found that Sericostoma spec. or Protonemura spec. and Erpobdella spec. or
Radix spec. occurred at different ends of the stress gradient, which may be explained by
environmental filtering for specific traits (Weiher et al., 2011; e.g. sensitivity towards nutrient
enrichment). This shift in the taxonomic structure was associated with a functional change in
terms of trait modalities (e.g. taxa preferring xenosaprobic conditions decreased whereas taxa
preferring a-mesosaprobic conditions increased in communities along the gradient) and the
functional structure of communities, which is in agreement with our first hypothesis. However,
the low percentage of explained variance of both the taxonomic and the trait structure could
result from considering only one environmental gradient (i.e. our stress gradient) and from other
factors structuring invertebrate communities, such as interspecific relationships, the spatial
context and stochasticity (Loreau et al., 2003; Kraft et al., 2015). For instance, differences in the
competitive ability of community members are known to shape communities through the
exclusion of the less competitive species (Malmqvist, 2002). In addition, species occurrence in a
community can be the result of immigration from neighboring populations (i.e. mass effects) or of
random migration, colonization and extinction dynamics (i.e. neutral model; Leibold et al., 2004).
Our results are in accordance with other studies investigating land-use related stressors. For
instance, the proportions of urban areas within the catchment or hydromorphological changes
were identified to alter the taxonomic structure of invertebrate communities, respectively
(Aschonitis et al., 2016; Feld and Hering, 2007). Furthermore, a functional homogenization was
found in communities due to human-induced nutrient enrichment in Portuguese streams (Feio et
al., 2015).
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4.5.2 RELATIONSHIP BETWEEN THE STRESSOR GRADIENT AND
BOTH TAXONOMIC AND FUNCTIONAL DIVERSITY

The TTR decreased along the stress gradient, indicating the exclusion of sensitive taxa, such as
Sericostoma spec. and Protonemura spec., from sites with higher anthropogenic stress without
compensation by tolerant taxa. In contrast to TTR, the SD of communities was not related to the
gradient. This suggests that variables underlying the stress gradient did not cause differences in
the SD of communities. Nevertheless, the abundance of gammarids was significantly related to
SD (App. C, Fig. C.1a). This can be best explained by SD being a measure of dominance that is
heavily weighted towards the most abundant taxa (gammarids in our study, see App. C, Fig. C.2)
and less sensitive to changes in rare species (Magurran, 2004). In this context, we hypothesized a
reduced TD due to increasing anthropogenic stress. For TTR, this hypothesis can be confirmed
whereas for SD it is rejected.

Regarding the FD, metrics such as functional guilds or organism traits were suggested as
indicators for assessing the integrity of ecosystem functions or to complement current ecosystem
assessment (Feld and Hering, 2007; Vandewalle et al., 2010; Cadotte et al., 2011). Based on these
studies, we hypothesized a decline in FD due to increasing anthropogenic stress. Indeed, more
than 25% of trait modalities were significantly related to anthropogenic stress, though partly
owed to contrasting relationships of trait modalities within a trait (cf. App. C, Tab. C.6). For
instance, the relative abundance of taxa preferring xenosaprobic conditions decreased whereas
taxa preferring a-mesosaprobic conditions increased along the gradient. This indicates
environmental filtering for different traits at the opposite ends of the gradient as underlying
mechanism structuring communities. We found no changes in RQEs along the gradient (i.e. the
measure of FDs for each trait) indicating no or low functional divergence within communities
along the gradient (Woodward et al., 2015). However, potential changes may have been masked
by the resolution of the trait information used in this study (Tachet database (Usseglio-Polatera
et al., 2000)), potentially ignoring trait differences on the species-level (Béche and Statzner,
2009). For example, we found a shift in gammarid species along the gradient, indicating different
habitat demands, and this shift was not reflected in the trait values as all species were assigned
to the same traits. In contrast to studies in vegetation ecology where traits are often directly
measured (e.g. Diaz and Cabido, 2001), freshwater invertebrate traits are often assigned from
databases resulting in the ignorance of intraspecific variability and adaptations. This might
hamper the detection of responses to anthropogenic stress (but see Shipley et al., 2016).
Moreover, another methodical artifact could result from information loss associated with
calculating a single trait diversity value out of multiple trait modalities (Doledec and Statzner,
2010), of which several individual traits responded to the stress gradient. Furthermore, the
length of the stress gradient may have been too short to allow for the detection of potential
effects.

Overall, our study shows that despite several functional changes in the communities the
FD over several trait modalities remained similar. Although, FD might be an accurate measure of
divergence it was not a suitable indicator of gradient-related changes in our study. Thus, focusing
on multi-metric indices such as the I:M: that incorporates taxonomic and functional metrics
(Mondy et al., 2012) might be preferable when assessing impacts of various stressors on
biodiversity.

4.5.3 RELATIONSHIPS WITH OMB

We hypothesized that OMB would be reduced through the loss of taxa with OMB-relevant trait
modalities (i.e. feeding on dead plants (> 1mm) and shredding). Since we did not detect a loss in
taxa and their respective OMB-relevant trait modalities, we could not evaluate this hypothesis.
However, generally we found no relationship between OMB and TTR, OMB-relevant RQEs and
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their trait modalities. This may, as for TD, reflect the dominance of gammarids in our study
region (App. C, Fig. C.2). Their consistently high number in all communities could have masked
potential effects of changes in overall diversity metrics and kept OMB stable. Gammarid
dominance might be a result of season, since we sampled invertebrates in autumn in concert with
the main litter fall where preceding emergence could have led to more homogeneous communities.
Additionally, a lack of habitat complexity could explain the absence of a relationship between
OMB and OMB-relevant trait modalities. In this context, (Frainer et al., 2014) found that
decomposer traits were related to the most complex habitats, which in turn had the highest rates
of OMB. Indeed, our sampling sites were similar regarding measured microhabitats given
dominating sandstone geology in our study area (cf. VoB et al., 2015). However, we found a
negative, albeit weak, relationship between SD and OMB, i.e. a higher diversity was associated
with a lower OMB. Communities with low SD showed highest abundance of gammarids, which
was again positively correlated with OMB (cf. App. C, Fig. C.1b), reinforcing their compensating
effect on OMB already mentioned and again indicating their functional dominance (Creed et al.,
2009; Schwartz et al., 2000; Tolkkinen et al., 2013).

4.6 CONCLUSIONS

For our study, we reject the hypothesis that FD is a better predictor of OMB than TD. Hence,
when understanding anthropogenic impacts on the linkage between biodiversity and ecosystem
functioning is of main interest, focusing on metrics that are tailored to the respective ecosystem
function might be better predictors. For OMB, this could be, for example, metrics that are
restricted to the shredder community and that also consider the biomass of shredder species
weighted by their metabolic rate. Moreover, when the aim is to assess impacts of various
stressors on biodiversity, recently developed indices such as the IsM: that incorporates taxonomic
and functional metrics Mondy et al., 2012) could perform better than FD alone.
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Anthropogenic land use and associated stressors threaten freshwater ecosystems and the benefits
they provide to human society. This is because the ecosystem functions that regulate these
services are adversely affected by anthropogenic land use and associated stressors. This thesis
focused on effects by land use in general and in detail by stressors (in terms of heavy metals,
pesticides and an established stressor gradient) associated with land use on the fundamental
ecosystem function organic matter breakdown. Since the relationships between anthropogenic
stressors and ecosystem functions are highly complex this thesis contributes to a better
understanding of this relationship. Moreover, it represents a first step towards the preservation
of freshwater-related services by identifying the effects of specific stressors on freshwater
ecosystem functioning.

5.1 EFFECTS OF ANTHROPOGENIC TOXICANTS ON
ECOSYSTEM FUNCTIONS

The 46 studies reviewed in this thesis revealed reductions in organic matter breakdown
(OMB), primary production (PP) and respiration (RE) due to anthropogenic toxicants, including
pharmaceuticals, heavy metals and pesticides (chapter 2). While reductions in ecosystem
functions were not related to heavy metal toxicity, reductions caused by organic toxicants tended
to increase with toxicity. However, for any of the two toxicant groups distinct concentration-effect
relationships could be established, as the respective toxicities exhibited no explanatory power in
statistical models. This lack of a relationship between stressor toxicity and ecosystem functioning
most likely resulted from differences in experimental designs among studies (e.g. varying abiotic
conditions or biological systems). This can be supported by a meta-analysis investigating heavy
metal effects on OMB that calculated a percentage of total variation between studies of 83 % due
to high variability in environmental conditions and methodological approaches (Ferreira et al.
2016). Additionally, it has been shown that the response to toxicants can differ depending on
community composition (Beketov et al. 2008) or on other mechanisms on which B-EF
relationships are based, such as functional redundancy (Cadotte et al. 2011). Similar results can
be found for marine ecosystem functions, where effects of toxicants (including metals or
herbicides) varied according to the functional or taxonomic groups studied (Johnston et al. 2015).
Especially for heavy metals, another explanation can be the high dependence of their toxicities on
bioavailable metal concentration and speciation or on other environmental factors influencing
bioavailability, (Malaj et al. 2012, Ferreira et al. 2016) since more than half of the heavy metal
studies were conducted in the field. Finally, the approach of using TUs as indicators of ecotoxicity
could have been unsuitable given that selected standard test organisms might not be suitable
benchmarks for ecosystem functions (for details refer to section 2.3.4). On the other hand, the TU
approach has already proved its potential to detect changes in functional endpoints associated
with organic toxicants (e.g. (Fernandez et al. 2015, Miinze et al. 2015)) and is also a well-
established concept regarding heavy metal and pesticide toxicity on stream organisms (Playle
2004, Schafer et al. 2012).

Although no concentration-effect relationship could be established, the considered
toxicants affected ecosystem functions. According to the UP of the EU for the authorization of
pesticides, concentrations below thresholds of 0.01 and 0.1 (corresponding to TU of 0.01 and 0.1;
for details see section 2.3) are assumed to cause no or no unacceptable adverse effects on
freshwater organisms. As structural changes can propagate to ecosystem functions (Covich et al.
2004, Sutherland et al. 2009) we adopted UP thresholds of structural endpoints for functional
endpoints (such as OMB, PP and RE) expecting that ecosystem functions will be unaffected by
toxicant concentrations below these thresholds. However, we found effects of organic toxicants,
particularly pesticides, on all three ecosystem functions at concentrations up to 1000-fold below
the respective UP thresholds. We also found notable reductions in ecosystem functions due to
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heavy metals at similarly low trace levels as organic toxicants, albeit heavy metal effects were not
related to regulatory thresholds (for details refer to section 2.3.4). Hence, our results suggest that
OMB, PP and RE can be adversely affected at pesticide concentrations corresponding to TUs of
0.01 and 0.1 and below. Since community data were not available for most of the studies
considered in the review, we could not assess whether structural changes below the UP
thresholds contributed or were responsible for observed functional changes. Hence, for pesticides
it remains open, whether a protective threshold for structural endpoints would also be protective
for functional endpoints. However, recent studies revealed adverse effects by pesticides on stream
communities (at TU ranges similar to those described above; Ferndndez et al. 2015, Miinze et al.
2015) and on terrestrial invertebrates or insect pollinators at environmental relevant
concentrations (Chagnon et al. 2015). In both cases, authors interpreted reductions in ecosystem
functioning as a result of community changes.

Against the background of this B-EF relationship, two meta-analyses become alarmingly
important regarding the relevance of organic toxicants in threatening stream organisms and
potentially ecosystem functions. The first revealed that in 14% and 42 % of investigated sites
organic chemicals exerted acute lethal and chronic long-term risk, respectively, on sensitive
aquatic organisms (fish, invertebrate or algae species) on a continental scale (Malaj et al. 2014).
On a global scale, the second meta-analysis revealed that agriculturally applied insecticide
concentrations actually quantified in surface waters exceeded their respective regulatory
threshold levels in more than 50 % of the cases (Stehle and Schulz 2015). This illustrates how
severe species are threatened (potentially and actually) by anthropogenic pollutants (in this case
organic chemicals). When assuming that mean species loss affect ecosystem functioning these two
studies exemplify an enormous risk to ecosystem functions. Indeed, a review found a consistent
pattern for four different trophic groups (producer, herbivores, detritivores and predators) and
two main ecosystem types (aquatic and terrestrial) where species loss on average influence
ecosystem functioning with the magnitude of influence depending on the identity of the lost
species (Cardinale et al. 2006). Thus, when management plans do not adapt to the complexity of
natural ecosystems by implementing trait-based ecological risk assessment (Malaj et al. 2012) or
integrating (multiple) ecosystem functions as well as considering large spatial and temporal scale
to bioassessment (Woodward et al. 2012) prospects for freshwater integrity and its resilience to
disturbances might be poor. However, in the next section I focus on one mechanism (underlying
B-EF relationships) that has the potential to maintain ecosystem functions under anthropogenic
stress and thus can counteract the propagation of threats on organisms to ecosystem functioning.

5.2 EFFECTS OF LAND USE ON ORGANIC MATTER
BREAKDOWN

We investigated effects of anthropogenic land use (agriculture, viniculture and urbanization) and
associated stressors on OMB.

We found significant differences in microbial breakdown (OMBumicro) rates among land use
types, with highest breakdown rates in urban sites. This can be best explained by the stimulating
effect of elevated nutrient levels in urban streams, as they are known to accelerate OMB (e.g.
(Pascoal et al. 2005)). The strong reduction in OMBmicro in agricultural and vinicultural sites,
however, is likely due to a multiple stressor complex. First, in contrast to the stimulating effect of
nutrients, the exceedance of nitrate levels of 10mg/L (that we found) can result in decreasing
breakdown rates (cf. Woodward et al. 2012). Second, pH was found to be negatively related to
OMBuicro. Thus, increasing pH could have reduced OMBuico by reducing e.g. the fungal density
(Casas and Descals 1997), as fungi are mainly responsible for OMBmico (Hieber and Gessner,
2002). However, an affiliated study conducted in the same sampling region found that the
negative relationship between OMBmicro and pH was not causal, suggesting co-variation with
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(an)other not measured environmental variable(s) actually affecting microbial breakdown
(Ferndndez et al. 2015). Furthermore, it remains open whether changes in the functional
composition of the communities lead to reductions in OMBumicro, as the response of ecosystem
functions depends rather on changes in the functional than the taxonomic composition of
communities (Vandewalle et al. 2010).

Regarding the invertebrate-mediated OMB (OMBmacao), breakdown rates were solely
related to the percentage of riparian trees (out of a magnitude of environmental variables — refer
to the end of this section). The positive relationship could be explained by a higher shredder
density due to an increased supply of organic matter. However, no differences in OMBmacro among
land use types were found. The consistently high number of gammarids in all communities
(App.C, Fig C.2) may have masked potential land use effects and kept OMB stable. Additionally,
land use is associated with multiple stressors whose co-occurrence and interactions might have
complicated finding clear differences among land use types and caused high variability in
OMBuacro (Aristi et al. 2012). For instance, OMBmacro could have varied due to (i) different
sediment loadings associated with the sandstone geology of all catchments, (ii) differences in
densities or biomass of shredders (Hagen et al. 2006) which could have varied unrelated to land
use across the different stream catchments or (iii) the spatial proximity of all sampling sites to
the nature park may have resulted in the amelioration of land use effects, as suggested in other
studies (Schafer et al. 2012, Orlinskiy et al. 2015). Besides, functional redundancy within all
invertebrate communities can additionally explain a lack of differences among land use types in
OMBmacro (Cadotte et al. 2011).

We determined total taxonomic richness (TTR), Simpson diversity (SD), functional
diversity (FD) and species traits to investigate land use effects on OMBumacro through changes in
community structure. However, neither TTR, nor OMB-relevant FD (i.e. the measure of Rao’s
quadratic entropy (RQE) for each trait; for details refer to section 4.3.4) or their trait modalities
were related to OMBmacro, reflecting again the dominance of gammarids. However, more
heterogeneous shredder communities can occur earlier in the year, as invertebrates were sampled
in autumn and by then several species have already emerged. Moreover, also homogenous
habitats can explain the lack of a relationship between OMBmaao and OMB-relevant trait
modalities. In this context, (Frainer et al. 2014) found that traits of decomposers were linked to
the most complex habitats, which again had the highest breakdown rates. By contrast, our
sampling sites had similar microhabitats given dominating sandstone geology in our study area
(cf. chapter 2). We found a negative, although weak, relationship between SD and OMB
indicating that higher diversity resulted in lower OMB. Communities with low SD showed
highest abundance of gammarids, which in turn was positively correlated with OMB (cf. App. C,
Fig. C.1b), highlighting the above-mentioned compensating effect of gammarids dominance on
OMB. Moreover, it is in agreement with Dangles and Malmgqvist (2004) or Tolkkinen et al. (2013)
who found that species dominance (including functional dominance) rather than species richness
per se can be an important driver of ecosystem functioning. Additionally, it demonstrates that a
dominant trait level of a single or just a few traits are needed to maintain ecosystem functioning
(Gagic et al. 2015). Thus, species dominance (one mechanism on which B-EF relationships are
based; Cadotte et al. 2011) can counteract the propagation of threats on organisms by land use
associated stressors to ecosystem functioning. However, this does not necessarily imply that
species dominance alone is sufficient to structurally and functionally stabilize ecosystems.
Generally, species richness provides a buffer against environmental disturbances (i.e. insurance
hypothesis; Loreau et al. 2001) and forms the basis for the recovery from these disturbances (.e.
resilience; Hillebrand et al. 2008). Beside resilience, resistance (i.e. the ability to withstand
disturbances) is conceptually the second component of the relative stability of an ecosystem or
community; where resilience increases with increasing species richness and resistance with
increasing species dominance (Hillebrand et al. 2008). Following this conceptual model
(Hillebrand et al. 2008), sampling sites of the present thesis are characterized by stream
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communities of low stability due to high species dominance but low species richness. This
emphasizes the importance of both components in structurally and functionally stabilizing
ecosystems whereas each contribution is highly complex depending on e.g. (synergistic)
interspecific interactions or the identity of the dominant species (Hillebrand et al. 2008).

Finally, although our results confirm that anthropogenic land use leaves a fingerprint in
the physicochemistry and habitat structure of streams, these environmental variables were just
marginally related to land use categories. We gathered data on OMB of 26 catchments (in total
approximately 1,446 km?) and found that the variation in environmental variables and OMB
itself was too high (within as well as among land use categories) to establish a tight relationship
with land use on a regional scale. Moreover, out of a multitude of environmental variables only
pH and percent tree cover were related to microbial and invertebrate-mediated breakdown,
respectively. This indicates that OMB responded to stressor gradients rather than directly to land
use. Thus, long-term monitoring should focus on specific stressors independent from land use
categories.

5.3 EFFECTS OF LAND USE ASSOCIATED STRESSOR-
GRADIENTS ON BIODIVERSITY

Changes in stream biodiversity, including taxonomic and functional diversity of invertebrate
communities, were analyzed along a stressor gradient in a region of contrasting land use (chapter
4 and Appendix C). As already discussed above, land use effects on the OMB were indirectly
buffered by mechanisms such as species dominance or functional redundancy. However, the
stressor gradient affected the invertebrate community regarding their structure, composition of
bio-ecological traits and total taxonomic richness, while both SD and FD showed no relationship
with the stressor gradient.

The vulnerability of freshwater invertebrates to changes in environmental conditions
varies across and within taxa (Strayer and Dudgeon 2010). As hypothesized, we found changes in
the taxonomic structure that were accompanied by changes in trait modalities (e.g. taxa
preferring oligotrophic conditions decreased whereas taxa preferring meso- or eutrophic
conditions increased in communities along the increasing stressor gradient). This indicates
environmental filtering for different traits at the opposite ends of the gradient as underlying
mechanism structuring communities. However, the taxonomic and the trait structure both
explained only low part of the variance. This can be due to considering only one environmental
gradient (stress gradient) and to other factors structuring invertebrate communities, such as
stochasticity, the spatial context or interspecific relationships (Loreau et al. 2003, Kraft et al.
2015). For example, the occurrence of a species within a community can be the result of their
competitive abilities (Malmqvist 2002), colonization and extinction dynamics (i.e. neutral model;
Leibold et al. 2004), random migration or immigration from neighboring populations (i.e. mass
effects). Our results are in agreement with other studies reporting functional homogenization due
to land-use related stressors (i.e. nutrient enrichment; Feio et al. 2015). Moreover,
hydromorphological changes and urbanization within catchment areas have been suggested to
modify the taxonomic structure of invertebrate communities (Feld and Hering 2007, Aschonitis et
al. 2016).

Shifts in the taxonomic structure were also accompanied by changes in the TTR of
invertebrate communities along the stress gradient. Particularly, TTR decreased with increasing
anthropogenic stress. This result support the suggestion of environmental filtering as community
structuring mechanism. Moreover, this indicates that sensitive taxa, such as Sericostoma spec.
and Protonemura spec., were excluded from sites with higher anthropogenic stress without
compensation by tolerant taxa. However, none of these shifts propagated to OMB. We attributed
this to the high abundance of gammarids, as already described in the former section. Their high
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abundance is also the reason finding no relationship between the SD of invertebrate communities
and the stress gradient, as the SD is a measure of dominance being heavily weighted towards the
most abundant taxa (gammarids in our study, see) and less sensitive to changes in rare species
(Magurran 2004; cf. App. C Fig. C.1a and Fig. C.2).

Shifts in the trait structure were not accompanied by changes of RQEs along the gradient
(i.e. the measure of FDs for each trait). This indicates no or low functional divergence within
communities along the gradient (Woodward et al. 2015), although 25% of trait modalities were
significantly related to anthropogenic stress (partly owed to contrasting relationships of trait
modalities within a trait: cf. App. C Tab. C.6). This supports the interpretation of high functional
dominance in the last section. However, potential changes in FDs may have been masked by the
resolution of the trait information used in this study (Tachet database; Usseglio-Polatera et al.
2000), potentially ignoring trait differences on the species-level (Béche and Statzner 2009). For
instance, a shift in gammarid species along the gradient was found which was not reflected in the
trait values (as all species were assigned to the same traits) although it indicates different habitat
demands. Contrary to studies in vegetation ecology that often directly measure traits (e.g. Pérez-
Harguindeguy et al. 2013), freshwater invertebrate traits are often assigned from databases
resulting in the ignorance of intraspecific variability and adaptations. This could impede the
detection of responses to anthropogenic stress (but see Shipley et al. 2016). Moreover, another
methodical artifact could result from information loss associated with calculating a single trait
diversity value out of multiple trait modalities (Dolédec and Statzner 2010), of which several
individual traits responded to the stress gradient. Furthermore, the length of the stress gradient
may have been too short to allow for the detection of potential effects.

Thus, for the TTR we can confirm the hypothesis, that the taxonomic diversity would be
reduced when anthropogenic stress would increase — whereas for SD it has to be rejected.
Although organism traits (as FD metrics) were suggested as reliable indicators for
complementing current ecosystem assessment or assessing the integrity of ecosystem functions
(Cadotte et al. 2011), we did not find evidence supporting our hypothesis of declining FD with
increasing anthropogenic stress.

5.4 CONCLUSIONS & FUTURE CHALLENGES

Following our results, we conclude that real-world situations in freshwater ecosystems are highly
complex. This complexity impedes the assessment of chemical’s toxicities to, the capture of land
use effects and associated stressors on and the prediction of changes in functional endpoints,
respectively.

First, safety factors of 100 or 10 of the EC50 for D. magna or P. subcapitata, respectively,
may not be sufficient for pesticides to protect functional endpoints on the first tier. The
establishment of effect thresholds (based on concentration-effect relationships) that are protective
for as many components of an ecosystem as possible is an ongoing challenge which is impeded by
the high variability within and between studies. Thus, if ecosystem functions are to be included
as protection goal in chemical risk assessment standardized methods (in e.g. environmental
conditions) are required. Moreover, a complementary alternative could be a trait-based approach
that can assess species sensitivity towards a certain stressor (e.g. Malaj et al. 2012) and be
incorporated as an important tool into the ecological risk assessment (Van den Brink et al. 2016).
Hence, future challenges will be to validate the recommended approaches regarding their
suitability for the holistic protection of freshwater ecosystems. This includes the biggest
challenge: acquiring greater knowledge on the interactions of multiple stressors in freshwater
ecosystems (Van den Brink et al. 2016).

Second, we conclude that simplifying real-world stressor gradients into few land use
categories was unsuitable to predict and quantify losses of ecosystem functions and services on
regional or larger scales, which is often done for terrestrial ecosystems in ecosystem service
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assessment (Maes et al. 2012). When assessing ecosystem services is of main interest the
monitoring of specific stressors may be more relevant than crude land use categories to detect
effects on ecosystem functions. However, this may limit the large scale assessment of the status of
OMB. Consequently, a tight relationship between land use and environmental variables or OMB
has to be established to allow for extrapolation on larger scales (as desired, for instance, in the
context of the WFD). Beyond the mentioned challenge to disentangle multiple stressor
interactions additional investigations on real-world ecosystem dynamics at large spatial and long
temporal scales are required (Brose and Hillebrand 2016). In this context, the functional
resistance due to species dominance observed in the present thesis might be a short-term effect
and long temporal monitoring is needed to assess the long-term resilience of stream communities
to anthropogenic stress in the considered sampling area (cf. Brose and Hillebrand 2016).
However, since mechanisms regulating B-EF relationships were mainly investigated in
experimental studies (Balvanera et al. 2006) more field studies are needed validating
mechanisms’ relevance to the spatial and temporal complexity of natural ecosystems (Duffy
2009). In this context, ecologists call for the inclusion of multiple ecosystem functions, food web
interactions and measuring traits continuously into field studies of B-EF relationships (Reiss et
al. 2009, Gamfeldt et al. 2013).

Third, our results show that neither taxonomic nor functional diversity were suitable
predictors of ecosystem functioning. Thus, when understanding anthropogenic impacts on the
linkage between biodiversity and ecosystem functioning is of main interest, focusing on diversity
metrics that are clearly linked to the stressor in question (Jackson et al. 2016) or that
incorporates taxonomic and functional metrics (Mondy et al., 2012) might be better predictors.
Furthermore, leading ecologists rather suggest a combination of different tools for future
assessment of freshwater biodiversity and ecosystem services (Jackson et al. 2016). Jackson and
colleagues recommend that novel tools should include remote sensing (offering global coverage
data), molecular tools (based on DNA or RNA markers; e.g. metabarcoding of pooled invertebrate
samples) and local-to-global citizen science (i.e. network of citizen scientists being trained in
monitoring techniques to assess freshwater health; Silvertown, 2016).

70



- CHAPTERSS -
REFERENCES

Aristi, 1., J. R. Diez, A. Larrafiaga, A. Navarro-Ortega, D. Barceld, and A. Elosegi. 2012. Assessing
the effects of multiple stressors on the functioning of Mediterranean rivers using poplar
wood breakdown. . Science of the Total Environment 440:272—-279.

Aschonitis, V. G., C. K. Feld, G. Castaldelli ., P. Turin, E. Visona, and E. A. Fano. 2016.
Environmental stressor gradients hierarchically regulate macrozoobenthic community
turnover in lotic systems of Northern Italy. Hydrobiologia 765:131-147.

Balvanera, P., A. B. Pfisterer, N. Buchmann, J.-S. He, T. Nakashizuka, D. Raffaelli, and B.
Schmid. 2006. Quantifying the evidence for biodiversity effects on ecosystem functioning
and services. Ecology Letters 9:1146-1156.

Béche, L. A. and B. Statzner. 2009. Richness gradients of stream invertebrates across the USA!:
taxonomy- and trait-based approaches. Biodiversity and Conservation 18:3909-3930.
Beketov, M., R. B. Schifer, A. Marwitz, A. Paschke, and M. Liess. 2008. Long-term stream
invertebrate community alterations induced by the insecticide thiacloprid: -effect

concentrations and recovery dynamics. Science of the Total Environment 405:96 - 108.

Brose, U. and H. Hillebrand. 2016. Biodiversity and ecosystem functioning in dynamic
landscapes. Philosophical Transactions of the Royal Society B 371.

Cadotte, M. W., K. Carscadden, and N. Mirotchnick. 2011. Beyond species: functional diversity
and the maintenance of ecological processes and services. Journal of Applied Ecology
48:1079-1087.

Cardinale, B. J., D. S. Srivastava, J. E. Duffy, J. P. Wright, A. L. Downing, M. Sankaran, and C.
Jouseau. 2006. Effects of biodiversity on the functioning of trophic groups and ecosystems.
Nature 443.

Casas, J. J. and E. Descals. 1997. Aquatic hyphomycetes from mediterranean streams
constrasting in chemistry and riparian canopy. Limnetica 13:45-55.

Chagnon, M., D. Kreutzweiser, E. A. D. Mitchell, C. A. Morrissey, D. A. Noome, and J. P. Van der
Sluijs. 2015. Risks of large-scale use of systemic insecticides to ecosystem functioning and
services. Environmental Science and Pollution Research 22:119-134.

Covich, A. P., K. C. Ewel, R. O. Hall, P. E. Giller, W. Goedkoop, and D. M. Merritt. 2004.
Ecosystem services provided by freshwater benthos. In: Sustaining Biodiversity and
Ecosystem Services in Soil and Sediments (Ed. Wall, D. H.), pp. 45-72. Island Press,
Washington D.C., U.S.A.

Dangles, O. and B. Malmqvist. 2004. Species richness—decomposition relationships dependon
species dominance. Ecology Letters 7:395-402.

Dolédec, S. and B. Statzner. 2010. Responses of freshwater biota to human disturbances :
contribution of J-NABS to developments in ecological integrity assessments. Journal of the
North American Benthological Society 29:286-311.

Duffy, E. 2009. Why biodiversity is important to the functioning of real-world ecosystems.
Frontiers in Ecology and the Environment 7:437-444.

Feio, M. J., S. Dolédec, and M. A. S. Graga. 2015. Human disturbance affects the long-term
spatial synchrony of freshwater invertebrate communities. Environmental Pollution
196:300-308.

Feld, C. K. and D. Hering. 2007. Community structure or function: Effects of environmental
stress on benthic macroinvertebrates at different spatial scales. Freshwater Biology
52:1380-1399.

Fernandez, D., K. VoB3, M. Bundschuh, J. P. Zubrod, and R. B. Schafer. 2015. Effects of fungicides
on decomposer communities and litter decomposition in vineyard streams. Science of the
Total Environment 533:40-48.

71



- CHAPTERSS -

Ferreira, V., J. Koricheva, S. Duarte, D. K. Niyogi, and F. Guérold. 2016. Effects of anthropogenic
heavy metal contamination on litter decomposition in streams — A meta-analysis.
Environmental Pollution 210:261-270.

Frainer, A., B. G. McKie, and B. Malmqvist. 2014. When does diversity matter? Species functional
diversity and ecosystem functioning across habitats and seasons in a field experiment.
Journal of Animal Ecology 83:460-469.

Gagic, V., I. Bartomeus, T. Jonsson, A. Taylor, C. Winqvist, C. Fischer, E. M. Slade, I. Steffan-
Dewenter, M. Emmerson, S. G. Potts, T. Tscharntke, W. Weisser, and R. Bommarco. 2015.
Functional identity and diversity of animals predict ecosystem functioning better than
species-based indices. Philosophical Transactions of the Royal Society B 282.

Gamfeldt, L., T. Snall, R. Bagchi, M. Jonsson, L. Gustafsson, P. Kjellander, M. C. Ruiz-Jaen, M.
Froberg, J. Stendahl, C. D. Philipson, G. Mikusinski, E. Andersson, B. Westerlund, H.
Andrén, F. Moberg, J. Moen, and J. Bengtsson. 2013. Higher levels of multiple ecosystem
services are found in forests with more tree species. Nature Communications 4:Art.1340.

Hagen, E. M., J. R. Webster, and E. F. Benfield. 2006. Are leaf breakdown rates a useful measure
of stream integrity along an agricultural landuse gradient? Journal of the North American
Benthological Society 25:330—-343.

Hillebrand, H., D. Bennett, and M. W. Cadotte. 2008. Consequences of Dominance: A Review of
evenness effects on local and regional ecosystem processes. Ecology 89:1510-1520.

Jackson, M. C., O. L. F. Weyl, F. Altermatt, I. Durancek, N. Friberg, A. J. Dumbrell, J. J. Piggott,
S. D. Tiegs, K. Tockner, C. B. Krug, P. W. Leadley, and G. Woodward. 2016.
Recommendations for the Next Generation of Global Freshwater Biological Monitoring
Tools. Advances in Ecological Research 55:615-636.

Johnston, E. J., M. Mayer-Pinto, and T. P. Crowe. 2015. Chemical contaminant effects on marine
ecosystem functioning - Review. Journal of Applied Ecology 52:140-149.

Kraft, N. J. B., P. B. Adler, O. Godoy, E. C. James, S. Fuller, and J. M. Levine. 2015. Community
assembly, coexistence and the environmental filtering metaphor. Functional Ecology
29:592-599.

Leibold, M. A., M. Holyoak, N. Mouquet, P. Amarasekare, J. M. Chase, M. F. Hoopes, R. D. Holt,
J. B. Shurin, R. Law, D. Tilman, M. Loreau, and A. Gonzalez. 2004. The metacommunity
concept: a framework for multi-scale community ecology. Ecology Letters 7:601-613.

Loreau, M., N. Mouquet, and R. D. Holt. 2003. Meta-ecosystems: a theoretical framework for a
spatial ecosystem ecology. Ecology Letters 6:673—679.

Loreau, M., S. Naeem, P. Inchausti, J. Bengtsson, J. P. Grime, A. Hector, D. U. Hooper, M. A.
Huston, D. Raffaelli, B. Schmid, D. Tilman, and D. A. Wardle. 2001. Biodiversity and
Ecosystem Functioning: Current Knowledge and Future Challenges. Science 294:804.

Maes, J., J. Hauck, M. L. Paracchini, O. Rataméiki, M. Termansen, M. Perez-Soba, L.
Kopperoinen, K. Rankinen, J. P. Schiagner, P. Henrys, I. Cisowska, M. Zandersen, K. Jax,
A. La Notte, N. Leikola, E. Pouta, S. Smart, B. Hasler, T. Lankia, H. Estrup Andersen, C.
Lavalle, T. Vermaas, M. Hussen Alemu, P. Scholefield, F. Batista, R. Pywell, M. Hutchins,
M. Blemmer, A. Fonnesbech-Wulff, A. J. Vanbergen, B. Munier, C. Baranzelli, D. Roy, V.
Thieu, G. Zulian, M. Kuussaari, H. Thodsen, E.-L. Alanen, B. Egoh, P. Borgen Serensen, L.
Braat, and G. Bidoglio. 2012. A spatial assessment of ecosystem services in Europe:
methods, case studies and policy analysis—phase 2. Synthesis report. Partnership for
European Environmental Research, ISPRA.

Magurran, A. E. 2004. Measuring biological diversity, 2nd ed. Blackwell Science Ltd, Oxford,
U.K.

Malaj, E., M. Grote, R. B. Schifer, W. Brack, and P. C. von der Ohe. 2012. Physiological
Sensitivity of Freshwater Macroinvertebrates to Heavy Metals. Environmental Toxicology
and Chemistry 31:1754-1764.

72



- CHAPTERSS -

Malaj, E., P. C. von der Ohe, M. Grote, R. Kiihne, C. D. P. Mondy, P. Usseglio-Polatera, W. Brack,
and R. B. Schifer. 2014. Organic chemicals jeopardize the health of freshwater ecosystems
on the continental scale. Proceedings of the National Academy of Science 111:9549-9554.

Malmqvist, B. 2002. Aquatic invertebrates in riverine landscapes. Freshwater Biology 47:679-
694.

Mondy, C. D. P., B. Villeneuve, V. Archaimbault, and P. Usseglio-Polatera. 2012. A new
macroinvertebrate-based multimetric index (I2M2) to evaluate ecological quality of French
wadeable streams fulfilling the WFD demands: a taxonomical and trait approach.
Ecological Indicators 18:452—467.

Miinze, R., P. Orlinskiy, R. Gunold, A. Paschke, O. Kaske, M. Beketov, M. Hundt, C. Bauer, G.
Schutirmann, M. Moéder, and M. Liess. 2015. Pesticide impact on aquatic invertebrates
identified with Chemcatcher® passive samplers and the SPEARpesticides index. Science of
the Total Environment 537:69—80.

Orlinskiy, P., R. Miinze, M. Beketov, R. Gunold, A. Paschke, S. Knillmann, and M. Liess. 2015.
Forested headwaters mitigate pesticide effects on macroinvertebrate communities in
streams: Mechanisms and quantification. Science of the Total Environment 524-525:115—
123.

Pascoal, C., F. Cassio, A. Marcotegui, B. Sanz, and P. Gomes. 2005. Role of fungi, bacteria, and
invertebrates in leaf litter breakdown in a polluted river. Journal of the North American
Benthological Society 24:784-7917.

Pérez-Harguindeguy, N., S. Diaz, E. Garnier, S. Lavorel, H. Poorter, P. Jaureguiberry, M. S. Bret-
Harte, W. K. Cornwell, J. M. Craine, D. E. Gurvich, C. Urcelay, E. J. Veneklaas, P. B.
Reichl, L. Poorter, I. J. Wright, P. Ray, L. Enrico, J. G. Pausas, A. C. de Vos, N. Buchmann,
G. Funes, F. Quétier, J. G. Hodgson, K. Thompson, H. D. Morgan, H. ter Steege, M. G. A.
van der Heijden, L. Sack, B. Blonder, P. Poschlod, M. V. Vaieretti, G. Conti, A. C. Staver, S.
Aquino, and J. H. C. Cornelissen. 2013. New handbook for standardised measurement of
plant functional traits worldwide. Australian Journal of Botany 61:167-234.

Playle, R. C. 2004. Using multiple metal—gill binding models and the toxic unit concept to help
reconcile multiple-metal toxicity results Aquatic Toxicology 67:359-370.

Reiss, dJ., J. R. Bridle, J. M. Montoya, and G. Woodward. 2009. Emerging horizons in biodiversity
and ecosystem functioning research - A review. Trends in Ecology and Evolution 24:505-
514.

Schifer, R. B., P. v. d. Ohe, J. Rasmussen, J. B. Kefford, M. Beketov, R. Schulz, and M. Liess.
2012. Thresholds for the effects of pesticides on invertebrate communities and leaf
breakdown in stream ecosystems. Environmental Science & Technology 46:5134—5142.

Shipley, B., F. De Bello, J. H. C. Cornelissen, E. Laliberté, D. C. Laughlin, and P. Reich. 2016.
Reinforcing loose foundation stones in trait based plant ecology. Oecologia 180:923-931.

Stehle, S. and R. Schulz. 2015. Agricultural insecticides threaten surface waters at the global
scale. Proceedings of the National Academy of Science 112:5750-5755.

Strayer, D. L. and D. Dudgeon. 2010. Freshwater biodiversity conservation: recent progress and
future challenges. Journal of the North American Benthological Society 29:344-358.

Sutherland, W. J., W. M. Adams, R. B. Aronson, R. Aveling, T. M. Blackburn, S. Broad, G.
Ceballos, I. M. Cote, R. M. Cowling, D. A. F. GA, E. Dinerstein, P. J. Ferraro, E. Fleishman,
C. Gascon, M. Hunter Jr, J. Hutton, P. Kareiva, A. Kuria, D. W. Macdonald, K. Mackinnon,
F. J. Madgwick, M. B. Mascia, J. McNeely, E. J. Milner-Gulland, S. Moon, C. G. Morley, S.
Nelson, D. Osborn, M. Pai, E. C. Parsons, L. S. Peck, H. Possingham, S. V. Prior, A. S.
Pullin, M. R. Rands, J. Ranganathan, K. H. Redford, J. P. Rodriguez, F. Seymour, J. Sobel,
N. S. Sodhi, A. Stott, K. Vance-Borland, and A. R. Watkinson. 2009. One Hundred
Questions of Importance to the Conservation of Global Biological Diversity. Conservation
Biology 23:557-5617.

73



- CHAPTERSS -

Tolkkinen, M., H. Mykr4, A.-M. Markkola, H. Aisala, K.-M. Vuori, J. Lumme, A. M. Pirttil4, and
T. Muotka. 2013. Decomposer communities in human-impacted streams: species dominance
rather than richness affects leaf decomposition. Journal of Applied Ecology 50:1142-1151.

Usseglio-Polatera, P., M. Bournaud, P. Richoux, and H. Tachet. 2000. Biological and ecological
traits of benthic freshwater macroinvertebrates: relationships and definition of groups with
similar traits. Freshwater Biology 43:175-205.

Van den Brink, P. J., C. B. Choung, W. Landis, M. Mayer-Pinto, V. Pettigrove, P. Scanes, R.
Smith, and J. L. Stauber. 2016. New approaches to the ecological risk assessment of
multiple stressors Marine and Freshwater Research 67:429-439.

Vandewalle, M., F. Bello, M. P. Berg, T. Bolger, S. Dolédec, F. Dubs, C. K. Feld, R. Harrington, P.
A. Harrison, S. Lavorel, P. M. Silva, M. Moretti, J. Niemela, P. Santos, T. Sattler, J. P.
Sousa, M. T. Sykes, A. J. Vanbergen, and B. A. Woodcock. 2010. Functional traits as
indicators of biodiversity response to land use changes across ecosystems and organisms.
Biodiversity and Conservation 19:2921-2947.

Woodward, G., N. Bonada, H. B. Feeley, and P. S. Giller. 2015. Resilience of a stream community
to extreme climatic events and long-term recovery from a catastrophic flood. Freshwater
Biology 60:2497-2510.

Woodward, G., M. O. Gessner, P. S. Giller, V. Gulis, S. Hladyz, A. Lecerf, B. Malmqvist, B. G.
McKie, S. D. Tiegs, H. Cariss, M. Dobson, A. Elosegi, V. Ferreira, M. A. S. Gracga, T.
Fleituch, J. O. Lacoursiére, M. Nistorescu, J. Pozo, G. Risnoveanu, M. Schindler, A.
Vadineanu, L. B.-M. Vought, and E. Chauvet. 2012. Continental-Scale Effects of
Nutrient Pollution on Stream Ecosystem Functioning. Science 336:1438-1440.

74



APPENDIX A

Supplementary information for
Chapter 2
Review on the effects of toxicants on

freshwater ecosystem functions

The Supplementary data comprises a table with all studies describing adverse effects (Table A.1), a
table with reasons for the exclusion of studies (Table A.2), a table with detailed information on the
studies below the effect size of 20% (Table A.3), a table reporting detailed information on the studies
in A.1 (Table A.4).






9TTSEHOFOT  Ssopssemiog 8L Ss o€ z 67 I z T z z 6007 “Te 12 2uEng
9S9FTH689'0  SSO[ssEW oG 6 pL 34 z 0z I z I z z e R
C1805LL8€T 1-4ep 69700 60200 of z T I z I z z £8007 “T¢ 12 2ueng
S10 sso[ ssew o 6¢ 24 #1 1 9¢ 9 1 I z z et
- 8 LT 00 §2900 1 1 9 1 1 1 3 SR
€0 1-dep €100 £600°0 0z z 8z 9 I I I € 600 “T2 12 EuEIS3g
89FSHO66T  Ssofssew 9¢ 1z 1z z 4 I z I z z 010¢ “TeeTE03sEg
1€896C/TC0  ssopssemrog 0s re of z 43 T z I z z 0107 “T¢ 12 somapajy
6€891967€ € [-Aep $9€0°0 81200 1z z I+ I z I z z 110 “Ie 12 ueypexg
2760908571 1-dep 8950°0 61200 1 z of I z I z z 1107 “e 12 ueypesg
FESOFO0E9 T 1-Aep 8950°0 LETOO 1z z 9¢ I z I z z 1107 “Te2 ueypelg
€SPFSPSSTT 1-&ep $9£0°0 80200 1 z et I z I z z 1107 “[e e ueypesg
ST0SOSOLTO  ssopssemngy 9 re 71 z 6¢ z z 1 z z N
SCBHISTIED  ssorssemo 96 87 #1 z 0s z z I z z e
ISESLSESOT  ssopssewog 9¢ £t PT z 34 I z I z z T
LLGSSSTOVE  ssorssemo 8 <9 8z z 1z 9 z I z z 2007 ‘TR ueddn)
00°1- ssof ssewo, <9 Lt 8 z 87 9 I I z z 2007 ‘e uaddn)
' ssop ssew o o< o€ 8 z or L I I z z " Eeamm.wm,wﬂ.u_m
STLO6VISET  ssopssemog 0s L€ 87 I oz £ z I I £ 0107 “TeewEEq
aneA (fonjuo2) oy . [onuod 03 . : :
na weae me o G s JECH sw ma s Mm S g
3010 pemsEaN %

"€V S[qe[ 01 13JI oM SUOTIRNITeD ) [80] Pa[Te1ap 10, '1Xa) UTeW 8y} Ul S2IUn JIX07 JO UOIIB[NIE,) 018ZIS 108]Jd wn
sxe1deyo Se [[aMm Se MO[aq SuorjeuR[dXa 995 SUOIIBIASIGYE UO S[T8]1aP I8Y1INJ 10 *(SUOTIBAIISGO G

48

1) S D.H.moﬂ pue so[qerrea L1ojeue[dxa @Eommmon
[I1M SUOTIOUNJ WS A8002 9203 UI (dourwIofrad paonpal=) §103]79 95I2APE SUIGLIISIP MITART Juasaxd o] Ul PaIapisuod sarpnig ;1Y 3[qe],

77



LIGCIE00CE  yyemro8 0%z tT61 8T 3 0T 9 € € T € 1661 “TE 32 pUE[sso1)

1866¥E6L6'T  ssO[ssEMNO, 001 08 910 T 0T T € T T T Jaﬁuguﬂn&m

TESSEECCTE  gpen s ¢ L z 6¢ < € € (4 z 600C “Te12 preuueg.

09T P/Tw/zo8 €90 870 ¥ € 9 1 1 5 T 1 L66T “Te ¥ MH

Lo 50 or 1 14 T 1 T T €

6v812Ts-  (P+8)/zonsn 0 b3 ¥ T 43 9 z T 4 4 £00T “TE 32 NEJU2pLy,

67655769'1-  A®p/70fw 9000 84000 <€ & 0T € € & z € 00T “T8 32 uosTm

L989€0¢80

e 1-4ep $850°0 75700 z 1 s L 1 1 T 1 L00T “TERIFEPS

861 sso[ ssew 9 € 1t o€ z 4 I 1 1 £ 1 18007 “T 32 sompajy

96961$989C  sso[ssEmio, 8L < (13 T £ T T 1 T T 600 “Te 32 21Enq.

78



9€0- 1-dep €200 100 8T (4 Ls L n & 5 . —

WHOILSTT o

63697E1S80  ssorssewoy 8L <) 43 T €4 1 z I T 4 6007 “[e3R sapuewag

e S 6t z roow : ; 1 P cest Tk

- o S X £ & ? ¥ 3 1 3 9861 “[E 12 29EMEN

10 1-&ep 6£00°0- L1000 1910 T 9 9 T T 1 T 0661 “Te12 K2uggn)

{33 1-4ep £500 6000 42 (4 8 1 1 ¥ 3 ; —

= v ss00  sso00 e T s 1 ' . £ 50z ey

€L 1-Aep 68000 76000 01 z w 1 T T E . PO —

1€19¢PELLT

79



"o1oIgo=g “oposida=T :J
‘s1a710=7 ‘[elew Aaeay=] :2 isjuejd onenbe=¢ ‘Ajunwwmod
Arewiuid=¢ ‘uonendsar AJUNWWOd=7 "UMOPYNBAIq 12]11] Jeal=]

farnyxIw-opIonsad=/ ‘2PIdI0ASUI=g "APIIGIAY=C "PIISUNJ=f ‘s[edrynaseuwreyd=¢
12s0dwodap [eIqOIdIU=7 ‘AJUNWINOD I0ANI]p-1asodwodap=] :p ‘uononpoid
10 PO1UR[=7 "o10J=] :q P[eH-Tas=¢ 'AI0JBIOQR[=C "APNIS P[2IJ=] :B :SUOIBIAIQQY

8TEEC0086'T

6S€L9TSTO0

6SELOTETO0

Fr o
¥ro-
TLT0€00€T°0
FISTOLEFTO
ELTTSCECY0
9TLEGEYIOY
17090£FS8°0
€90

Sl

1-4ep
/T Zo Sw
Ty 7o St
1-Aep
1-4ep
/gy pSw
WT/Z08w
41/708w
Y/7osw
41705
1-AEp

1-Aep

781000

160

L't

67000

6100

Lte

8¥0°0

8¥0°0

8¥0°0

9<T100°0

690

960

12000

£9000

€00

1100

100

-
<

6

6

6

€€

8T

T

(]

-

o

0T

¥T

¥r

LS

6€

[4

Laa}

o

T

(]

[aa]

(az]

I

(o]

(]

(o]

T

o

(2]

Tioc
“IE 12 UaSSNWUSEY

9661
“[e 2 weysSunwag

9661
“IE 12 weysuuuag

9661
“[E 12 WweysumRg

9661
“[E 32 WEySuag

9861 “TE12 UBWIRH
£661 “[E12 PUEEEOH
£661 “[€12 PUESEOH
€661 “TE12 PUEfSEOH
£661 1812 PUESEOH

T10T “[E 312 12qny

1107 “[E 32 13qny

80



€661 T 12 ZopUa2\

- , . ~$00T “Te 32 wewmylg f010T “TE 32 IPIUYS 190107

*800T e 12 JA[[BYDS “BQTOT “TE 12 F[RYOS 00T YOHAGIS PTT TTTTOS G8GT B[O PUR B[RwWRY

“#861 “Te 12 Suissal [000T “Aql[eIN pUe mom0o] 18007 “[elPUR _  )QT IeSue[nogaT pue osuog
(o]

£00T ‘Basy pue J00poop 700T “TB 12 [I'H

00T “UAINH PUB JI00POOA ‘8007 YAURYING PUB IUAA [0QT T8 32 IS0AIN
183007 “'Te1° IastamzInary 1107 FTe 1° IasamzInary 8007 F'Te 12 Zowon) (086 ‘UOSNUSEJN PUe $2GI0]

L861 “T8 12 qnpOIeIS {0107 ZAWOD PUE BLALG (TEE] SUIR)) PUBISUYS[IIPAN
. . ‘  T661 ‘wewplon pue Aqeed 0107
“Te 32 [IHH *S00T “'TB 32 [B02SEJ 13007 “1eANBY) PUB 112027 1007 "B 32 33[HH ‘98007 “TBIR21enQg

1661 “qioog pue AQIeIN ‘L661
“Te e waddn) {000z “Tele vaddn) fg66T T 12 Jo0Ig ‘00T “SUIpIRH PUR UApUIRd (900T B 12 SUY

L00T “T®
12 22194 (€661 B 12 [[PYSIAL 1107 T8 12 seAJeouon) (886 “Iulod B pue A3ssor) L0907 “'Te121anbe)

8661 “Te32 [PIAS q700T T8 12 IS0AIN 19007 “Te31° [NEN [00T “2pOY pPUe UUBWYST [ 10T T8
12 ssneIy (€661 TRqUH ‘1107 TR 12 vIsUOOg (90T ‘UIPOMRJ PUE UOSSIOq ([((T “BORID PUE OY[2QY

686T “TB 12 20B[[RA\ 0007 “'TB 12 JBYPHS 1107 "B 12 IJRYDS 1007 “'Te 32 ssnery

8007 ‘Te 32 uropned 16007
"ZINJN PUB JANYOS 1L00T “TE 12 2mO0Y ‘00T TR 12 UHIRJ (0661 ZIUNN {0107 “ZIMIOH PUE YSNO[n )N
'900T “TB 312 1YQT G007 "B 1R SSUIART ‘TE6T “AGI ‘qp00T "B 12 SA[SURQ BH(OT TR 1R SI[SURQ

PAINSBIW UISAXO PIA[OSSI(T

PRInseat }sa121ul JO uoHouny oN

pauodarjoruod oN

papiaoxd
10U SUOT}BIJU0WOD JUBDIXO T

UOIBAI2SQO %umﬂﬁaaoo ON

suonipuod argdoring

90T UBY} I2[[ewus 10235

SISOUWHIOY]

2S[qEIORIIXa 10T Z1S 10T

(suonjerjuaou0d
'8°3) Ajuo uonewIOTUL
[EUOIIIpPE I0] PA3[NSU0))

SUOI}IPUOD JIPIOY

SVUAIRY

UOISN[OX2 I0J UOSEay

"1X9] UTeW JY] Ul §703]J8 PaAIasqo pue saIpnis Uo MaIAI2A() pue
uoro9as aan3e.rary s131deyd 23s S[Te1ap AI0W 10, "(SaTpnis g) ) £pnis juasaad oY) WOIJ STPNIS UTB1II JO UOISN[IXS 3] 10] SUOSBAY GV 2[Rl

81



TS61 "B 312 20B[[BA\ 1S00T “[B 32 FRYPHS (6661 ‘BSYOUPUSIH PUE SRYIAYDS *BTOOT
T8 12 1804IN $07007 B 12 150AIN {6007 *'TB 12 1S0AIN (£00T *'[B 12 Jastamzinary (g1 “'Te12 Suny)

$00 1°8INqUR)[y PUe UISUR[-PIWYDS {5007 T2 12 SSNBIY {6007 ‘THAQUIRT PUE YA\ -SURAT

BJED MBI JWIES 0] SULIajay

I2]BAYS2I] J1JU[ JOU O1O] I2YIAN

82



adunw=¢

"01I0IYd=7 "d1posida=] :p {amnixim-apronsad=¢ 2pIoI}0asUI=}; "IPIIGIAY=¢ "PIISUNJ=7 "[eIaw AaraY=] :d {"AjIUnwWod 125s0duw0d3p [BIGOIdI=7
SAJIuUnWod 210A1}2P-1250dW0daP=] :d {'UMOPNBAIq I21I] JeI[=] :q :"010J=] :q I'pP[ey-Nuas=¢ ‘AI0jeIOqe]=7 "Apnis P[iJ=] B SUOHBIAAQQY

% €00z ‘sulpreq
SE0[ SSBW 9% vL oL €9 é g T ! puE uepuIeg
9181 £BI9P % 1é 61 4t € 0T G I € 900z “Te 32 811y
SE0[ S5BT:% 144 8¢ 8¢ é el 4 4 G 0003 “Te 3o uaddn)
1661
BES0[ SSBU % €6 8L <ot é 91 1 (4 1 “y100g pue QeI
SESO[ SSBUW 9% a8 é8 8¢ I ¥ ¥ I G €661 “Te 12 ¥20ag
SSO[ s58W Y, 1€ 8¢ 8¢ G 0T € I 4 L66T “Te19uaddn)
(318 ; 20 _
on[eA peInsesta (1013102) per0agye) (s£ep) treusos [013U02 01 »adA] qdnoas ®
30 41UY anrea anea Elegel o1 zoﬂoﬁ.%om u w walsss 20UaIayay
paanseay pamsespy amsodxy nsodsa % BOIXO], smeldr) Apnig

"7 121deyD JO 1X2] UIRW 2] UL 2218 102fJ2 wnuuipy 121deyd se
[]oM SB M0[2q suoneur[dXa 235 SUONRIAAIGQE UO S[IR}AP I2HN] 0] 'STW21SAS032 210 Ul UMOPYeIq I2131] Jed] 10] AJUO PIAIISGO 1M $10[J2 353
"sajqenrea Arojeue[dxa 2a1102dsa1 3] YIm (9407 JO ZIS 1032 Y] M0[2q douewIopad paonpai=) S]03]J2 ISIFAPER SUIGUIDSIP SAIPNIS 9 €'V J[qRL

83



7861 “TIYINRY £79€SL100°0 -069 1T1 SISy
9661 TEE[2qq01D) . . .
PUE 194331 1P UEA 9987518000 S8L ¥9°0 Amo3py
T 110T
uo.
QM.M P61E07E0°0 v ore T “pwsapouen
< e 1 e TRTETE S TSHSTIFTO0 =678 0T ourz
VN VN 81T WNTUEIn
9007 “Te 1 1Eg-1TeUIyg 899/0°9£1T  s¥66EL0FET 0005 TWOLRATIS
9661 ‘TEE[2qq01D €0THFESTI ST 499 00001 uouaddo)
PUE I2A39H 13p UEA i
j 110T “TE32 UEYPEIL
9007 “Te 1R IREg-HEeUI QEESITLTE  H66ELOFET 000001  I2AISOUEN
. pxoraddo)
7102 e 1R e LT99ETE 181 $15S 000001 % ol
L661 “TE1R BIqURG SHT6L9881°0 81€ 9 Wniwpe)
1107 "BRRJEYS c7/67¢70°0 SO08T998+°0 11+ 00T UAIRUEURY
110T
I 12 BYUUIAION
110T “Te32 12JRY0S S0081998+%°0 11+ 00T QUAIRUEUY
L661 “TE1R BIqURG TLYSLOT ETT 81€ 009€ WNIWpE)
1107 INTYdLO04 900070 £=00¢T 1 SUEpUIT
6 ; :
O c0-dE61LLS =0LS c0'0 sojuidiory)
1107 "INIddLOOd 1£L89000°0
7007 “Te32 waddn)
7007 ‘B3R maddn) $0°0 VN VN auepury
2007 “Te3° uaddn) ko 500 VN VN  sojusdioy)
= S0 : 7
110T “TEl2 12JEYS ioovbre  L99999p9El L'  UODMWER
- 0 . —
110Z “LNI¥d1004 e 00085 ¥S sy bOOZ e
. 08L106T°0 8L . . UUofeyAd 32 uapreeSuliy wea
1107 “INI4d1004 LTS 9€0 10 —epquie
: LT y
TWEeuIZen:
1107 “LNINYd10O0I i 0Tz LT 1Zen|q
1107 “INT¥d1004 £10.86T10°0 =00LL 001 TWIZEpUQIe)  Q]0T el weeq
DIoNaoIqns g . i DIDAIG05q] nNOnUN o - ]
20u21232Y 00T ms TR, Ugp Ewamsyy mamany medocoaysy [18M]om  2dumsqng WY

"JX2] UTBW 2] Ul SI1UR J1X0] O uoupno[p,) Pue 2z1s 122fJ2 wnuwiuiy s12)deyd 22s s[iejap Jayungy 10 () 1) S1iun 91x0] paje[noJed pue
sanjea 0§DF Y8{ PAIB[2I PUR S20URISqNS PAINSBIUW PIBS1ISAAUL YIIM (SUOIIRATASqO ¢/ =U) uonediqnd juasard 2] Ul PaIapIsu0d sAPNIS 'V "qel

84



7107 “Te 12 ey
7107 " TR ey
7107 “Te IR feey
7107 “Te 12 ey
7107 " T2 ey
7107 “Te12 ey

100 "Uassue( pue uassAnpy

9661 ‘TER[2qq0ID
U_HN I2A22H Huﬁ UEA

1007 ‘UssUef PUE UassAnjy

100 “U2sSUB[ PUE USSANJ]

9661 “TEB[2qq01D)
PUE 19A32[ 1P UBA

1107 "INTYd1004
110T "ILNI¥d1O0A

1107 "ILNI¥d1OOA

1107 "INT¥d1004

1107 "INI¥d1004

100 “WISSUE[ PUE UISSAT\]

VN
L6617 12 BAOSESIR]

800T “'Te 12 OBXIEJ

T
$95698°S8Y

9
868T0TF #T

8
6IEEF6OEE

SPEF0EI6 8
L1TS9S6°9¢EY

SFEFOET68 ¥
6ELTTSOS 61
FOPCLOSSS ¥

SEE0000°0

969809T8°L6

TOF8ESTITO
LELFESBLST E

=8ET
(459

=8¢l
=8€1
[4ss

=00€

=8¢1
VN
we00TS
=S¥

8¢
L0TS0T10°0
(44
6¥68000°0
8¢
Fe0100°0
80
€L59000°0
0
1594+00°0
6L
£€58+00°0

9L
11+1000°0

%3
£€856T0°0

Ly
9L11000°0

6¢
0£0T000°0

057056 01
ST+EFOLY 009
LE°68996 001
LELOVISE 00¢
16°5860C 001
0T'+090C 001
0.9

00TI#C

SL9

00LT

089T

00058 Tl
€90100

9¢0 S$90100
000¢8 01
000¢8 9Ll
00S€T

00§L

00TI

00¢T

1addo)
peaT
LALL o )
urz
asaueS ey
oIy

2ULZ
12addo)
urz

LY
12ddo)

pudoyoepruy

ULRoTeYAd
-epquIeT

uLoreyAd
-epquie]

pudopoeprury

pudooepruy

durz
uoIy
IsaueSuepy
uiz

800T
T 12 SOIIRPay

600T “Te32 auEnQg

£007 “TE3R auEnQg

BR00T “TE 12 Areng

800T

B 12 IasaMZINATY

800¢C

[ 12 UAsSSNWSEY

6007 “TE12 BURISA

010T “Te32 [e0IsEq

010T
“J€ 12 SOIIRpajy

85



7661 “[e1R12nbe)
1102 "INIYd1004
VN

110T '9dsA

1107 '9dsA
1107 '9dsA

VN
1107 °'ddsA

110T 'ddsA
1107 °'ddsA

T10T T2 ferey

£00¢
“Te 12 araeppydureyds 2Q

T10T "Te 32 fefepy

L00T “Te1R 13RS

£00¢
“Ie 12 2arepyduweyds 2

L6617 Te 12 BAOSESIR]

VN
7861 1YY

T10T "Te 1R feely
T10T e feely

T10T “Te1R feelN
110T "sne[) pue ssog

L4
1¥L6T0T0°0

€0TSTLIO0

&
FESICSIT O

9000000
S0-HE0TTE 6

90810070

1£8180910°0
16060+CT00°0

EI91ISST00°0

1L6FSOET00
SS¥E+0T00°0

968EETIFI 0

£806€¥+80°0
80€T69L00°0

L569809T0°0

=50
=0811
VN

=001¢€

L1 4
=00TT

VN
=001¢

=CFE

=00T¢

=678

=678
we00T8

VN
2069

91
¥8CT+010°0

ST
01612000

<

£957000°0
1L
¥C9LL000

<L
£ESTO00°0
84
090610070
6L
£€S8F00°0
§C

AFT,eAATA

£00000°0
11°0

LS

9¢

w
W

98'¥
18%
L9¥

0 4

LELOVOSH 0001

L1

LELOPOSE LT1
VN VN

0L

0%

001

81

LELOVOSY 0L
16758607 ()4
0T +090T 001
0T1¢ 81

MR LE .
ueide)
urpAdsxoqg

uf
J43en2u07Y)
u
DAJEDRALXQ
urpAdEnaL

urpiaixoq

A
245enauory)
u
PAJEDALXQ

urPAdena L

2utZ
ourz
M7
2IMEIN 22§

ourz
asaueSuepy

oIy
SISTY

urz
3sauESURJ

uoIx

SISTY

00T
“Je12 YEFURPIA

£00T T 32 UOSTIA

#00T “Te 32 UeIysey

SO0 SIWAWRD)
pUE 3[ST[IED

£00T T2 19728

86



1107 "INI¥d1004

9661 TEE[2qQ01D
PUE 1223 I2p UBA

L66] "UI'] PUE UYD)

£00T
T2 12 arepaydureyds 2@

9661 TEE[24q01D
PUE 1A 12p UEA

0661 “TEE[2qqOID
PUE 12422 12p UBA

L661 U] pUE UY)

€00T
“Ie12 azepydureyds 2

9661 “TEE[2qQOID
PUE 124223 12p UEA

1107 "INIT¥d1004
110T “Te32 13FERS
1107 "[B 32 RIEYDS

1107 “Te 12 137818
10T "3 fee
10T e e
7102 "Te12 fereY
7107 “Te 3R ey
710 “Te12 e
7102 "2 ey
T10T "Te 32 ey
T10T "Te1R e

1107 "B 12 12JEYS
1107 “e32 I8

s
F6TFISES6

C
98¢TO8I 11

£
EEEEEESET

8FHE0IE6T 0

88/8/818L°C
FIES0LTT6

1ST8+00¥T0
FI0TL6LS00

$OE9E9E89°0
STHOI8EE 01
CIE6TEES00

96980156070

FOE9€0€E0¢E’1
10£669000°0
EEEEEEE00°0

SE1

SO-HLS8TH 9
969.£8000°0

SF1
€T°90T
aSE°01

6C8
7S¢

£T90T
aSE01
=678
(43S

w=00FF
£Fl
09¢

P
C

8%
76152000

8v
76157000

L
¥L9¥000°0

0000%1
8¢

18
0E£SST00°0
<
0£56000°0
<0
“HCOFIE'T
18
0E€SST00°0
G
0£56000°0
<0
HIOFIE']
S0
-dSL8LE°T
£8
9E++000°0

87
SLS

€56

661
(43

824!
LOT
§es
A4S
0009
10
1
I

o

0T°¥090T (43

16°5860C 0T

LELOFOSH 9

0T #090T (43

16°5860¢C 0t

LELOFOSH 9

L£°68996 s

(o]

LELOFOSH €70

(o8]

)
£3)
o o

AUOUWIZEXAH
- TredjRA

wnpmpe)
peaT

SV A
12ddon

WNIpE)
PR
2Lz

1addo)
aesoydLn

QUIZEDY
UIqQONSAXOZY

womi

oIy
asameSuepy
AUz

oIy
asameSuepy
QU7
WNIWpPE)

iz
GIELILL

uoImo1dosy

S661
“Te 12 12plautydg

000T "TE
19 eALrRyOENRYg

£L00T TRl Za1g
600T T 12 pIeuuEqd

110T
B 12 JATRUR[[IA

L661 "B R IH

+00T "muﬂung

87



7107 T8 e
T10T B2 ferey
T10T B3R e
T10T "B e
T10T B3R e
T10T B2 ferey
T10T "8 e
110 "Sne[D pue ssoH
T10T "B 32 12JEYDS
T10T "Te32 ferepy

110 "SNE[D pPUE SSOH

1107 "LNI¥d1004

0661 TEB[2qqOID)
PUE 124221 I2p UBA

T10T “Te32 feEl
T10T "TB1R ey

T10T “Te3R fefen

T10T "R feelN

0661 ‘IEE[2qQ01D)

PUE I2A23H I2p UBA
T10T “Te3R fefeN

$00T

e 12 areppydureyds 2
L661 “TB12 UAYD)

9661 TEE[2qQ01D
PUE I2AH 1P UEA

9661 TEE[29q0I1D
PUE I2AH 1P UEBA

1107 "INIYd1004

¥
E6TEPOELT

91000
9868C5+00°0

9T8L¥8910°0

10SS9EE6F'1
SIOF8ESTIT O
EEEEEBSHO O

S8#8+8+80°0

91£000°0

86

€86SST 1T

000
£=005T
(43S

18

9109660
(4SS
=678
at¥l
(4SS
€T 90T
£=005T

SL¥9000°0

¥8
6££8T00°0
S
IFSLELY O

#EIOI6°0

68
99T#T00°0
oF
LL66E6ET
LS
98568700
8¢
658500070

VN

¥+
810£970°0

SL810°0

€L
TI91#25°0
10
¥9505€0°0
L0
1#089€+°0
£6
Z80T¥00°0

L6
9L61+T0°0

SE6EFFST
ST #EVOLY

6T°59C¢
16°5860T
0T #0907

05056

L5°68996

0TI¢
VN
05056
0cIs

16°5860C

LELOVOSTY

0T #090¢T
057056

05056

001
0061

002T
00161
0¢

0€TET

008¢

VN
£C

00011

00091

0006

umiqns
peaT

FAPIN
asaueSuEpy

oIy

12ddo)

WNIWIPED)
SISIY
2IMBI] 23§
1addo)
SISTY
JuEpury
1addo)
asaueSuepy
BV A

uoIy
1addon
12ddo)
1ddo)
urz
[PAIN
12ddo)
wnupe)

auepwy

1007 “Te32 BypUs

10T B2 I12JBY2S
800T “e12 [2ssnoyg
£00T T2 WiIIEYD

€661 TR 1R [[RYATA

<861
“121e)) pUE pUE[]

£861
‘PIep) pue ABID

#861 2MPH

L661
Te3R SRS

8861 U0
BT pue £3s501)

1661
“JE 12 pUE[SSOID)

88



T10T "B fErEN €9TL0T00° LELOVOSH 1°68+% Uz
= <0 8
i
Z10T Te32 BB APTHEOT LS 68996 1 WnItpe?
e LS8 2 z
1 [E 12ddo
C10T Te3° [E[EIN 006ZSET 0 05056 9°8T1 D
- 0 : .
G
10T Te3R [B[EIN % 69140070 67°59C¢E el [FHPIN
i : S0 - B2
Z10T Te3R [E[EN 8TI9THE 0O AlLbLb b ST VEFOLY 0¢ PET
2 4 ; : (
[
C10T TeR lEEN 682050070 98 S1L 9t A)WnImoIg)
- 6 .
1k uo
T10T Te3R [B[EIN 05589810 0T #090T 0S8¢€ 1
T10T “Te32 e € EFTISII 6CI1 Wnuny
€8SS600°0
. S661 e 12 AQUEN
2. —l - -
T10T 'Te3R [B[EIN 05910000 LELOPOSE L¥L urz
= <0 2
1k WNIWPE
T10T TE3R [B[EN APTEE0T LS 6890906 I Twpe’)
= 78 £ 5
[ ddi
CI10T 32 BB 815965070 05056 TLy Iaddo)
“re1le L9 2 A1
T10T Te3R BB 9 795/700°0 67°S9TE 6 FHPIN
= 8900860°0 <0 ¥ .
i
Z10T Te3R [E[EN q1<617°9 ST HEFOLD | 84 PERT
- 68 : (
1kE
10T Te3R BB 91855000 98°STIL 4 yummon)
2 9¢ .
[i
TI10T Te3R BB\ 6-£9820°0 0T #090T 06¢ uoI
.. 6L 2 ’
Rk TNUTTIn
Z10T '[e3R [B[EIN ZEETTT10°0 EFTISIT SIET unpy
1107 "B 12 I12JEY2S 00T 0% 00007 IO[YIAXOTHAN 98671 “[EI2 JE[[EAY
. oL auoryodiy L861
1107 INI¥d1OOA crcicicl €€ 0sT umipos “Ie 12 TRWMAN
110T "B 12 13JEY2S 9¢'T 0¢ $TT IO[YPIAXOWRAN 0661 “TeI2L3uzIn)
- 6 .
SRR b
T10T 'Te3R B[N 1500060°¢ LELOPOSHF  000009T urz

£0

89




1107 "INTEd1LOOZ eIFTCio0 08¢ 671 uoimoidos]

1107 INI¥dLOOA Lo O16LT0 %M 0bT L9°0 wedMmRIMIIQ
- 3 110T B3R QDY
110Z "INIYd1LO0OI ¥C086++°0 SrareT ww 11°0 9v00  UURURIIG
1107 “Te12 2JEYIS a0 0T 6t'1 wqonsixozy
i : 861
1107 °INI¥d1OO4 SEL60£550°0 200506 0005 AOWIA e o T
¥1 ouydisyapy £861
6161 *[e12 1SINYYTE Cathiie 00%1 0008 e
; e - : 6007
100 “u9ssue[ pue uassAny SLTEHHTOT L +8€1 086 MWZ ey sopurmg
$00T . .
R 658TLFTST 0 678 b oTT ouz
9661 ‘TEE[24q0I1D . ,
ey S8+8+8+00°0 7907 1 wmmpe)
9661 ‘TEE[2qq0I1D : :
PUE 194331 19p WeA 1558687500 Tss T6T 12ddo)
L661 “Te12 USY) 8 €8HLISTS0°0 aEb1 811 PPIN
L661 urTpueayy LOE9SFOTE 7 ccacay SE0T 13 pea]
800 “T8 12 OBXTE] 9L8S6TE00°0 0L6 I'e  wmmmor)
VN VN oLy oy
110 “[E12 23220H WEA 800000 0000001 08  wmummly
710T “Te 12 feEy o Zoo%w LELOVOSE 971 suiz
T10T “Te 32 ey umv?mom.w L5 68996 I WINTWpe))
710T “e 12 feE cozL om%w 05056 76T 12ddo)
L . .
7107 “Te32 fee : 67°59T€ 811 PPIN
6 LET9E00°0
7107 “Te3 e Losss900 tmm STHEFOLY o€ peat
% 65 . . (I
f
RISt FOEEF00°0 IR 't Awmmmorn
7107 “Te3 e it mmmoﬁ.w 0T+090T oLk uoxr
7107 “Te12 ferely 86 € TISTI 08  wmwmmpy

0£LL900°0

90




1107 "INI¥dLOOS
110T "[B32 13RS

1107 "LNI¥d1004
1107 "INI¥d1004
1107 "INI¥dLOOZ

1107 "INI¥d100d

1107 "LNI¥d1004
1107 "INI¥d100d

1107 "INI¥d1004
1107 "INTYd100d
110T "INT¥d1004
1107 "INI¥d1004

1107 INIT¥d1O04
1107 "INI¥dLOOI

1107 "INITYd1004

110T "INI¥d1004
1107 "INI¥d1004

1102 "LNI¥d1004
1107 “TB12 1978428

1107 "INI¥d1004

SO-H60EEF T =CT8
F10986€1°0 34!

L

F0TLTET O

6
OTI8ISED

88
0SLEBEF O

8T
8F#ES00°0

€000°0

6%
0L+#9£00°0
S0
-4769L0°E
81
S8I8I1€TTO
91000070

oL
8+¥+800°0
L9
991+000°0
{89
¥LTOS00°0
S0
-4269L0°E
LT
LTLTLEE O
51000070

£6
0TL1000°0
cs
968901070

SLETO00
81
SI8SI8IF 0
(4
£956900°0

20
£601000°0

6L

08¢
0¥T
01§

006¢

0TT
00sT1

08¢

0T

01§

006€

07T
00sT1

00€¥

08§
() 04
110
0T

00E¥

00

I'e

1o

981

1o

I'e¥
<0

L8°T

Zro

TrL
61°0

¥L°0
<9
LSO
9+0°0
91

L¥0

upuRgg
auizeny

uormyoxdosy
UE T AT
GIesomsolg
JTuAxo]

Trurpoxds<)
[uAxowoig

uoIn01dosy
UEOTUS JIYINCE
qIed0][NsS0Iig
Trudxor

jurpoxdin
[uixowolg

ZEIo[yd0ig

uoinjoxdosy
UEDTURINIICT

RIS L
UIQONSAXOZY

ZEIo[yd0ig

£661
“Te 312 puE[SEoH

91



saroads umouun=x ‘ppnoolLiponbp snuisapausdS=g5 ‘SUDPUNGD SNUISaPauUsIS=@ ‘Snpoldsqns snuisapausdg=11
‘viondpogns syaoopydpy=,, :s2102ds 2BS[R 2ATJBUI)[R *2[QR[IBAR JOU=P ‘YT6=0 ‘YH7=q ‘Y7/L=F 2w} 2nsodx2 {J[qB[IBAR JOU Iy N :SUOTJBIAIQQY

10 “[e1? uassnumsey

L661 “Te12 UYD
L6617 TE12 BAOSESIE]
VN

T10T e fefEly
T10T "Te R ferely
T10T e ferely

110T "B 12 1JB1S

1107 "INIYd10O04
1107 “'Te 32 13JBY2S

1107 "INIEd100d
1107 “'TB 32 127BY2S

L¥0100°0

o SIESSOFIE0
LLETTIO60 7o48£C08S0

WL8STIFL 0
S0-I60EEH T
ELSTI86ET 66c10086€°T

6 60£€¥T000°0
she0T0p1 0 TI0986ET°0

VN

at¥l

vp00T¢
VN

£Vl
1eCT8
erl

=CT8
eFl

66
6TE6LTL O

194
050¢€
0TLIT
ce 2
€1SL€10°0 6T 59T¢ St
86 ¢ -
CCEECHT 0 16 £860T 050¢
L9 G o >
00188950 0T +090T 0TLIT
901
700
00T
0
0T

AIMEIAI] 3238

PHIIN
2saueSUERY
oIy

[PHIN
sAUEB UL
uoIy

Juwizeny

upuRyIg
UIZEDY

uupuRyg
aurzeny

<10t
“JB 12 Uassnwsey

9661
“Te 12 Wweysuruuag

9861 “E32 URULRH

92



REFERENCES

Abel, T.H., Barlocher, F., 1984. Effects of cadmium on aquatic hyphomycetes. Appl Environ
Microbiol 48, 245-251.

Abelho, M., Graca, M.A.S., 2001. Use of a flow-through system for assessing microbial respiration
rates associated with decomposing leaves. Limnetica 19, 169-176.

Arts, G.H.P., Buijse-Bogdan, L.L., Belgers, J.D.M., van Rhenen-Kersten, C.H., van Wijngaarden,
R.P.A., Roessink, I., Maund, S.J., van den Brink, P.J., Brock, T.C.M., 2006. Ecological
impact in ditch mesocosms of simulated spray drift from a crop protection program for
potatoes. Integrated Environmental Assessment and Management 2, 105-125.

Auber, A., Roucaute, M., Togola, A., Caquet, T., 2011. Structural and functional effects of
conventional and low pesticide input crop-protection programs on benthic
macroinvertebrate communities in outdoor pond mesocosms. Ecotoxicology 20, 2042-2055.

Barnden, A.R., Harding, J.S., 2005. Shredders and leaf breakdown in streams polluted by coal
mining in the South Island, New Zealand. New Zealand Natural Science 30, 35-48.

Baudoin, J.M., Guérold, F., Felten, V., Chauvet, E., Wagner, P., Rousselle, P., 2008. Elevated
Aluminium Concentration in Acidified Headwater Streams Lowers Aquatic Hypho-mycete
Diversity and Impairs Leaf-Litter Breakdown. Microbial Ecology 56, 260-269

Benhra, A., Radetski, C.M., Ferard, J.F., 1997. Cryoalgotox: Use of Cryopreserved Alga in a
Semistatic Microplate Test. Environmental Toxicology and Chemistry 16, 505-508.

Bermingham, S., Maltby, L., Cooke, R.C., 1996. Effects of a coal mine effluent on aquatic
hyphomycetes .1. Field study. Journal of Applied Ecology 33, 1311-1321.

Bhattacharyya, S.B., Saha, S.B., Basu, S., Choudhury, A., 2000. Influence of heavy metals on the
photosynthetic production of phytoplankton of Mooriganga river, West Bengal. Journal of
Environmental Biology 21, 153-156.

Boisson, J.C., Perrodin, Y., 2006. Effects of road runoff on biomass and metabolic activity of
periphyton in experimental streams. Journal of Hazardous Materials 132, 148-154.

Boonstra, H., Reichman, E.P., van den Brink, P.J., 2011. Effects of the Veterinary
Pharmaceutical Ivermectin in Indoor Aquatic Microcosms. Archives of Environmental
Contamination and Toxicology 60, 77-89.

Brock, T.C.M., Vet, J., Kerkhofs, M.J.J., Lijzen, J., Vanzuilekom, W.J., Gijlstra, R., 1993. Fate
and effects of the Insecticide Dursban(R) 4E in indoor Elodea-dominated and Macrophyte-
free fresh-water model-ecosystems 3. Aspects of ecosystem functioning. Archives of
Environmental Contamination and Toxicology 25, 160-169.

Caquet, T., Hanson, M.L., Roucaute, M., Graham, D.W., Lagadic, L., 2007. Influence of isolation
on the recovery of pond mesocosms from the application of an insecticide. II. Benthic
macroinvertebrate responses. Environmental Toxicology and Chemistry 26, 1280-1290.

Carlisle, D.M., Clements, W.H., 2005. Leaf litter breakdown, microbial respiration and shredder
production in metal-polluted streams. Freshwater Biology 50, 380-390.

Chaffin, J.L., Valett, H.M., Webster, J.R., Schreiber, M.E., 2005. Influence of elevated As on leaf
breakdown in an Appalachian headwater stream. Journal of the North American
Benthological Society 24, 553- 568.

Chen, C.Y., Lin, K.C., 1997. Optimization and Performance Evaluation of the Continuous Algal
Toxicity Test. Environmental Toxicology and Chemistry 16, 1337-1344.

Chen, C.Y., Lin, K.C., Yang, D.T., 1997. Comparison of the Relative Toxicity Relationships Based
on Batch and Continuous Algal Toxicity Tests. Chemosphere 35, 1959-1965.

Chung, K., Wallace, J.B., Grubaugh, J.W., 1993. The Impact of Insecticide Treatment on
Abundance, Biomass and Production of Litterbag Fauna in a Headwater Stream: A Study
of Pretreatment, Treatment and Recovery. Limnologica 28, 93-106.

93



Clements, W.H., 2004. Small-scale experiments support causal relationships between metal
contamination and macroinvertebrate community responses. Ecological Applications 14,
954-967.

Crossey, M.J., La Point, T.W., 1988. A comparison of periphyton community structural and
functional responses to heavy metals. Hydrobiologia 162, 109-121.

Crossland, N.O., Mitchell, G.C., Bennett, D., Maxted, J., 1991. An outdoor arificial stream system
designed for ecotoxicological studies. Ecotoxicology and Environmental Safety 22, 175-183.

Cuffney, T.F., Wallace, J.B., Lugthart, G.J., 1990. Experimental evidence quantifying the role of
benthic invertebrates in organic matter dynamics of headwater streams. Freshwater
Biology 23, 281-299.

Cuppen, J.G.M., Crum, S.J.H., Van den Heuvel, H.H., Smidt, R.A., Van den Brink, P.J., 2002.
Effects of a mixture of two insecticides in freshwater microcosms: I. Fate of chlorpyrifos and
lindane and responses of macroinvertebrates. Ecotoxicology 11, 165-180.

Cuppen, J.G.M., Van den Brink, P.J., Camps, E., Uil, K.F., Brock, T.C.M., 2000. Impact of the
fungicide carbendazim in freshwater microcosms. I. Water quality, breakdown of
particulate organic matter and responses of macroinvertebrates. Aquatic Toxicology 48,
233-250.

Cuppen, J.G.M., VandenBrink, P.J., VanderWoude, H., Zwaardemaker, N., Brock, T.C.M., 1997.
Sensitivity of macrophyte-dominated freshwater microcosms to chronic levels of the
herbicide linuron .2. Community metabolism and invertebrates. Ecotoxicology and
Environmental Safety 38, 25-35.

Daam, M.A., Satapornvanit, K., Van den Brink, P.J., Nogueira, A.J.A., 2010. Direct and Indirect
Effects of the Fungicide Carbendazim in Tropical Freshwater Microcosms. Archives of
Environmental Contamination and Toxicology 58, 315-324.

Dangles, O., Gessner, M.O., Guerold, F., Chauvet, E., 2004a. Impacts of stream acidification on
litter breakdown: implications for assessing ecosystem functioning. Journal of Applied
Ecology 41, 365-378.

Dangles, O., Malmgqvist, B., Laudon, H., 2004b. Naturally acid freshwater ecosystems are diverse
and functional: evidence from boreal streams. Oikos 104, 149-155.

De Schamphelaere, K.A.C., Lofts, S., Janssen, C.R., 2005. Bioavailability Models for Predicting
Acute and Chronic Toxicity of Zinc to Algae, Daphnids, and Fish in Natural Surface
Waters. Environmental Toxicology and Chemistry 24, 1190-1197.

Dorigo, U., Leboulanger, C., 2001. A pulse-amplitude modulated fluorescence-based method for
assessing the effects of photosystem II herbicides on freshwater periphyton. J. Appl. Phycol.
13, 509-515.

Duarte, S., Pascoal, C., Alves, A., Correia, A., Cassio, F., 2008a. Copper and zinc mixtures induce
shifts in microbial communities and reduce leaf litter decomposition in streams.
Freshwater Biology 53, 91- 101.

Duarte, S., Pascoal, C., Cassio, F., 2004. Effects of zinc on leaf decomposition by fungi in streams:
Studies in microcosms. Microbial Ecology 48, 366-374.

Duarte, S., Pascoal, C., Cassio, F., 2008b. High Diversity of Fungi may Mitigate the Impact of
Pollution on Plant Litter Decomposition in Streams. Microbial Ecology 56, 688-695.

Duarte, S., Pascoal, C., Cassio, F., 2009. Functional stability of stream-dwelling microbial
decomposers exposed to copper and zinc stress. Freshwater Biology 54, 1683-1691.

Effler, S.W., Brooks, C.M.M., Driscoll, C.T., 2001. Changes in deposition of phytoplankton
constituents in a Ca2+ polluted lake. Environmental Science & Technology 35, 3082-3088.

Ehrman, J.M., Baerlocher, F., Wennrich, R., Krauss, G.-d., Krauss, G., 2008. Fungi in a heavy
metal precipitating stream in the Mansfeld mining district, Germany. Science of the Total
Environment 389, 486-496.

94



Evans-White, M.A., Lamberti, G.A., 2009. Direct and indirect effects of a potential aquatic
contaminant on grazer-algae interactions. Environmental Toxicology and Chemistry 28,
418-426.

Fargasova, A., Bumbalova, A., Havranek, E., 1997. Metal bioaccumulation by the freshwater alga
Scenedesmus quadricauda. Journal of Radioanalytical and Nuclear Chemistry 218, 107-
110.

Fernandes, 1., Duarte, S., Céassio, F., Pascoal, C., 2009. Mixtures of zinc and phosphate affect leaf
litter decomposition by aquatic fungi in streams. Science of the Total Environment 407,
4283-4288.

FOOTPRINT, 2011. The FOOTPRINT Pesticide Properties DataBase. Database collated by the
University of Hertfordshire as part of the EU-funded FOOTPRINT project (FP6-SSP-
022704). http://www.eu-footprint.org/ppdb.html, Access date: 05/2012.

Forbes, A.M., Magnuson, J.J., 1980. Decomposition and microbial colonization of leaves in a
stream modified by coal ash effluent. HYDROBIOLOGIA 76, 263-267.

Forrow, D.M., Maltby, L., 2000. Toward a mechanistic understanding of contaminant-induced
changes in detritus processing in streams: Direct and indirect effects on detritivore feeding.
Environmental Toxicology and Chemistry 19, 2100-2106.

Gjessing, E., Lygren, E., Andersen, S., Berglind, L., Carlberg, G., Efraimsen, H., Kallqvist, T.,
Martinsen, K., 1984. Acute toxicity and chemical characteristics of moderately polluted
runoff from highways. Science of The Total Environment 33, 225-232.

Goémez , N., Sierra, M.V., Cortelezzi, A., Rodrigues Capitulo, V., 2008. Effects of discharges from
the textile industry on the biotic integrity of benthic assemblages. Ecotoxicology and
Environmental Safety 69, 472-479.

Goncalves, A.L., Lirio, A.V., Pratas, J., Canhoto, C., 2011. Uranium contaminated water does not
affect microbial activity but decreases feeding by the shredder Sericostoma vittatum.
Fundamental and Applied Limnology 179, 17-25.

Gray, L.J., Ward, J.V., 1983. Leaf litter breakdown in streams receiving treated and untreated
metal mine drainage. Environment International 9, 135-138.

Hamala, J.A., Kollig, H.P., 1985. The effects of atrazine on periphyton communities in controlled
laboratory ecosystems. Chemosphere 14, 1391-1408.

Hedtke, S.F., 1984. Structure and function of copper-stressed aquatic microcosms. Aquatic
Toxicology 5, 227-244.

Herman, D., Kaushik, N.K., Solomon, K., 1986. Impact of Atrazine on Periphyton in Freshwater
Enclosures and Some Ecological Consequences. Canadian Journal of Fisheries and Aquatic
Sciences 43, 1917- 1925.

Hill, B.H., Herlihy, A.T., Kaufmann, P.R., 2002. Benthic microbial respiration in Appalachian
Mountain, Piedmont, and Coastal Plains streams of the eastern U.S.A. Freshwater Biology
47, 185-194.

Hill, B.H., Lazorchak, J.M., McCormick, F.H., Willingham, W.T., 1997. The effects of elevated
metals on benthic community metabolism in a Rocky Mountain stream. Environmental
Pollution 95, 183-190.

Hill, W.R., Ryon, M.G., Smith, J.G., Adams, S.M., Boston, H.L., Stewart, A.J., 2010. The Role of
Periphyton in Mediating the Effects of Pollution in a Stream Ecosystem. Environmental
Management 45, 563-576.

Hiriart-Baer, V.P., Fortin, C., Lee, D.Y., Campbell, P.G.C., 2006. Toxicity of Silver to Two
Freshwater Algae, Chlamydomonas reinhardtii and Pseudokirchneriella subcapitata,
Grown Under Continuous Culture Conditions: Influence of Thiosulphate. Aquatic
Toxicology 78, 136-148.

Hoagland, K.D., Drenner, R.W., Smith, J.D., Cross, D.R., 1993. Freshwater community responses
to mixtures of agricultural pesticides: Effects of atrazine and bifenthrin. Environmental
Toxicology and Chemistry 12, 627-637.

95



Hoss, S., Claus, E., Von der Ohe, P.C., Brinke, M., Gude, H., Heininger, P., Traunspurger, W.,
2011. Nematode species at risk — A metric to assess pollution in soft sediments of
freshwaters. Environment International 37, 940-949.

Huber, W., 1993. Ecotoxicological relevance of atrazine in aquatic systems. Environmental
Toxicology and Chemistry 12, 1865-1881.

Kashian, D.R., Prusha, B.A., Clements, W.H., 2004. Influence of total organic carbon and UV-B
radiation on zinc toxicity and bioaccumulation in aquatic communities. Environmental
Science & Technology 38, 6371-6376.

Kirby, J.M., 1992. Red maple (Acer rubrum) leaf litterbreakdown in an acid-impacted stream in
northcentral Pennsylvania. Journal of Freshwater Ecology 7, 17-24.

Krauss, G., Barlocher, F., Schreck, P., Wennrich, R., Glasser, W., Krauss, G.J., 2001. Aquatic
hyphomycetes occur in hyperpolluted waters in Central Germany. Nova Hedwigia 72, 419-
428.

Krauss, G., Sridhar, K.R., Barlocher, F., 2005. Aquatic hyphomycetes and leaf decomposition in
contaminated groundwater wells in Central Germany. Archiv Fur Hydrobiologie 162, 417-
429.

Krauss, G.-d., Sole, M., Krauss, G., Schlosser, D., Wesenberg, D., Baerlocher, F., 2011. Fungi in
freshwaters: ecology, physiology and biochemical potential. Fems Microbiology Reviews 35,
620-651.

Kreutzweiser, D., Good, K., Chartrand, D., Scarr, T., Thompson, D., 2007. Non-target effects on
aquatic decomposer organisms of imidacloprid as a systemic insecticide to control emerald
ash borer in riparian trees. Ecotoxicology and Environmental Safety 68, 315-325.

Kreutzweiser, D., Thompson, D., Grimalt, S., Chartrand, D., Good, K., Scarr, T., 2011.
Environmental safety to decomposer invertebrates of azadirachtin (neem) as a systemic
insecticide in trees to control emerald ash borer. Ecotoxicology and Environmental Safety.

Kreutzweiser, D.P., Good, K.P., Chartrand, D.T., Scarr, T.A., Thompson, D.G., 2008. Toxicity of
the systemic insecticide, imidacloprid, to forest stream insects and microbial communities.
Bulletin of Environmental Contamination and Toxicology 80, 211-214.

Kreutzweiser, D.P., Good, K.P., Chartrand, D.T., Scarr, T.A., Thompson, D.G., 2008. Are Leaves
that Fall from Imidacloprid-Treated Maple Trees to Control Asian Longhorned Beetles
Toxic to Non-target Decomposer Organisms? Journal of Environment Quality 37, 639.

Lecerf, A., Chauvet, A., 2008. Diversity and functions of leaf-decaying fungi in human-altered
streams. Freshwater Biology 53, 1658-1672.

Lehmann, A., Rode, M., 2001. Long-term behaviour and cross-correlation water quality analysis
of the river Elbe, Germany. Water Research 35, 2153-2160.

Leland, H.V., Carter, J.L., 1985. Effects of copper on production of periphyton, nitrogen fixation
and processing of leaf litter in a Sierra Nevada, California, stream. Freshwater Biology 15,
155-173.

Levings, C.D., Varela, D.E., Mehlenbacher, N.M., Barry, K.L., Piercey, G.E., Guo, M., Harrison,
P.J., 2005. Effect of an acid mine drainage effluent on phytoplankton biomass and primary
production at Britannia Beach, Howe Sound, British Columbia. Marine Pollution Bulletin
50, 1585-1594.

Loéhr, A., Noordijk, J., Lrianto, K., Van Gestel, C.A.M., Van Straalen, N.M., 2006. Leaf
decomposition in an extremely acidic river of volcanic origin in Indonesia. Hydrobiologia
560, 51-61.

Malaj, E., Grote, M., Schifer, R.B., Brack, W., von der Ohe, P.C., 2012. Physiological sensitivity of
freshwater macroinvertebrates to heavy metals. Environmental Toxicology and Chemistry
31, 1754-1764.

Maltby, L., Booth, R., 1991. The effect of coal-mine effluent on fungal assemblages and leaf
breakdown. Water Research 25, 247-250.

96



Maltby, L., Forrow, D.M., Boxall, A.B.A., Calow, P., Betton, C.I., 1995. The effects of motorway
runoff on freshwater ecosystems: 1. Field Study. Environmental Toxicology and Chemistry
14, 1073-1092.

Maul, J.D., Schuler, L.J., Belden, J.B., Whiles, M.R., Lydy, M.J., 2006. Effects of the antibiotic
ciprofloxacin on stream microbial communities and detritivorous macroinvertebrates.
Environmental Toxicology and Chemistry 25, 1598-1606.

McCullough, C.D., Horwitz, P., 2010. Vulnerability of organic acid tolerant wetland biota to the
effects of inorganic acidification. Science of the Total Environment 408, 1868-1877.

Medeiros, A., Duarte, S., Pascoal, C., Cassio, F., Graca, M., 2010. Effects of Zn, Fe and Mn on Leaf
Litter Breakdown by Aquatic Fungi: a Microcosm Study. International Review of
Hydrobiology 95, 12-26.

Medeiros, A.O., Rocha, P., Rosa, C.A., Graca, M.A.S., 2008. Litter breakdown in a stream affected
by d rainage from a gold mine. Fundamental and Applied Limnology 172, 59-70.

Melendez, A.L., Kepner, R.L., Balczon, J.M., Pratt, J.R., 1993. Effects of diquat on freshwater
microbial communities. Archives of environmental contamination and toxicology 25, 95-101.

Mitchell, G.C., Bennett, D., Pearson, N., 1993. Effects of Lindane on Macroinvertebrates and
Periphyton in Outdoor Artificial Streams. Ecotoxicology and Environmental Safety 25, 90-
102.

Moreirinha, C., Duarte, S., Pascoal, C., Cassio, F., 2011. Effects of Cadmium and Phenanthrene
Mixtures on Aquatic Fungi and Microbially Mediated Leaf Litter Decomposition. Archives
of Environmental Contamination and Toxicology 61, 211-219.

Muniz, I.P., 1990. Freshwater acidification — its effects on species and communities of freshwater
microbes, plants and animals. Proceedings of the Royal Society of Edinburgh Section B-
Biological Sciences 97, 227-254.

Muyssen, B.T.A., Janssen, C.R., 2001. Zinc Acclimation and Its Effect on the Zinc Tolerance of
Raphidocelis subcapitata and Chlorella vulgaris in Laboratory Experiments. Chemosphere
45, 507-514.

Newman, R.M., Perry, J.A., Tam, E., Crawford, R.L., 1987. Effects of chronic chlorine exposure on
litter processing in outdoor experimental streams. Freshwater Biology 18, 415-428.

Niederlehner, B.R., Cairns, J.J., 1992. Community Response to Cumulative Toxic Impact: Effects
of Acclimation on Zinc Tolerance of Aufwuchs. Canadian Journal of Fisheries and Aquatic
Sciences 49, 2155-2163.

Niyogi, D.K., Cheatham, C.A., Thomson, W.H., Christiansen, J.M., 2009. Litter breakdown and
fungal diversity in a stream affected by mine drainage. Fundamental and Applied
Limnology 175, 39-48.

Niyogi, D.K., Lewis, W.M., McKnight, D.M., 2001. Litter breakdown in mountain streams affected
by mine drainage: Biotic mediation of abiotic controls. Ecological Applications 11, 506-516.

Niyogi, D.K., Lewis, W.M., McKnight, D.M., 2002b. Effects of stress from mine drainage on
diversity, biomass, and function of primary producers in mountain streams. Ecosystems 5,
554-5617.

Niyogi, D.K., McKnight, D.M., Lewis Jr., W.M., 2002c. Effects of Mine Drainage on Breakdown of
Aspen Litter in Mountain Streams. Water, Air & Soil Pollution: FOCUS 2, 329-341.

Niyogi, D.K., McKnight, D.M., Lewis, W.M., 2002a. Fungal communities and biomass in
mountain streams affected by mine drainage. Archiv Fur Hydrobiologie 155, 255-271.
Paaby, P., Goldman, C.R., 1992. Chlorophyll, primary productivity, and respiration in a lowland

Costa Rican stream. Revista de Biologia Tropical 40, 185-198

Paixao, S.M., Silva, L., Fernandez, A., O'Rourke, K., Mendonca, E., Picado, A., 2008. Performance
of a Miniaturized Algal Bioassay in Phytotoxicity Screening. Ecotoxicology 17, 165-171.

Pannard, A., Le Rouzic, B., Binet, F., 2009. Response of Phytoplankton Community to Low-Dose
Atrazine Exposure Combined with Phosphorus Fluctuations. Archives of Environmental
Contamination and Toxicology 57, 50-59.

97



Parkhurst, B.R., Bradshaw, A.S., Forte, J.L., Wright, G.P., 1979. An Evaluation of the Acute
Toxicity to Aquatic Biota of a Coal Conversion Effluent and its Major Components. Bulletin
of Environmental Contamination and Toxicology 23, 349-356.

Pascoal, C., Cassio, F., Marvanova, L., 2005. Anthropogenic stress may affect aquatic
hyphomycete diversity more than leaf decomposition in a low-order stream. Archiv Fur
Hydrobiologie 162, 481-496.

Pascoal, C., Cassio, F., Nikolcheva, L., Baerlocher, F., 2010. Realized Fungal Diversity Increases
Functional Stability of Leaf Litter Decomposition Under Zinc Stress. Microbial Ecology 59,
84-93.

Perez, G.L., Torremorell, A., Mugni, H., Rodriguez, P., Vera, M.S., Do Nascimento, M., Allende,
L., Bustingorry, J., Escaray, R., Ferraro, M., Izaguirre, 1., Pizarro, H., Bonetto, C., Morris,
D.P., Zagarese, H., 2007. Effects of the herbicide roundup on freshwater microbial
communities: A mesocosm study. Ecological Applications 17, 2310-2322.

Pestana, J.L.T., Alexander, A.C., Culp, J.M., Baird, D.J., Cessna, A.J., Soares, A.M.V.M., 2009.
Structural and functional responses of benthic invertebrates to imidacloprid in outdoor
stream mesocosms. Environmental Pollution 157, 2328-2334.

Petrin, Z., Englund, G., Malmqvist, B., 2008. Contrasting effects of anthropogenic and natural
acidity in streams: a meta-analysis. Proceedings of the Royal Society B-Biological Sciences
275, 1143-1148.

Pradhan, A., Seena, S., Pascoal, C., Cassio, F., 2011. Can metal nanoparticles be a threat to
microbial decomposers of plant litter in streams? Microbial ecology 62, 58-68.

Rasmussen, J.J., Friberg, N., Larsen, S.E., 2008. Impact of lambda-cyhalothrin on a
macroinvertebrate assemblage in outdoor experimental channels: Implications for
ecosystem functioning. Aquatic Toxicology 90, 228-234.

Rasmussen, J.J., Wiberg-Larsen, P., Baattrup-Pedersen, A., Monberg, R.J., Kronvang, B., 2012.
Impacts of pesticides and natural stressors on leaf litter decomposition in agricultural
streams. Science of the Total Environment 416, 148—155.

Richter, J.E., 1982. Results of Algal Toxcicity Testd with Priority Pollutants. Center for Lake
Superior Environmental Studies, University of Wisconsin-Superior, Superior, WI:12 p.
Roussel, H., Chauvet, E., Bonzom, J.-M., 2008. Alteration of leaf decomposition in copper-
contaminated freshwater mesocosms. Environmental Toxicology and Chemistry 27, 637—

644.

Rowe, O.F., Sanchez-Espana, J., Hallberg, K.B., Johnson, D.B., 2007. Microbial communities and
geochemical dynamics in an extremely acidic, metal-rich stream at an abandoned sulfide
mine (Huelva, Spain) underpinned by two functional primary production systems.
Environmental Microbiology 9, 1761-1771.

Schafer, R.B., Bundschuh, M., Rouch, D.A., Szdics, E., von der Ohe, P.C., Pettigrove, V., Schulz,
R., Nugegoda, D., Kefford, B.J., 2012. Effects of pesticide toxicity, salinity and other
environmental variables on selected ecosystem functions in streams and the relevance for
ecosystem services. Science of the Total Environment 415, 69-78.

Schéafer, R.B., Caquet, T., Siimes, K., Mueller, R., Lagadic, L., Liess, M., 2007. Effects of
pesticides on community structure and ecosystem functions in agricultural streams of three
biogeographical regions in Europe. Science of the Total Environment 382, 272-285.

Schifer, R.B., Pettigrove, V., Rose, G., Allinson, G., Wightwick, A., von der Ohe, P.C., Shimeta, J.,
Kihne, R., Kefford, B.J., 2011. Effects of pesticides monitored with three sampling methods
in 24 sites on macroinvertebrates and microorganisms. Environmental Science &
Technology 45, 1665-1672.

Schaffer, J.D., Sebetich, M.J., 2004. Effects of Aquatic Herbicides on Primary Productivity of
Phytoplankton in the Laboratory. Bulletin of Environmental Contamination and Toxicology
72,1032-1037.

98



Schaller, J., Mkandawire, M., Dudel, E.G., 2010a. Heavy metals and arsenic fixation into
freshwater organic matter under Gammarus pulex L. influence. Environmental Pollution
158, 2454-2458.

Schaller, J., Weiske, A., Mkandawire, M., Dudel, E.G., 2008. Enrichment of Uranium in
Particulate Matter during Litter Decomposition Affected by Gammarus pulex L.
Environmental Science & Technology 42, 8721-8726.

Schaller, J., Weiske, A., Mkandawire, M., Dudel, E.G., 2010b. Invertebrates control metals and
arsenic sequestration as ecosystem engineers. Chemosphere 79, 169-173.

Schlief, J., Mutz, M., 2005. Long-term leaf litter decomposition and associated microbial processes
in extremely acidic (pH < 3) mining waters. Archiv Fiir Hydrobiologie 164, 53-68.

Schmidt, T.S., Clements, W.H., Mitchell, K.A., Church, S.E., Wanty, R.B., Fey, D.L., Verplanck,
P.L., San Juan, C.A., 2010. Development of a new Toxic-Unit Model for the Bioassessment
of Metals in Streams. Environmental Toxicology and Chemistry 29, 2432-2442.

Schmitt-Jansen, M., Altenburger, R., 2005. Toxic effects of isoproturon on periphyton
communities - a microcosm study. Estuarine Coastal and Shelf Science 62, 539-545.

Schneider, J., Morin, A., Pick, F.R., 1995. The response of biota in experimental stream channels
to a 24- hour exposure to the herbicide velpar L®. Environmental Toxicology and
Chemistry 14, 1607- 1613.

Schultheis, A.S., Hendricksa, A.C., 1999. The Role of Copper Accumulations on Leaves in the
Inhibition of Leaf Decomposition in a Mountain Stream. Journal of Freshwater Ecology 14,
31-40.

Schultheis, A.S., Sanchez, M., Hendricks, A.C., 1997. Structural and functional responses of
stream insects to copper pollution. Hydrobiologia 346, 85-93.

Seidl, M., Huang, V., Mouchel, J.M., 1998. Toxicity of combined sewer overflows on river
phytoplankton: the role of heavy metals. Environmental Pollution 101, 107-116.

Sierra, M.V., Gomez, N., 2010. Assessing the disturbance caused by an industrial discharge using
field transfer of epipelic biofilm. Science of the Total Environment 408, 2696-2705.

Slijkerman, D.M.E., Moreira-Santos, M., Jak, R.G., Ribeiro, R., Soares, A., Van Straalen, N.M.,
2005. Functional and structural impact of linuron on a freshwater community of primary
producers: The use of immobilized algae. Environmental Toxicology and Chemistry 24,
2477-2485.

Sridhar, K.R., Barlocher, F., Krauss, G.-J., Krauss, G., 2005. Response of Aquatic Hyphomycete
Communities to Changes in Heavy Metal Exposure. International Review of Hydrobiology
90, 21-32.

Sridhar, K.R., Krauss, G., Barlocher, F., Raviraja, N.S., Wennrich, R., Baumbach, R., Krauss, G.-
dJ., 2001. Decomposition of alder leaves in two heavy metalpolluted streams in central
Germany. Aquatic Microbial Ecology 26, 73—80.

Sridhar, K.R., Krauss, G., Bérlocher, F., Wennrich, R., Krauss, G.-J., 2000. Fungal diversity in
heavy metal polluted waters in central Germany. Fungal Diversity 5, 119-129.

Starodub, M.E., Wong, P.T.S., Mayfield, C.I., 1987. Short term and long term studies on
individual and combined toxicities of copper, zinc and lead to Scenedesmus quadricauda.
Science of The Total Environment 63, 101-110.

Stout, R.J., Cooper, W.E., 1983. Effect of P-Cresol on Leaf Decomposition and Invertebrate
Colonization in Experimental Outdoor Streams. Canadian Journal of Fisheries and Aquatic
Sciences 40, 1647-1657.

Van der Heever, J.A., Grobbelaar, J.U., 1996. The Use of Selenastrum capricornutum Growth
Potential as a Measure of Toxicity of a Few Selected Compounds. Water SA 22, 183-191.

Van Hoecke, K., De Schamphelaere, K.A.C., Ramirez-Garcia, S., Van Der Meeren, P., Smagghe,
G., Janssen, C.R., 2011. Influence of Alumina Coating on Characteristics and Effects of
S102 Nanoparticles in Algal Growth Inhibition Assays at Various pH and Organic Matter
Contents. Environment International 37, 1118-1125.

99



Van Wijngaarden, R.P.A., Cuppen, J.G.M., Arts, G.H.P., Crum, S.J.H., van den Hoorn, M.W., van
den Brink, P.J., Brock, T.C.M., 2004. Aquatic risk assessment of a realistic exposure to
pesticides used in bulb crops: A microcosm study. Environmental Toxicology and Chemistry
23, 1479-1498.

Villeneuve, A., Montuelle, B., Bouchez, A., 2011. Effects of flow regime and pesticides on
periphytic communities: Evolution and role of biodiversity. Aquatic Toxicology 102, 123-
133.

VSDB, 2011. The Veterinary Substances DataBase. Database collated by the University of
Hertfordshire. http://sitem.herts.ac.uk/aeru/vsdb/index.htm. Access date: 05/2012.

Wallace, J.B., Lugthart, G.J., Cuffney, T.F., Schurr, G., 1989. The impact of repeated insecticidal
treatments on drift and benthos of a headwater stream. Hydrobiologia 179, 135-147.

Wallace, J.B., Vogel, D.S., Cuffney, T.F., 1986. Recovery of a Headwater Stream from an
Insecticide- Induced Community Disturbance. Journal of the North American Benthological
Society 5, 115-126.

Wallace, J.B., Webster, J.R., Cuffney, T.F., 1982. Stream Detritus Dynamics: Regulation by
Invertebrate Consumers. Oecologia 53, 197-200.

Widenfalk, A., Svensson, J.M., Goedkoop, W., 2004. Effects of the pesticides captan, deltamethrin,
isoproturon, and pirimicarb on the microbial community of a freshwater sediment.
Environmental Toxicology and Chemistry 23, 1920-1927.

Wiener, J.G., Suchanek, T.H., 2008. The basis for ecotoxicological concern in aquatic ecosystems
contaminated by historical mercury mining. Ecological Applications 18, A3-Al11.

Wilson, C.J., Brain, R.A., Sanderson, H., Johnson, D.J., Bestari, K.T., Sibley, P.K., Solomon, K.R.,
2004. Structural and functional responses of plankton to a mixture of four tetracyclines in
aquatic microcosms. Environmental Science & Technology 38, 6430-6439.

Woodcock , T.S., Huryn, A.D., 2005. Leaf litter processing and invertebrate assemblages along a
pollution gradient in a Maine (USA) headwater stream. Environmental Pollution 134, 363-
375.

Woodcock, T.S., Huryn, A.D., 2004. Effects of Roadway Crossings on Leaf Litter Processing and
Invertebrate Assemblages in Small Streams. Environmental Monitoring and Assessment
93 229-250.

100



APPENDIX B

Supplementary information for
Chapter 3

Organic matter breakdown in streams in a
region of contrasting anthropogenic land use

Supplementary data comprises a map of the study area with sampling sites and the different land
use types (Figure B.1), a figure on microbial breakdown under different nitrate levels (Figure B.2)
and a figure showing the relationship between invertebrate-mediated breakdown and nitrate
concentrations (Figure B.3).






¢ Sampling sites

—— River network

Land uses
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Figure B.1: Map of the study area with 29 sampling sites within the different land use types (F1-
F11 = forest / reference sites; V3, V12-V19, V41=viniculture; A22-A30 = agriculture, U31-U40 =
urban sites). Data on the river network for Rhineland Palatinate from (MULEWF, 2013) and
Corine Land Cover from (Biittner and Kosztra, 2007).
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Figure B.2: Microbial breakdown per degree days (OMBumico) at sampling sites
with nitrate levels below 10 mgLl and above 10 mgLl. The difference is
statistically significant: p = 0.002, Welch two sample t-test.
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Figure B.3: Invertebrate-mediated breakdown per degree days (OMBmaco) against log-
transformed nitrate concentrations.

104



APPENDIX C

Supplementary information for
Chapter 4

Taxonomic and functional diversity of stream
invertebrates along an anthropogenic stress
gradient

Supplementary data comprises a table of sampling site coordinates (Table C.1), of land-use
related stressor gradient, OMB and the environmental variables (Table C.2), of all invertebrate
taxa (Table C.3), of PCA-scores (Table C.4), of coefficient of correlations between the stressor
gradient and functional diversities (Table C.5), of coefficient of correlations between the stressor
gradient and 113 traits (Table C.6), of coefficient of correlations between the breakdown rate and
trait modalities of OMB-relevant traits (Table C.7), a figure of relationship between the number
of Gammarids and a) the Simpson diversity and b) breakdown rate k (Figure C.1a,b) and of the
relative abundance of Gammarids at all sampling sites (Figure C.2).






Table C.1: Coordinates of 29 sampling sites.

Site No. Land-use type N coodinates E coodinates
1 F 49° 22" 42.6" 08°08'24.2"
2 F 49°21'21.2"  08°05'46.2"
4 F 49°15'51" 08°03'27.6"
5 F 49°16'5.7" 07°57'38.6"
6 F 49°06'08" 07°58'09.8"
8 F 49°04'36.3"  07°51'37.4"
9 F 49°03'31.1" 07°52'58"
11 F 49°20'45.5"  08°00'37.7"
12 \Y% 49°14'56.5"  08°0820.6"
13 v 49°16'50.8"  08°06'39.4"
14 \Y% 49°15'25"  08°05'40.6"
15 v 49°14'7.9"  08°06'58.4"
18 \Y% 49°10'49.7"  08° 03'36.6"
19 v 49°04'11.4"  07°59'46.9"
22 A 49°06'57"  08°03'28.1"
23 A 49°09'32.7"  08°01'49.3"
24 A 49°34'07.2" 08°06'50"
25 A 49°32'43.4"  08°02'10.9"
26 A 49°38'19.5"  08°07'42.8"
27 A 49°34'27.4" 07°58'01"
29 A 49°08'30.2"  08°09'59.9"
30 A 49°34'02.2"  07°52'39.4"
31 U 49°28'34.9" 08°10'57.2"
33 U 49°06'13.4" 08°01'52.9"
35 U 49°08'26.3" 08°02'16.1"
37 U 49°2226.7"  08°05'15.8"
39 U 49°12'59.1"  07°59'14.5"
40 U 49°01'52" 07°58'9.5"
41 \Y 49°16'09.7"  08°07'52.1"
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Tab. C.4: PCA-Scores of 27 selected environmental variables for the first four axis
of the Principal Component Analysis.

Environmental variables Stressor gradient (PC 1) PC2 PC3 PC4
Stream width -0.22 0.38 -0.08 0.04
Stream depth -0.06 0.32 -0.12 0.06
Temperature 0.28 0.01 0.02 -0.14
pH 0.31 -0.06 0.01 0.09
Oxygen -0.35 -0.11 0.02 0.04
Ammonium 0.02 0.13 -0.01 -0.36
Shading 0.10 -0.22 0.27 -0.14
Megalithal 0.09 0.05 0.48 0.19
Makrolithal 0.02 0.19 0.22 -0.11
Mesolithal -0.12 0.23 0.27 0.25
Mikrolithal 0.03 -0.07 0.00 0.40
Akal 0.02 -0.12 0.32 0.34
Psammal -0.07 -0.23 -0.05 -0.37
Technolithal 0.07 0.05 0.30 -0.28
Algea -0.03 0.22 -0.13 0.11
Submerse macrophytes -0.16 0.35 -0.07 0.02
Emerse macrophytes 0.03 0.02 -0.30 0.07
Living parts of terrestrial plants 0.32 0.05 -0.03 0.02
Xylal -0.22 -0.23 -0.21 0.00
CPOM -0.09 -0.26 0.07 -0.03
Organic mud 0.24 0.03 -0.23 -0.15
Tree cover -0.13 0.09 0.32 -0.29
Velocity® -0.36 0.17 0.03 -0.09
Nitrite® 0.24 0.36 0.02 -0.15
Nitrate® 0.31 0.09 -0.12 0.21
Phophate® 0.12 0.17 0.10 -0.08
Riparian zone® -0.22 -0.01 0.02 0.07

* = after log- or double squareroot transformation because of strong skewness

Tab. C.5: Coefficient of correlations between the
stressor gradient and 21 functional diversities
(RQEs) of invertebrate communities

(n = 29). Each coefficient is given with its adjusted
p-value, according to correction by Benjamini and

Hochberg (1995).

RQEs r p
Body size -0.25 0.74
Life cycle duration -0.14 0.74
Cycles per year -0.31 0.74
Aquatic stage -0.05 0.87
Reproduction -0.17 0.74
Dispersal -0.16 0.74
Resistance forms -0.05 0.87
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Respiration -0.14 0.74
Locomotion -0.24 0.74
Food -0.10 0.84
Feeding habits 0.00 0.98
Transversal distribution -0.09 0.85
Longitudinal distribution -0.29 0.74
Altitude -0.21 0.74
Substrate -0.14 0.74
Velocity -0.10 0.84
Trophic status -0.15 0.74
Salinity -0.33 0.74
Temperature -0.21 0.74
Saprobity -0.02 0.94
pH -0.07 0.87
Mean RQE -0.20 0.74
Tab. C.6: Coefficient of correlations between the

stressor gradient and 113 traits (of 21 grouping

features) of invertebrate communities (n = 29). Each
coefficient is given with its adjusted p-value,

according to correction by Benjamini and Hochberg

(1995).

Trait modalities r p
Body size modalities

<0.25cm NA NA
>0.25-0.5cm -0.25 0.32
>0.5-1 cm -0.48 0.03*
>1-2 cm -0.19 0.47
>2-4 cm 0.73 0.00%*
>4-8 cm -0.18 0.49
>8cm NA NA
Life cycle duration modalities

<1 year -0.35 0.15
> 1 year 0.35 0.15
Cyles per year modalities

No. of cycle: < 1 -0.40 0.08"
No. of cycle: 1 0.19 0.47
No. of cycle: > 1 0.14 0.60
Aquatic stage modalities

Egg 0.15 0.60
Larva 0.10 0.72
Nymph -0.54 0.01*
Adult 0.60 0.00%*
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Reproduction modalities

Ovoviviparity

Isolated eggs free

Isolated eggs cemented
Clutches cemented or fixed
Clutches free

Clutches in vegetation
Clutches terrestrial
Asexual reproduction

Dispersal modalities

Aquatic passive
Aquatic active
Aerial passive
Aerial active

Resistance forms

Eggs statoblasts

Cocoons

Housings against desiccation
Diapause or dormancy

None

Respiration modalities

Tegument

Gill

Plastron

Spiracle
Hydrostatic vesicle

Locomotion modalities
Flier
Surface swimmer

Full water swimmer
Crawler

Burrower

Interstitial
Temporarily attached
Permanently attached

Food modalities
Microorganisms
Detritus (< 1mm)
Dead plant (> 1mm)
Living microphytes
Living macrophytes

0.45
-0.35
-0.31
0.01
0.04
0.27
-0.41
NA

0.39
0.60
-0.43
-0.44

-0.28
-0.06
0.21
-0.03
0.15

0.20
-0.12
-0.08
-0.03
NA

0.14
0.42
0.63
-0.05
-0.21
-0.11
-0.39
-0.32

-0.06
-0.51
0.05
-0.31
0.00

0.05%
0.15
0.21
0.99
0.89
0.29
0.08
NA

0.10
0.00*
0.06"
0.06"

0.26
0.85
0.43
0.91
0.60

0.46
0.69
0.79
0.89
NA

0.60
0.07%

0.00%*
0.87
0.43
0.69
0.10
0.19

0.85
0.02*
0.87
0.20
0.99
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Dead animal (> 1mm)
Living microinvertebrates
Living macroinvertebrates
Vertebrates

Feeding habit modalities
Absorber

Deposit feeder

Shredder

Scraper

Filter-feeder

Piercer

Predator
Parasite

Transversal distribution modalities

River channel
Banks connected side-arms

Ponds , pools, disconnected side-arms

Marshes, peat bogs
Temporary waters
Lakes
Groundwaters

Longitudinal distribution modalities

Crenon

Epirithron
Metarithron
Hyporithron
Epipotamon
Metapotamon
Estuary

Outside river system

Altitude modalities
Lowlands

Piedmont level
Alpine level

Substrate modalities
Flags/boulders/cobbles/pebbles
Gravel

Sand

Silt

Macrophytes

Microphytes
Twigs/roots

0.67
0.30
-0.07
0.10

NA
0.05
0.00
-0.11
-0.54
0.32
0.04
0.19

-0.59
-0.15
0.49
0.35
0.11
0.56
NA

-0.31
-0.64
-0.39
-0.29
0.45
0.62
0.27
0.35

0.56
-0.14
-0.61

-0.11
0.05
-0.27
-0.20
0.22
0.35
-0.24

0.00*
0.23
0.80
0.71

NA
0.87
1.00
0.70
0.01*
0.20
0.89
0.47

0.01*
0.60
0.03*
0.15
0.69
0.01*
NA

0.20
0.00%*
0.10
0.24
0.05%
0.00%*
0.28
0.15

0.01*
0.60
0.00*

0.69
0.87
0.29
0.45
0.40
0.15
0.37
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Organic detritus/litter
Mud

Velocity modalities
Null

Slow (< 25 cm/s)
Medium (25-50 cm</s)
Fast (> 50 cm/s)

Trophic status modalities

Oligotrophic
Mesotrophic
Eutrophic

Salinity modalities

Freshwater
Brackish water

Temperature modalities
Cold <15C

Warm >15C
Eurythermic

Saprobity modalities

Xenosaprobic
Oligosaprobic
b-mesosaprobic
a-mesosaprobic
Polysaprobic

pH modalities
pH <4

pH >4-4.5

pH >4.5-5

pH >5-5.5

pH >5.5-6
pH >6

-0.16
0.18

0.54
-0.19
-0.22
-0.52

-0.60
0.52
0.45

-0.66
0.65

-0.54
-0.31
0.59

-0.72
-0.71
0.48
0.67
0.46

0.17
0.10
-0.24
-0.49
-0.15
0.36

0.56
0.50

0.01*
0.47
0.43

0.02*

0.00%
0.02*
0.05*

0.00*
0.00*

0.01*
0.20
0.01*

0.00%**
0.00%**
0.03*
0.00*
0.04*

0.52
0.72
0.37
0.03*
0.60
0.14

Abbreviations: NA: not available, * p < 0.05, ** p <

0.001, * 0.05 < p < 0.1 (trend)
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Tab. C.7: Coefficient of correlations between the
breakdown rate and trait modalities of OMB-relevant
traits. Each coefficient is given with its adjusted p-
value, according to correction by Benjamini and
Hochberg (1995).

OMB-relevant grouping features with

their respective traits r p
Food RQE -0.19 0.33
Food modalities

Microorganisms 0.04 0.99
Detritus (< 1mm) -0.16 0.99
Dead plant(> Imm) 0.06 0.99
Living microphytes -0.14 0.99
Living macrophytes 0.07 0.99
Dead animal(> 1mm) -0.01 0.99
Living microinvertebrates -0.40 0.49
Living macroinvertebrates 0,24 0.99
Vertebrates 0.15 0.99
Fedding habit RQE -0.20 0.33
Feeding habit modalities

Absorber NA NA
Deposit feeder -0.10 0.99
Shredder -0.08 0.99
Scraper 0.06 0.99
Filter-feeder -0.17 0.99
Piercer 0.20 0.99
Predator 0.00 0.99
Parasite -0.01 0.99
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r=-0.37, p=0.04 r=0.48,p=0.01
5 P a 5 P b

Invertebrate Simpson Diversity
k invertebrates (x 10°°%) per dday

. .
1= T T T
0 200 400 600
No. of Gammarids No. of Gammarids

Fig. C.1: Relationship between the number of Gammarids (sum of all three Gammarus species) and a)
the Simpson diversity and b) breakdown rate k. Regression lines are added to visualize the a) negative
and b) positive correlation.
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Fig. B.2: Relative abundance of Gammarids (all three Gammarus species)
at 29 sampling sites of the stressor gradient (mean abundance 70%).

Reference:

Benjamini, Y. and Y. Hochberg. 1995. Controlling the false discovery rate: a practical and
powerful approach to multiple testing. Journal of the Royal Statistical Society Series B 57:289—
300
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