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1 Preliminary note 

Throughout the general part of this dissertation, the first-person singular is used. 

However, it should be noted that each article of this cumulative dissertation is the work 

of more than one person. The co-authors of the respective publication are given at the 

beginning of the specific chapters. In accordance with the applicable doctoral 

regulations, the author contributions are given in a separate document.  

All publications included in this thesis have been published under open access licenses. 

Clear indication on the license type is given on the first page of each publication. 

1



2 Summary 

Cultural eutrophication due to excessive inputs of nutrients seriously threatens aquatic 
ecosystems worldwide and is one of the major anthropogenic stressors on aquatic biota 
in European rivers. In streams and shallow rivers, its effects include excessive periphyton 
growth, which causes biological clogging and thereby oxygen depletion in the hyporheic 
zone. The result is a serious degradation of habitat quality for benthic invertebrates as 
well as for the eggs and larvae of gravel-spawning fish. Unlike in standing waters, 
efficient tools for controlling eutrophication in rivers are lacking. However, top-down 
control of the food-web by manipulating fish stocks, similar to the biomanipulation 
successfully applied in lakes, offers a promising approach to mitigating the effects of 
eutrophication in shallow rivers, especially those in which major reductions in nutrient 
inputs are not feasible. The overall aim of this thesis was to assess the potential for top-
down control by two large cypriniform fish, the common nase (Chondrostoma nasus), 
the only obligate herbivorous fish species in European rivers, and the omnivorous 
European chub (Squalius cephalus), to mitigate the effects of eutrophication in medium-
sized rivers. I therefore conducted field experiments on different spatial and temporal 
scales in the hyporhithral zone of a eutrophic gravel-bed river.  
Generally, the results of those experiments revealed the crucial role of fish-mediated top-
down effects in river food webs. In a 4-year reach-scale experiment, the key contribution 
of my thesis, the enhancement of fish densities significantly increased both oxygen 
availability and water exchange in the upper layer of the hyporheic zone, even though 
the top-down effects of the fish on periphyton biomass were relatively small. These 
findings were supported by those of a 4-week mesocosm experiment, which also 
provided insights into the mechanisms underlying the mitigation of eutrophication 
effects by nase and chub. The top-down effects of both fish species reduced hyporheic 
oxygen depletion, suggesting a reduction of biological clogging. The positive effects of 
herbivorous nase on hyporheic oxygen availability could be attributed to benthic grazing, 
whereas the reduction of hyporheic oxygen depletion in the presence of omnivorous chub 
was best explained by the enhanced bioturbation induced by the fish’s benthic foraging. 
Overall, the results of my thesis demonstrate that biomanipulation achieved by enhancing 
herbivorous and omnivorous fish stocks can mitigate the effects of eutrophication in 
medium-sized European rivers. The results may be the first step towards the 
establishment of biomanipulation as a supportive management tool for eutrophication 
control in running waters and therefore as a strategy to preserve aquatic biodiversity. 
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3 Zusammenfassung 

Eutrophierung infolge übermäßiger Nährstoffeinträge ist eine ernsthafte, weltweite 
Bedrohung für aquatische Ökosysteme und ist einer der wesentlichen anthropogenen 
Stressoren auf aquatische Organismen in europäischen Fließgewässern. In Bächen und 
kleinen bis mittelgroßen Flüssen führt Eutrophierung zu einem übermäßigen Wachstum 
von Periphyton und dadurch zu einem Verstopfen des hyporheischen Interstitials 
(biogene Kolmation). Infolgedessen kommt es zu einem Sauerstoffdefizit im Interstitial, 
wodurch die Habitatqualität für das Makrozoobenthos und für Eier und Larven 
kieslaichender Fische erheblich beeinträchtigt wird. Anders als in stehenden Gewässern 
fehlen effiziente Werkzeuge zur Eutrophierungssteuerung in Fließgewässern bisher.  
Eine Top-down Steuerung des Nahrungsnetzes durch gezielte Stützung der 
Fischbestände, vergleichbar mit der erfolgreich in Seen angewendeten Methode der 
Biomanipulation, ist ein vielversprechender Ansatz zur Reduktion von 
Eutrophierungseffekten in Fließgewässern – insbesondere in Einzugsgebieten, in denen 
die Nährstoffeinträge nicht erheblich reduziert werden können. Ziel dieser Arbeit war es, 
das Potenzial einer Top-down Steuerung zur Reduktion von Eutrophierungseffekten 
durch zwei großwüchsige karpfenartige Fischarten – die herbivore Nase (Chondrostoma 
nasus) und den omnivoren Döbel (Squalius cephalus) – in mittelgroßen Flüssen zu 
erfassen. Dazu habe ich Freilandexperimente auf unterschiedlich großen räumlichen und 
zeitlichen Skalen in einem eutrophierten Mittelgebirgsfluss durchgeführt.  
Generell haben die Ergebnisse dieser Experimente die zentrale Rolle von Top-down 
Effekten durch Fische in Fließgewässernahrungsnetzen aufgezeigt. In einem vierjährigen 
großskaligen Experiment, dem zentralen Teil meiner Arbeit, konnte ich zeigen, dass die 
Stützung der Bestände von Nase und Döbel zu einer deutlichen Verbesserung der 
Sauerstoffversorgung und des Wasseraustauschs im oberen Bereich des Interstitials 
geführt hat, und das, obwohl die Top-down Effekte der Fische auf die 
Periphytonbiomasse vergleichsweise gering ausgeprägt waren. Diese Ergebnisse 
konnten durch ein vierwöchiges Mesokosmosexperiment gestützt werden, das zugleich 
wertvolle Hinweise auf die zugrundeliegenden Mechanismen für die Verringerung der 
Eutrophierungseffekte im Interstitial durch Nase und Döbel geliefert hat. Durch hohe 
Dichten beider Fischarten wurde das Sauerstoffdefizit im Interstitial verringert, was 
wahrscheinlich auf eine Reduktion der biogenen Kolmation des Interstitials durch 
benthisches Grazing der Nasen bzw. durch Bioturbation der Döbel zurückzuführen war. 
Insgesamt zeigen die Ergebnisse meiner Arbeit, dass eine Biomanipulation durch 
Stützung der Bestände herbivorer und omnivorer Fische potenziell geeignet ist, um 
Eutrophierungseffekte in mittelgroßen Flüssen zu reduzieren. Die Ergebnisse könnten 
somit der erste Schritt sein, um Biomanipulation als unterstützende Maßnahme zur 
Verringerung von Eutrophierungseffekten in Fließgewässern zu etablieren, und damit 
zum Erhalt der aquatischen Biodiversität beitragen. 
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4 General introduction 

Aquatic ecosystems have been substantially altered by human populations and their 

activities, such as agriculture, industrialisation and the urbanisation of catchments (Smith 

et al., 1999). Cultural eutrophication caused by nutrient inputs from domestic, industrial 

and agricultural sources (e.g., wastewater discharges, fertiliser application), is one of the 

major anthropogenic threats to aquatic ecosystems worldwide (Smith, 2003). The excess 

amounts of nitrogen (N) and phosphorus (P), the key nutrients limiting autotroph growth 

in aquatic systems (Dodds and Smith, 2016; Hecky and Kilham, 1988), stimulate primary 

production, leading to blooms of algae and cyanobacteria and thus to a serious 

degradation of water quality (Smith et al., 1999). 

Previous research into freshwater eutrophication largely focussed on lakes and reservoirs 

(Hilton et al., 2006; Smith et al., 1999). Rivers were long considered to be insensitive to 

nutrient inputs, whose effects on primary production were thought to be restricted or 

prevented by factors such as light availability and hydraulic flow (Smith et al., 1999). 

However, this view was overturned by empirical evidence demonstrating the sensitivity 

of running waters to anthropogenic nutrient inputs (see Smith et al., 1999 and studies 

cited therein). In North American streams and rivers, nutrient enrichment of running 

waters was shown to be a major cause of water quality degradation (Biggs, 2000; Dodds 

and Welch, 2000). In Europe, an estimated 70% of the land area includes river 

catchments, which due to nutrient enrichment are at high risk of proliferations of benthic 

algae and cyanobacteria (periphyton) (McDowell et al., 2020). Indeed, nutrient 

enrichment has been identified as a major stressor on aquatic biota in European streams 

and rivers (Dahm et al., 2013; Grizzetti et al., 2017; Hering et al., 2006), with benthic 

stream assemblages in Europe shown to respond more strongly to elevated nutrient 

concentrations than pelagic lake assemblages (Johnson et al., 2014).  

In nutrient-enriched streams and shallow rivers, intense periphyton growth negatively 

affects the physical-chemical properties of the surface water by causing large diel 

fluctuations in oxygen concentrations and in pH (Smith et al., 1999). In addition, 

eutrophication-driven periphyton blooms adversely affect the ecological functionality of 

the hyporheic zone, the connecting ecotone between river and groundwater ecosystems 

(Brunke, 1999; Ibisch et al., 2009). An intact hyporheic zone provides several key 

ecological functions: it acts as a filter that mediates the exchange of water, nutrients, 

4



organic matter and contaminants; it plays a crucial role in biogeochemical cycling and it 

buffers against physical and chemical influences (Brunke and Gonser, 1997; Findlay, 

1995). Moreover, it serves as an important habitat and refuge for benthic invertebrates 

and the early developmental stages of gravel-spawning fish (Brunke and Gonser, 1997; 

Stanford and Ward, 1988; Williams and Hynes, 1974).  

The ecological functionality of the hyporheic zone strongly depends on its permeability, 

with negative effects induced by the clogging of riverbed sediments (Brunke and Gonser, 

1997). In general, phases of clogging by sedimentation of fine particles during low-flow 

conditions alternate with the removal of clogged layers induced by high discharge events 

(Brunke, 1999). However, clogging of the riverbed sediments is enhanced 

anthropogenically by fine sediment inputs and/or as a consequence of eutrophication.  

Excessive periphyton growth in nutrient-enriched streams and shallow rivers causes two 

types of biological clogging of the hyporheic zone: external and internal. External 

clogging by benthic algal mats on the riverbed reduces the water exchange between 

surface water and the hyporheic zone (Ibisch et al., 2009). Following the detachment of 

algal mats, internal clogging by infiltrated dead algal cells further reduces streambed 

permeability (Ibisch and Borchardt, 2002). In addition, internal clogging increases 

biological oxygen demand in the hyporheic zone, by enhancing the decomposition of 

decaying algae (Hartwig and Borchardt, 2015). The result of both types of clogging is a 

depletion of oxygen in the hyporheic zone, which inhibits nitrification and leads to the 

accumulation of ammonium (Triska et al., 1990). This in turn strongly reduces habitat 

quality for the eggs and larvae of gravel-spawning fish and for sensitive invertebrates, 

such as juvenile freshwater mussels (Geist and Auerswald, 2007; Hübner et al., 2009).  

Climate change is expected to enhance the severe consequences of eutrophication in 

running waters because (i) periphyton growth rates increase with increasing water 

temperature (Kazanjian et al., 2018) and (ii) the low-flow conditions of rivers and 

streams will become more severe and more persistent, as predicted for most parts of 

Europe (Arnell, 1999; Feyen and Dankers, 2009). This would favour the development of 

thick periphyton mats and prolong clogging of the hyporheic zone. Given the severe 

impacts of eutrophication on the ecological functionality of the hyporheic zone and its 

expected intensification with ongoing climate change, methods to control eutrophication 
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in running waters are urgently needed to preserve biodiversity and protect already 

endangered species.  

There are two principal strategies to controlling eutrophication: a reduction of its sources 

and a mitigation of its effects. The reduction of P inputs is essential for controlling 

eutrophication given that P is the limiting nutrient in most European rivers (McDowell 

et al., 2020). In the past four decades, successful reductions of P inputs from point sources 

(e.g. through enhanced wastewater treatment) and diffuse sources (e.g. through riparian 

buffer strips) have been achieved; however, in many cases, nutrient management 

measures have failed to reduce excessive algal growth (Jarvie et al., 2013). The reasons 

include inadvertent inputs from riparian buffer strips, which although designed to reduce 

P inputs from non-point sources may gradually become a P source due to their gradual 

accumulation and subsequent release of “legacy” P derived from past land use activities 

(Jarvie et al., 2013). Another difficulty is that the reduction of nutrient inputs is unlikely 

to substantially decrease periphyton biomass accrual unless nutrient concentrations in the 

river are reduced below algal-growth-limiting threshold concentrations (e.g. the 

threshold level of total phosphorus in temperate streams and rivers derived from a 

regression analysis: 43 µg L-1; Dodds et al., 2006, 2002). Reducing nutrient 

concentrations to limiting levels is expensive and difficult to achieve, especially in 

catchment areas that are densely populated and include a high level of agricultural 

activity (Bowes et al., 2012). In streams, light limitation by the riparian canopy may be 

an effective tool to control eutrophication during the summer months (Burrell et al., 

2014; Ghermandi et al., 2009). However, as the river channel widens downstream and 

the degree of shading decreases, periphyton growth is not exceedingly light-limited 

during the vegetation season of medium-sized rivers (Vannote et al. 1980).  

Another possibility is to mitigate the effects of eutrophication through top-down control 

of the food web by manipulating fish stocks. In fact, biomanipulation is a well-

established technique that has been used to control eutrophication effects in standing 

waters (Benndorf, 1990; Hansson et al., 1998), but whether it can also be used in running 

waters is unknown. The most common biomanipulation method in lakes is the active 

removal of zooplanktivorous fish or the stocking of piscivorous fish in order to reduce 

predation pressure on zooplankton communities and thereby enhance their grazing on 

phytoplankton (Hansson et al., 1998). However, this approach cannot be applied to 
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running waters, because their food-web structure differs from that of standing waters, 

including a lack of phytoplankton and zooplankton. In rivers, the retention (travel) time 

of the water is the key factor determining whether the food web is based on 

phytoplankton or periphyton as the dominant primary producer (Hilton et al., 2006; 

O’Hare et al., 2018). Planktonic communities play a role only in the food webs of the 

slow-flowing lower reaches of large rivers or in impounded rivers with long-retention 

times (Hilton et al., 2006; Vannote et al., 1980). In fast-flowing streams and rivers, where 

the retention time is short, benthic periphyton attached to the substrate is the dominant 

primary producer  (Hilton et al., 2006; Vannote et al., 1980). Consequently, the main 

consumers of autotrophic biomass in fast-flowing streams and rivers are benthic grazers 

such as herbivorous fish and macroinvertebrates (Hillebrand, 2009; Vannote et al., 1980). 

An increase in benthic grazing therefore requires either an increase in the stock of 

herbivorous fish or a reduction of predation pressure on benthic invertebrate grazers. 

Benthic grazing generally exerts strong top-down effects on periphyton in running waters 

(Feminella and Hawkins, 1995; Hillebrand, 2009). Strong direct top-down effects of 

herbivorous fish on periphyton have been observed in subtropical (e.g. Schneck et al., 

2013) and tropical streams (e.g. Power et al., 1989; Wootton and Oemke, 1992). Fish 

grazing was suggested to be more important in tropical streams than in temperate streams 

because herbivorous fish species represent a larger proportion of the total fish community 

in the tropics (Wootton and Oemke, 1992). Nevertheless, top-down effects of 

herbivorous fish on periphyton have also been observed in North American streams, both 

in experimental stream mesocosms (e.g. Martin et al., 2016; Veach et al., 2018) and on 

a mesohabitat scale in stream pools (e.g. Gelwick and Matthews, 1992; Stewart, 1987). 

Indirect top-down control of periphyton in running waters has also been described, via a 

three-level trophic cascade consisting of small zoobenthivorous fish, invertebrate grazers 

and periphyton (e.g. Dahl, 1998; Winkelmann et al., 2014). Moreover, the introduction 

of a fourth trophic level, by the inclusion of large omnivorous fish, was shown to induce 

a trophic cascade down to periphyton via the reduction of predation pressure on 

invertebrate grazers (Power, 1990; Wootton and Power, 1993). Nonetheless, the 

reduction of predation pressure on invertebrate grazers alone is unlikely to provide an 

effective management tool for enhancing benthic grazing (Winkelmann et al., 2014), for 

two reasons.  
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First, benthic invertebrate grazers have much longer generation times (~1 year) than 

zooplankton grazers (e.g., < 1 month in cladocerans and < 7 days in rotifers at 15 C; 

Gillooly, 2000). Thus, benthic invertebrate grazers cannot quickly increase their 

population density to the level needed to substantially reduce algal blooms (Winkelmann 

et al., 2014). Second, a phase of intense periphyton in response to the high light supply 

in unshaded shallow rivers in summer coincides with the natural reduction of grazer 

biomass due to the emergence of mayflies (Winkelmann et al., 2014). However, in 

contrast to benthic invertebrates, herbivorous fish are not subject to a seasonal reduction 

and are thus able to exert high grazing pressure throughout the vegetation period, 

regardless of the periphyton growth period. The enhancement of fish grazing by stocking 

herbivorous fish may therefore be an effective strategy for mitigating the effects of 

eutrophication in shallow rivers, with additional indirect effects induced by an increase 

in invertebrate grazing through trophic cascades. 

European rivers are home to two fish species with a high potential for mitigating the 

effects of eutrophication: the herbivorous cypriniform common nase (Chondrostoma 

nasus) and the omnivorous cypriniform European chub (Squalius cephalus) 

(Leuciscidae: Leuciscinae). Both species are typical members of the fish communities in 

the hyporhithral and epipotamal zones of European rivers and have wide distribution 

ranges. The rheophilic common nase is naturally distributed in Central and Eastern 

Europe, e.g. in the Rhine and Danube river systems (Kottelat and Freyhof, 2007). In 

Central Europe, common nase was once one of the most abundant and productive fish 

species in hyporhithral and epipotamal river zones, but it has suffered large-scale 

population declines due to multiple anthropogenic stressors such as damming and water 

pollution (Peňáz, 1996). Nevertheless, the nase remains abundant in many European 

rivers (Reckendorfer et al., 2001) and its local abundance is gradually increasing in 

response to restoration measures (Ramler and Keckeis, 2019; Schmutz et al., 2014). 

Moreover, it is the only fish species in European rivers that is specialised for feeding on 

periphyton, preferentially on benthic diatoms (Corse et al., 2010; Vater, 1997). Nase 

scrape periphyton from coarse substrates, leaving characteristic grazing scars (Freyhof, 

1995). Adult fish typically form large single-species shoals, ranging in size from a dozen 

up to several hundred individuals, that move actively within defined home ranges (Huber 

and Kirchhofer, 1998; Lusk, 1967). The large size (total length up to 46 cm; Kottelat and 
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Freyhof, 2007) and the shoaling behaviour of nase result in a high natural biomass per 

area. These features could be used to reduce biological clogging in the hyporheic zone, 

via the direct top-down control of periphyton. 

European chub naturally occurs throughout most of Europe (see Kottelat and Freyhof, 

2007). In contrast to the highly specialised nase, chub is a generalist, able to feed on 

periphyton, especially filamentous algae, and on benthic invertebrates (Balestrieri et al., 

2006; Hellawell, 1971). As the fish ages and grows (total length up to 60 cm, Kottelat 

and Freyhof, 2007), it increasingly preys on small zoobenthivorous fish such as common 

minnows (Phoxinus phoxinus) and bullheads (Cottus gobio) (Hellawell, 1971; Mann, 

1976). In addition to potential direct top-down effects on periphyton, by feeding on 

filamentous algae, large chub may indirectly reduce periphyton biomass via a four-level 

trophic cascade (chub, small zoobenthivorous fish, herbivorous invertebrates, 

periphyton). Moreover, benthic foraging by chub was found to cause localised substrate 

coarsening in the upper layer of the hyporheic zone (e.g. Pledger et al., 2017). Thus, in 

addition to trophic interactions, the bioturbation resulting from the activity of benthic 

foraging by chub could increase the water exchange between surface water and the 

hyporheic zone due to a reduction of clogging and thus contribute to mitigating 

eutrophication effects in rivers. 

The research described in this thesis examined the potential for top-down control by 

herbivorous nase and/or omnivorous chub to mitigate the effects of eutrophication in 

medium-sized rivers. I therefore conducted three studies on different spatial and temporal 

scales in the hyporhithral zone of a medium-sized eutrophic gravel-bed river. In study 1, 

I aimed at assessing whether herbivorous nase is able to reduce periphyton biomass. For 

this, I quantified the effects of fish exclusion on periphyton biomass in three consecutive 

short-term experiments (18–19 days) at different densities of nase in the river using 

standard tiles on the river bottom naturally covered with periphyton that were accessible 

to fish and tiles that excluded fish foraging with electric exclosures. In study 2, I 

examined whether the top-down effects of herbivorous nase and omnivorous chub can 

reduce eutrophication effects in the hyporheic zone, with a focus on the underlying 

mechanisms. In a 4-week mesocosm-based field experiment, cage enclosures stocked 

with nase or chub were placed in the river and their effects compared with those of un-

stocked control cages. In study 3, I focused on the question whether enhancing stocks of 
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nase and chub offers an effective ecosystem-scale strategy for mitigating the effects of 

eutrophication in medium-sized rivers, similar to the biomanipulation successfully 

applied in lakes. To answer this question, I conducted a reach-scale experiment over 4 

years along a 1.4-km long river stretch. In studies 2 and 3, the top-down control of 

periphyton by nase and chub was expected to reduce biological clogging, ultimately 

resulting in increases in both water exchange and the oxygen supply in the hyporheic 

zone. Successful biomanipulation by enhancing herbivorous and omnivorous fish stocks 

would offer a cost-efficient measure to mitigate the effects of eutrophication in medium-

sized rivers, thereby contributing to the preservation of aquatic biodiversity and to 

achieving the goals set by the European Water Framework Directive (WFD).  
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5 Study 1 

 Benthic grazing in a eutrophic river: cascading effects of 

zoobenthivorous fish mask direct effects of herbivorous fish 

Reprinted from: 

Gerke, M., Cob Chaves, D., Richter, M., Mewes, D., Schneider, J., Hübner, D. &  

Winkelmann, C. (2018): Benthic grazing in a eutrophic river: cascading effects of 

zoobenthivorous fish mask direct effects of herbivorous fish.  

PeerJ 6:e4381; DOI 10.7717/peerj.4381.  

© The Authors. Published by PeerJ Inc. 
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Corresponding author: 
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Supplemental description of the preliminary experiments   

We performed two consecutive 24-h experiments with five adult specimens of nase taken 

from the river Nister in an artificial indoor stream channel (2.6 m × 0.9 m × 0.5 m) filled 

with water also taken from the river Nister (520 L, conductivity 347 µs cm−1). The 

photoperiod during the experiments was 15:9 (light:dark) h. Fish were not fed for three 

days prior to the experiments.   

In the first experiment, we exposed two different electrified exclosure tiles in the stream 

channel to find the optimal construction: one with two aluminium insulators (variant A) 

and the other with two aluminium insulators and two additional steel insulators (variant 

B). The second experiment aimed to test whether a) electric exclusion effectively 

prevents fish from foraging and b) fish feed on the periphyton growing on the non-

electrified control tile. Thus, in the second experiment, we exposed one electrified 

exclosure tile and one non-electrified control tile in the stream channel. Prior to the 

experiments, the tiles were preconditioned in the river Nister for two weeks to grow 

periphyton, which was used as bait during the experiments. The exclosure tiles were 

connected to a fence charger (compact B400, Electra Landtechnik GmbH, Vöhl, 

Germany, 0.3 J output energy) that emitted electric pulses every 1.22 s for 2.04 ms. 

Electric pulses were measured using an oscilloscope (TEK 2245A, American Tektronix, 

Beaverton, US).  During the experiments, fish contacts with tiles were filmed with a 

webcam (320 × 320 pixel resolution) that was installed above the stream channel. The 

number of fish contacts with tiles and contact durations were analysed using VLC media 

player (version 2.2.1). This analysis was only possible for the day period.   

In the first experiment, we observed one fish contact of 8 s with the variant A tile and 

three contacts with a total duration of 17 s with the variant B tile. As both constructions 

of electric exclosures seemed to be similarly effective in preventing fish from foraging, 

we used the more simple construction (variant A) in the second experiment. In the second 

experiment, there were considerably more fish contacts with the non-electrified control 

tile than with the electrified exclosure tile (control: 86 contacts, 45.3 min total duration; 

exclosure: 5 contacts, 1.4 min total duration). During the experiment, the fish intensively 

grazed periphyton on the non-electrified control tile and almost completely removed the 

periphyton from the tile, whereas there were no traces of feeding on the electrified 

exclosure tile at the end of the experiment.  
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6 Study 2 

Cypriniform fish in running waters reduce hyporheic oxygen 

depletion in a eutrophic river 

Reprinted from: 

Hübner, D.*, Gerke, M.*, Fricke, R., Schneider, J. & Winkelmann, C.: Cypriniform 

fish in running waters reduce hyporheic oxygen depletion in a eutrophic river.  

Freshwater Biology 00:1-11. https://doi. org/10.1111/fwb.13517.  

* Equal contribution authorship
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Appendix S1: Characteristics of the hyporheic zone in the river  

Hyporheic water samples and sediment samples were taken in a river section (~ 90 m) 

approximately 250 m upstream of the experimental site (sampling dates: water samples: 

June 13, 2017; sediment samples: May 16, 2017). Samples were taken in the middle of 

the river and near the river margins (Table A1). 

Hyporheic water samples were taken from multilevel probes that were similar to those 

used in the experiment described in this paper and that had been installed into the river 

bed in autumn 2016. Water samples were obtained using a polypropylene syringe and 

their dissolved oxygen content, electrical conductivity and pH-value was immediately 

measured (WTW, Multi 3430 with FDO 925, TetraCon 925 and SenTix 940 probe, 

Wissenschaftlich Technische Werkstätten, Weilheim; Germany). 

Freeze core samples were taken according to the technique by Humpesch & Niederreiter 

(1993). In short, a hollow steel lance (Umwelt und Wissenschaftstechnik, Mondsee, 

Austria) was driven into the riverbed, and approximately 15 L of liquid nitrogen was 

poured into the lance, freezing the sediments to the lance. Afterwards, the core was 

immediately pulled out of the riverbed using a tackle. Each core was divided into 10 cm 

layers. The samples were fractioned by wet sieving using a vibratory sieve shaker (Retsch 

AS 200 basic, Haan, Germany) equipped with wet sieves of decreasing mesh sizes 

(20 mm, 6.3 mm, 2 mm, 0.63 mm, 0.2 mm, 0.063 mm; Retsch, Test Sieve ISO 3310-1); 

large stones (cobbles > 63 mm) were sorted out manually and excluded from further 

analyses. The clay and silt fraction (< 0.063 mm), which passed the smallest sieve size, 

was washed into a 20 L bucket, and the sieving was finished once the water leaving the 

sieve tower was clear. The total volume of the retained washing water containing the clay 

and silt fraction was determined, and two 50-ml aliquots were taken from the 

homogenised sample. The fractions retained on each sieve and the aliquots of the 

washing water were dried at 105°C and weighed.  
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Table A1: Mean values (± standard deviation) of hyporheic oxygen concentration in 8 cm depth, 
absolute differences of electrical conductivity and pH between 8 cm depth and surface water 
(Δ8 cm – 0 cm) and proportions of dry weight of fine sediments (total fines < 2 mm, clay and 
silt < 0.063 mm) in different layers of freeze core samples. N = sample size. 

Humpesch, U.H., Niederreiter, R., 1993. Freeze-core method for sampling the vertical 
distribution of the macrozoobenthos in the main channel of a large deep river, the River 
Danube at river kilometre 1889. Large Rivers 87–90. 
https://doi.org/10.1127/lr/9/1993/87 

Sampling location 

Variable Middle of the 
river N Near river 

margins N 

Dissolved oxygen (8 cm) [mg L-

1] 2.0 ± 0.2 3 1.8 ± 0.5 6 

Electrical conductivity  
(Δ8 cm – 0 cm) [µs cm-1] 11.7 ± 10.7 3 23.4 ± 16.0 5 

pH (Δ8 cm – 0 cm) 1.5 ± 0.4 3 1.3 ± 0.2 6 

Proportion of fines < 2 mm  
(0-10 cm) [w%] 8.4 ± 2.6 3 13.7 ± 8.3 3 

Proportion of fines < 2 mm  
(10-20 cm) [w%] 15.2 ± 14.4 3 23.8 ± 5.7 3 

Proportion of fines < 0.063 mm 
(0-10 cm) [w%] 1.4 ± 1.2 3 3.7 ± 0.3 3 

Proportion of fines < 0.063 mm 
(10-20 cm) [w%] 2.0 ± 1.1 3 2.9 ± 0.3 3 
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Appendix S2: Results of response variables and environmental parameters at the 
enclosure sites prior to the experiment 

Table B1: Mean values (± standard deviation) of the response variables and the environmental 
parameters current velocity and water depth at the enclosure sites directly before the installation 
of enclosures on May 31, 2017 (one week prior to the start of the experiment). P-values refer to 
the results of ANOVAs of General Mixed Effects Models (fixed factor: future treatment, random 
factor: experimental block, n = 4) and PERMANOVA (invertebrate community composition). 
For current velocity, values after the installation of enclosures are additionally shown (measured 
on June 2, 2017).  

Variable Nase Chub Control p-value

Hyporheic oxygen [mg L-1] 0.59 

8 cm 4.46 ± 1.99 5.22 ± 1.43 4.54 ± 1.03 

13 cm 3.69 ± 2.03 3.85 ± 1.28 3.76 ± 0.95 

23 cm 3.05 ± 2.36 3.23 ± 1.49 2.39 ± 0.43 

Ash-free dry mass [mg cm-2] 1.26 ± 0.04 1.28 ± 0.19 1.35 ± 0.16 0.58 

Chlorophyll a [μg cm-2] 7.72 ± 1.50 8.62 ± 2.54 9.03 ± 3.01 0.24 

Proportion of green algae [%] 9.4 ± 6.3 8.8 ± 4.8 7.8 ± 1.6 0.89 

Total invertebrate biomass [g dw m-2] 2.16 ± 0.51 1.75 ± 0.85 1.81 ± 0.54 0.62 

Grazer biomass [g dw m-2] 0.77 ± 0.21 0.55 ± 0.15 0.60 ± 0.24 0.36 

Invertebrate community composition 0.32 

Current velocity [m s-1] 

before enclosure installation 0.36 ± 0.11 0.35 ± 0.12 0.34 ± 0.13 0.89 

after enclosure installation 0.26 ± 0.09 0.22 ± 0.08 0.25 ± 0.13 0.32 

Water depth [cm] 24.0 ± 2.3 25.4 ± 5.3 26.8 ± 4.3 0.65 

Current velocity and water depth were measured above the multilevel probe installed at 

the planned location of each enclosure. Current velocity was measured approximately 

5 cm below the water surface using a flow meter with a vane wheel flow sensor (HFA 

hand-held unit with FA sensor; Hoentzsch GmbH, Waiblingen, Germany). The 

measurements were conducted under low-flow conditions (daily mean discharge at the 

stream gauge Heimborn approximately 4 km upstream of the experimental site: 

May 31: 0.89 m3s-1, June 2: 0.94 m3s-1; average mean discharge in summer: 2.37 m3s-1). 
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Appendix S3: Dynamics of the surrounding conditions in the river during the 

experiment  

To characterise the surrounding conditions in the river, water temperature, oxygen 

concentration, pH-value and turbidity of the surface water were recorded hourly during 

the experiment using a multi parameter sensor (Qualilog 8, Seba Hydrometrie, 

Kaufbeuren, Germany) that was installed approximately 250 m upstream of the 

experimental site. 

The surrounding conditions in the river changed considerably during the experiment. 

Most importantly, periphyton biomass dynamics were not entirely characterised by a 

steadily increase of periphyton biomass over time, but were most probably characterised 

by two periphyton detachment events (June 4 and 23, 2017). Both detachments were 

characterised by a short increase of turbidity at exactly the same time as the daily 

variations of oxygen concentration and pH value decreased (Fig. C1). This strongly 

suggests that the detached algal particles increased turbidity while the reduced 

periphyton biomass resulted in a lower daily variation of oxygen saturation and pH.  

The first detachment was triggered by a medium sized flood event (Fig. C2). However, 

no such reason could be identified for the second detachment, indicating that it was 

probably caused by senescence of periphyton. The first detachment occurred three days 

before the start of the experiment and the second approximately two weeks before the 

end of the experiment. 

The dynamics of the surrounding conditions in the river during the experiment, especially 

the detachment of periphyton, likely affected periphyton development within the 

enclosures. Periphyton biomass in the control enclosures without fish stocking increased 

from the first sampling (one week prior to the start of the experiment) on May 31 to the 

sampling on June 21. The second detachment of periphyton occurred two days later on 

June 23 and the following sampling on June 28 showed a reduced periphyton biomass. 

The very high periphyton biomass found at the end of the experiment on July 5 indicates 

a period of high biomass accrual during the last week of the experiment. This is also 

supported by the temporal dynamic of the ratio of ash free dry mass to chlorophyll a 

concentration of the periphyton, which reflects the proportion of the periphyton 

community composed of autotrophic organisms (autotrophic index, Fig. C3).The 

autotrophic index decreased from the sampling on June 21 to the sampling after the 
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second detachment on June 28. It then strongly increased from June 28 to the end of the 

experiment on July 5 parallel to the high increase of periphyton biomass, indicating the 

accumulation of heterotrophic and non-living periphyton components such as bacteria 

and detritus.  

Despite the significant difference in total periphyton biomass (AFDM) at the end of the 

experiment, top-down pressure of nase varied over time. The significant reduction of 

AFDM in enclosures stocked with nase was found only at the end of the experiment on 

July 5, thus following the above-described period of high biomass accrual after the 

second detachment (Fig. C4). Interestingly, enclosures stocked with chub seemed to have 

a lower total periphyton biomass before the detachment but did not differ from control 

enclosures at the end of the experiment (Fig. C4) 
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Fig. C1: Daily maximum values of water turbidity and daily mean, minimum and 
maximum values of oxygen saturation, water temperature and pH measured close to the 
experimental site as well as mean (± standard deviation, n = 4) ash free dry mass of 
periphyton in the control enclosures between May 31 – July 5, 2017 (enclosure 
installation: May 31, experiment duration: June 7 – July 5, 2017). The vertical lines mark 
the two periphyton detachments observed during the course of the experiment.  
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Fig. C2: Daily mean values of discharge at the stream gauge located in Heimborn 
(approximately 4 km upstream of the experimental site) between May 31 – July 5, 2017 
(enclosure installation: May 31, experiment duration: June 7 – July 5, 2017). 

Fig. C3: Mean autotrophic index (ratio of ash free dry mass to chlorophyll a 
concentration) of periphyton in the control enclosures without fish stocking. Error bars 
represent the standard deviations. 
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Fig. C4: Mean ash-free dry mass in enclosures stocked with nase or with chub and in 
control enclosures without fish stocking (n = 4) over the course of the experiment. Error 
bars represent the standard deviations. 
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7 Study 3 

Can top-down effects of cypriniform fish be used to mitigate 

eutrophication effects in medium-sized European rivers?  

Reprinted from: 

Gerke, M., Hübner, D., Schneider, J. & Winkelmann, C.: Can top-down effects of 

cypriniform fish be used to mitigate eutrophication effects in medium-sized European 

rivers? Science of the Total Environment 755, 142547. 

https://doi.org/10.1016/j.scitotenv.2020.142547 

© 2020 The Authors. Published by Elsevier B.V. 
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Appendix A: Pictures of the experimental site and the dynamic fish weirs 

Figure A.1: Sampling subsection in the 
reference stretch. Picture taken looking in 
upstream direction on May 29, 2018. 

Figure A.2: Sampling subsection in the impact stretch. Picture 
taken looking in upstream direction on October 27, 2016. 

Chapter 7 - Study 3

71



Figure A.3: Dynamic fish weir during mid-flow conditions. Picture 
taken on March 23, 2016. The discharge at the gauge Heimborn 
approximately 4 km upstream of the experimental site was 2.2 m³s-1 

around the time the photograph was taken. 

Figure A.4: Partly submerged dynamic fish weir during high-flow 
conditions. Picture taken on June 23, 2015. The discharge at the 
gauge Heimborn was 4.1 m³s-1 around the time the photograph was 
taken. 
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Appendix B: Water depth and current velocity at the sampling sites  

On each sampling date, current velocity and water depth were measured above each 

multilevel probe at the probe sampling sites. Current velocity was measured at the river 

bottom and approximately 5 cm below the water surface using a flow meter with a vane 

wheel flow sensor (HFA hand-held unit with FA sensor; Hoentzsch GmbH, Waiblingen, 

Germany). At each algae sampling site, water depth was measured in the middle of the 

river and near both river margins; current velocity was measured at the river bottom 

above ten stones across a transect over the entire width of the river. 

Table B.1: Mean values (± SD) of water depth and current velocity (bottom and surface 
velocity) at the multi-level probe sampling sites and the algae sampling sites in the 
reference stretch and the impact stretch during the experiment. Sampling size (n) refers 
to the number of sampling dates (probe sampling sites: n = 29, periphyton sampling sites: 
n = 34). 

Reference Impact 

Water 
depth 
[cm] 

Bottom 
velocity 
[m s-1] 

Surface 
velocity 
[m s-1] 

Water 
depth 
[cm] 

Bottom 
velocity 
[m s-1] 

Surface 
velocity 
[m s-1] 

Probe 
sampling site 

A 26.9 ± 8.8 0.27 ± 0.09 0.47 ± 0.19 25.9 ± 8.0 0.28 ± 0.14 0.44 ± 0.14 

B 35.7 ± 10.2 0.28 ± 0.19 0.46 ± 0.18 38.9 ± 12.1 0.17 ± 0.11 0.33 ± 0.15 

C 37.2 ± 10.8 0.27 ± 0.13 0.45 ± 0.15 23.7 ± 9.5 0.34 ± 0.11 0.52 ± 0.17 

Periphyton 
sampling site 

Riffle 23.9 ± 6.7 0.31 ± 0.14 22.5 ± 6.9 0.31 ± 0.13 

Pool 38.7 ± 9.5 0.15 ± 0.09 37.7 ± 8.1 0.18 ± 0.13 
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Appendix C: Additional environmental variables to characterise the hyporheic zone 

in the river 

Field sampling and laboratory analyses 

On each probe sampling date, additional water samples for nitrate analysis (13 mL) were 

obtained from each depth horizon, filtered through syringe filters (0.2-µm cellulose 

acetate membrane) and stored in 15-mL Falcon tubes. Water samples were transported 

cooled to the laboratory and stored at −20 C° until analysis. All samples were analysed 

within five months after sampling. The nitrate concentrations of the water samples were 

measured photometrically (DIN EN ISO 13395, 1996) using a continuous-flow analyser 

(CFA, AutoAnalyser 3; Seal Analytical GmbH, Norderstedt, Germany).  

To analyse fine sediment accumulation rates, three sediment traps (one at each sampling 

site) were installed in each stretch in spring 2016. The traps consisted of a cylindrical 

wire-mesh basket (diameter 14 cm, height 21 cm, surface area 154 cm²) filled with pre-

screened gravel (grain size 18 – 36 mm) enclosed in a fine-meshed gauze bag (mesh size 

15 m), thereby allowing fine sediment input only from the surface. The traps were placed 

in larger outer baskets (diameter 21 cm), which were buried in the riverbed and not lifted 

during sampling. These sediment traps were sampled every 2 weeks from May 2016 to 

September 2018. The exposure duration was 1 – 2 weeks, depending on the season and 

the expected amount of sediment accumulation (e.g. by floods). At each sampling date, 

the bag containing the inner basket was lifted and its contents (gravel and fine sediment) 

were washed into a 10-L bucket. Sediment trap samples were kept in a cool room and 

analysed for dry weight and organic matter within the following 2 days.  

The sediment composition was assessed using the freeze-core sampling technique of 

Humpesch and Niederreiter (1993). Freeze-core samples were taken once in November 

2015 and three times per year (spring, summer and autumn) between May 2016 and 

October 2018. At each sampling date, six freeze-cores (two per sampling site) were 

collected from each experimental stretch at a depth of 30 cm. This was accomplished by 

pouring ~15 L of liquid nitrogen into a hollow steel lance (Umwelt und 

Wissenschaftstechnik, Mondsee, Austria) driven into the riverbed, thus freezing the 

sediments to the lance. Immediately thereafter, the core was pulled out of the riverbed 
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using a tackle. Each core was divided into 10-cm layers. Freeze-core samples were stored 

either frozen or dried to minimise the degradation of organic carbon prior to the analyses. 

Sediment trap samples and the dried freeze-core samples were fractioned by wet sieving 

using a vibratory sieve shaker (Retsch AS 200 Basic, Haan, Germany) equipped with 

wet sieves of decreasing mesh sizes (20 mm, 6.3 mm, 2 mm, 0.63 mm, 0.2 mm, 

0.063 mm; Retsch, Test Sieve ISO 3310-1). Only fine sediment (< 2 mm) was included 

from the sediment trap samples, and large stones (cobbles > 63 mm) were removed 

manually from the freeze-core samples. For all sediment samples, the clay and silt 

fraction (< 0.063 mm), defined as the fraction passing through the smallest sieve size, 

was washed into a 20-L bucket; sieving was considered to be completed once the water 

leaving the sieve tower was clear. The total volume of the retained washing water 

containing the clay and silt fraction was determined and two 50-ml aliquots were taken 

from the homogenised sample. The fractions retained on each sieve and the aliquots of 

the washing water were dried at 105°C and then weighed. To assess the organic carbon 

content in the different fine sediment fractions (< 2 mm), the dried samples were 

weighed, ashed in a muffle furnace at 510°C for 5 h and then reweighed using a 

microbalance (XS205 Dual Range, Mettler-Toledo). 

Results 

In accordance with the generally lower oxygen concentrations during the similarity 

phase, the mean nitrate concentrations in the hyporheic zone were also lower during this 

phase than during the dissimilarity phase (Table C.1), indicating enhanced denitrification 

under low-oxygen conditions. During both experimental phases and in both stretches, the 

mean absolute difference in electrical conductivity between the surface water and the 

hyporheic zone at 8 cm depth was > 10 µs cm−1 and was only slightly higher at 13 cm 

depth (Table C.1), suggesting a physical barrier between the surface water and the 

hyporheic zone within the first 8 cm. The difference in electrical conductivity between 

the surface water and the hyporheic zone increased during the similarity phase, especially 

in the reference stretch, indicative of a further reduction in riverbed permeability. This 

finding is in line with the low DO and vertical flux found in the reference stretch during 

the similarity phase. The accumulation rates of organic and inorganic clay and silt 

(particles < 63 µm) accumulation followed a similar pattern and were generally higher 
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during the similarity phase, especially in the reference stretch (Table C.1). Overall, 

according to these results the extent of physical and biological clogging was more 

pronounced during the similarity phase than during the dissimilarity phase, likely due to 

the prolonged period of low flow in 2018. This was not reflected by the weight proportion 

of clay and silt in the freeze-core samples, which did not show a striking increase during 

the similarity phase (Table C.1).  
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Table C.1: Mean values (± SD) of the environmental variables used to characterise the 
hyporheic zone in the impact and reference stretches during experiment. ‘Diff hz-sw’: 
absolute difference in electrical conductivity between the upper hyporheic zone (8-cm 
depth) and surface water. Content of fines (< 63 µm) [w%]: total dry weight proportion 
of particles <63 µm (clay and silt) in different layers of the freeze-core samples. Organic 
carbon content in fines (< 63 µm) [w%]: dry weight proportion of organic carbon in the 
clay and silt fraction. Sampling size (n) refers to the number of sampling dates. 

Dissimilarity phase Similarity phase 

Variable Impact Reference n Impact Reference n 

Nitrate [mg L−1] 

8 cm 3.47 ± 2.02 2.40 ± 1.76 11 1.51 ± 1.47 0.31 ± 0.44 14 

13 cm 3.24 ± 2.15 1.78 ± 1.76 11 1.06 ± 0.75 0.24 ± 0.15 14 

23 cm 3.11 ± 2.55 1.89 ± 1.78 11 0.67 ± 0.53 0.15 ± 0.09 14 

33 cm 3.39 ± 2.81 1.98 ± 1.96 11 0.48 ± 0.43 0.13 ± 0.08 14 

Electrical conductivity 
(diff. hz-sw) [µs cm−1] 

8 cm 10.5 ± 8.5 13.3 ± 6.9 12 15.3 ± 8.1 25.3 ± 12.1 19 

13 cm 11.5 ± 7.6 15.0 ± 11.0 12 16.9 ± 8.0 26.7 ± 11.2 19 

23 cm 11.7 ± 5.9 22.0 ± 14.2 12 19.6 ± 5.6 31.4 ± 9.8 19 

33 cm 16.3 ± 10.4 32.0 ± 20.6 12 19.8 ± 7.0 42.9 ± 12.6 19 

Accumulation of inorganic fines 
(< 63 µm) [g m−2 d−1] 

153 ± 94 195 ± 120 18 349 ± 194 426 ± 223 12 

Accumulation of organic fines 
(< 63 µm) [g m−2 d−1] 

41 ± 27 53 ± 36 18 79 ± 34   96 ± 40 12 

Content of fines (< 63 µm)     
(0–10 cm) [w%] 

3.2 ± 1.0 2.9 ± 0.6 5 4.2 ± 0.5 2.9 ± 1.0 3 

Content of fines (< 63 µm)    
(10–20 cm) [w%] 

3.5 ± 1.0 3.0 ± 0.7 5 4.6 ± 0.3 3.1 ± 1.0 3 

Content of fines (< 63 µm)    
(20–30 cm) [w%] 

3.5 ± 1.1 2.8 ± 0.4 5 4.6 ± 0.2 3.1 ± 1.0 3 

Organic carbon content in fines 
(< 63 µm) (0–10 cm) [w%] 

7.0 ± 0.3 8.2 ± 1.3 5 7.3 ± 0.6 7.2 ± 0.6 3 

Organic carbon content in fines 
(< 63 µm) (10–20 cm) [w%] 

6.8 ± 0.4 8.0 ± 1.2 5 7.1 ± 0.7 6.9 ± 0.5 3 

Organic carbon content in fines 
(< 63 µm) (20–30 cm) [w%] 

6.7 ± 0.6 8.0 ± 1.3 5 7.2 ± 0.6 7.0 ± 0.5 3 
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Appendix D: Supplementary information on data analysis 

Figure D.1: Mean oxygen concentration (left y-axis) in the upper hyporheic zone (8-
cm depth) of the experimental stretches during the dissimilarity phase in 2015 and 
2016. Measurements in 2015 started two months after the installation of the multilevel 
probes. Error bars represent the standard deviations; n ≥ 7 samples except for 
sampling dates marked with X (n = 3 or n = 2, if no standard deviation is shown). The 
grey trace shows the daily mean discharge (right y-axis). 
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Figure D.2: Mean absolute values of the vertical flux (5 – 10 cm depth) and 
mean oxygen concentration in the upper hyporheic zone (8-cm) of the 
experimental stretches during spring (sampling dates between May and mid-
June) in the four years of the experiment.  The transition between the phases 
is indicated by the vertical line between 08/17 and 11/17. The shifting of the 
sampling sites in the two stretches at the end of the season in 2016 is indicated 
by the dashed line.  

Figure D.3: (a) Mean nitrate concentration in the upper hyporheic zone (8-
cm depth) and (b) mean absolute difference in electrical conductivity between 
the upper hyporheic zone and surface water in the impact stretch in 2016 
(nitrate: n = 7, electrical conductivity: n = 8). Sampling site B (three multi-
level probes) is shown compared to all other sampling sites (six multi-level 
probes). Boxes: 75 % and 25 %, whiskers: 95 % and 5 %. 
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Appendix E: Fish densities during the experiment 

Table E.1: Mean (± SD) biomass per area and density of nase and chub (> 15 cm) during 
the two phases in the reference and impact stretches (n refers to the number of sampling 
dates).  

Dissimilarity phase Similarity phase 

Reference stretch 
(n = 6) 

Impact stretch 
(n = 3) 

Reference stretch 
(n = 5) 

Impact stretch 
(n = 5) 

Biomass 
[g m−2] 

Nase 81.82 ± 7.09 0.82 ± 1.41 42.60 ± 7.58 30.45 ± 7.37 

Chub 19.84 ± 2.66 1.17 ± 1.08 15.18 ± 3.43 10.00 ± 3.68 

Total 101.66 ± 7.74 1.99 ± 2.35 57.78 ± 8.68 40.45 ± 9.76 

Density 
[Ind m−2] 

Nase 0.186 ± 0.036 0.010 ± 0.017 0.118 ± 0.068 0.090 ± 0.014 

Chub 0.052 ± 0.012 0.004 ± 0.005 0.066 ± 0.011 0.023 ± 0.009 

Total 0.238 ± 0.043 0.014 ± 0.022 0.184 ± 0.071 0.114 ± 0.023 
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Table E.2: Nase and chub densities in the impact, reference and buffer stretches during the experiment (white background: dissimilarity phase, grey 
background: similarity phase). Values are the total number of fish captured per m2 (catch) and calculated stock per m2 following stock manipulation. 

Catch [Ind m-2] Stock [Ind m-2] Number of electrofishing passes 

Date Species Impact Reference Buffer Impact Reference Impact Reference Buffer 

Jul 2015 Nase 0.026 0.108 0.044 0.000 0.190 
4 2 1 Chub 0.017 0.028 0.011 0.000 0.055 

Oct 2015 Nase 0.019 0.166 0.065 0.029 0.247 
2 2 1 

Chub 0.005 0.024 0.036 0.010 0.060 
Apr 2016 Nase 0.000 0.098 0.025 0.000 0.154 

2 2 1 
Chub 0.003 0.016 0.014 0.002 0.029 

Jul 2016 Nase 0.002 0.118 0.033 0.202 
3 2 1 

Chub 0.008 0.020 0.018 0.055 
Oct 2016 Nase 0.001 0.133 0.028 0.171 

2 2 1 
Chub 0.006 0.024 0.014 0.052 

Apr 2017 Nase 0.011 0.061 0.027 0.149 
2 2 1 

Chub 0.004 0.031 0.006 0.063 
Aug 2017 Nase 0.004 0.106 0.023 0.113 0.232 

2 2 1 
Chub 0.006 0.018 0.008 0.036 0.068 

Apr 2018 Nase 0.001 0.041 0.009 0.082 0.058 
2 2 1 

Chub 0.002 0.021 0.003 0.014 0.052 
Sep 2018 Nase 0.071 0.116 0.031 0.096 0.122 

2 2 1 
Chub 0.019 0.034 0.027 0.028 0.074 

Apr 2019 Nase 0.006 0.069 0.003 0.082 0.080 
2 2 1 

Chub 0.007 0.037 0.016 0.015 0.079 
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8 General discussion 

Eutrophication of streams and shallow rivers results in excessive periphyton growth, 

which causes biological clogging and thus oxygen depletion in the hyporheic zone 

(Hartwig and Borchardt, 2015; Ibisch et al., 2009). The end result is a serious degradation 

of habitat quality for gravel-spawning fish and benthic invertebrates (Geist and 

Auerswald, 2007; Hübner et al., 2009). A variety of management tools have been 

established for eutrophication control in standing waters, which have been the major 

focus of eutrophication research over the past several decades (Smith et al., 1999). 

However, in running waters efficient tools for controlling eutrophication are still lacking. 

Controlling eutrophication by reducing P input, which is doubtless effective (Schindler 

et al., 2016), is particularly difficult to achieve in running waters with densely populated 

and/or agricultural catchments due to their tight connection with the surrounding 

landscape. Specifically, nutrient inputs from non-point sources remain difficult to 

control, despite the implementation of best management practices such as riparian buffer 

strips (Dodds, 2006). In forested streams, riparian shading can effectively control 

eutrophication during summer (Burrell et al., 2014; Ghermandi et al., 2009) but reducing 

the light availability to periphyton also reduces the efficiency of P retention (Sabater et 

al., 2000). Thus, higher P loads are transported downstream and may exacerbate nutrient 

enrichment in wider river sections, where riparian shading is less effective and 

periphyton growth is not exceedingly light limited. Top-down control of the food-web 

by manipulating fish stocks, similar to the biomanipulation successfully applied in lakes 

(Benndorf, 1990; Hansson et al., 1998), offers an alternative approach to mitigating the 

effects of eutrophication in medium-sized shallow rivers. With this background, I aimed 

at assessing the potential for top-down control by common nase, the only obligate 

herbivorous fish species in European rivers, and omnivorous European chub as a tool to 

mitigate the effects of eutrophication in medium-sized rivers. I therefore performed three 

experimental studies, using three different temporal and spatial scales, in a medium-sized 

eutrophic gravel-bed river. 

The results of the fish exclosure experiments (study 1) showed that exclusion of the fish 

from the experimental tiles led to a reduction in autotrophic periphyton biomass, most 

likely due a higher biomass of invertebrate grazers (Figure 1). This was in contrast to the 
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initial expectation that periphyton biomass would be lower on accessible tiles due to 

grazing by nase. These observations suggested that, on small spatial and temporal scales, 

the cascading top-down effects of zoobenthivorous fish have a larger impact on 

periphyton biomass than do the direct effects of herbivorous nase. Thus, while this study 

provided indication that the active promotion of benthic grazing could mitigate the 

effects of eutrophication in rivers, it also highlighted the complexity of top-down control 

in river food webs. Specifically, given the unspecific exclusion of fish in study 1, the 

potential impact of herbivorous nase on periphyton biomass remained unclear, as fish 

belonging to three different trophic levels or functional feeding groups may have fed on 

the experimental tiles: primary consumers (grazers, nase), secondary consumers 

(zoobenthivorous, e.g. bullhead) or tertiary consumers (omnivorous, including some 

facultative-piscivorous species, e.g. chub). In addition, the cascading top-down effects 

of zoobenthivorous fish on periphyton biomass might have been particularly strong at 

the small scale of the exclosure experiments but less relevant at larger scales, as benthic 

invertebrates could completely avoid predation by fish on the exclosure tiles. Whether 

fish grazing or invertebrate grazing would predominate at an ecosystem scale could not 

be determined. 

The results of the mesocosm experiment (study 2) demonstrated that herbivorous nase 

and omnivorous chub can reduce the impact of eutrophication effects in the hyporheic 

zone of running waters. The top-down effects of nase and chub reduced hyporheic 

oxygen depletion, suggesting a reduction of biological clogging. However, a significant 

decline in periphyton biomass occurred only in the enclosures stocked with nase, not in 

those stocked with chub. While the presence of chub had positive effects on total benthic 

invertebrate biomass, indicating a reduction in the local density of zoobenthivorous fish, 

it did not increase the biomass of invertebrate grazers. This would explain why the 

positive effects of chub on benthic invertebrate biomass did not cascade down to 

periphyton. The indirect top-down control of periphyton in the river may therefore have 

had less of an impact than suggested by the results of the exclosure experiments (study 

1). The absence of a four-level cascade down to periphyton can be explained by the fact 

that chub is an opportunistic omnivore that also feeds on large invertebrate grazers such 

as mayfly larvae (Balestrieri et al., 2006). Although unable to reduce periphyton biomass, 

the presence of chub still had positive effects on hyporheic oxygen availability albeit by 
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a mechanism different from that of nase. While the positive effects of nase on hyporheic 

oxygen availability could be attributed to a reduction of periphyton biomass by benthic 

grazing, the reduction of hyporheic oxygen depletion in the presence of chub can be best 

explained by the enhancement of bioturbation due to intense benthic foraging by chub 

(Figure 1).  

The results of the reach-scale experiment (study 3), the core contribution of my thesis, 

demonstrated that enhancing the stocks of nase and chub mitigated the effects of 

eutrophication on an ecosystem level under relatively realistic conditions. High fish 

densities significantly increased both oxygen availability and the vertical exchange of 

water in the upper layer of the hyporheic zone, even though the effects of fish stocking 

on periphyton biomass were relatively small (Figure 1). The positive effect of fish 

stocking on hyporheic oxygen availability was most pronounced in spring. This suggests 

that high fish densities can substantially improve habitat quality for the early-

developmental stages of spring spawning fish species such as grayling (Thymallus 

Figure 1: Graphical abstract summarising the main findings of the three experimental 
field studies. O2: oxygen concentration in the hyporheic zone. White filled arrows: 
vertical exchange flux of water in the hyporheic zone (only determined in study 3). 
Hyporheic zone pictogram: Michael Götten. Fish, mayfly larva and periphyton 
pictograms: Janno Worischka. Chironomid larva pictogram: www.somethingfishy.ie, 
Inland Fisheries Ireland, 2010.  
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thymallus) and nase, which develop within the hyporheic zone over a period of only a 

few weeks. However, the effects of fish stocking did not seem to be strong enough to 

reduce the extent of physical clogging or to avoid biological clogging during prolonged 

low-flow conditions. Nevertheless, the results indicate that fish stock enhancement can 

contribute to controlling eutrophication in rivers and thus support biodiversity 

conservation, by improving habitat conditions during sensitive periods. To the best of 

my knowledge, I demonstrated for the first time that the biomanipulation achieved by 

enhancing herbivorous and omnivorous fish stocks can mitigate the effects of 

eutrophication in medium-sized European rivers.  

Rivers are highly dynamic, open ecosystems that are strongly influenced by abiotic 

disturbances (e.g. floods), in contrast to lakes, which are more stable, more isolated and 

more controlled by biotic interactions (Dent et al., 2002). The trophic cascade concept 

(Carpenter et al., 1985), one of the key concepts in freshwater ecology, was developed 

in response to observations in whole-lake experiments. It provided the theoretical basis 

for the ‘classical’ biomanipulation approach commonly applied in lakes, i.e. enhancing 

the densities of piscivorous fish to decrease the densities of zooplanktivorous fish and 

thus increase the abundance and size of zooplankton grazers to ultimately decrease 

phytoplankton biomass (Carpenter et al., 1985). Transferring this approach to running 

waters would require reducing the predation pressure on invertebrate grazers (e.g. 

through the removal of zoobenthivorous fish) to increase their grazing on periphyton. 

While this trophic cascade has been demonstrated in the benthic food webs of streams 

(e.g. Huryn, 1998; Power, 1990; Winkelmann et al., 2014), its effect size tends to be 

smaller than in the pelagic food webs of lakes (Shurin et al., 2002). While the direct 

transfer of the ‘classical’ lake biomanipulation approach to benthic stream food webs 

relies exclusively on cascading top-down effects of benthivorous fish, the strength of the 

biomanipulation approach investigated in this thesis is that it relies on at least two pillars, 

the enhancement of direct grazing effects, by stocking herbivorous fish, and the 

enhancement of bioturbation, by stocking omnivorous fish. Although not observed in the 

studied river, an additional effect of omnivorous fish may be their ability to promote 

invertebrate grazing indirectly, by reducing predation by small zoobenthivorous fish.  

Large herbivorous fish such as common nase reach a much higher biomass per area than 

invertebrate grazers. For example, following the fish stock enhancement in study 3 the 
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biomass per area of common nase was approximately 100-fold higher than the total 

invertebrate biomass per area in the reference stretch of the experimental reach. The 

advantage of this difference was previously demonstrated in field experiments showing 

that the effect size of benthic grazers on periphyton biomass increases with increasing 

biomass per area (Hillebrand, 2009). Furthermore, in contrast to invertebrate grazers, the 

biomass of herbivorous fish is not subject to seasonal reductions. Nevertheless, the effect 

of fish grazing on periphyton biomass was less pronounced than expected, especially 

compared to the positive effect on hyporheic oxygen availability. However, the results 

of studies 2 and 3 strongly suggest that benthic grazing by nase was one of the main 

mechanisms for mitigating the effects of eutrophication in the experiments. By contrast, 

in previous studies stocking with phytoplanktivorous filter-feeding fish—such as the 

non-native silver carp (Hypophthalmichthys molitrix), which has been shown to 

successfully control cyanobacterial blooms in Asian lakes that lack large zooplankton 

(Zhang et al., 2008)—did not lead to effective biomanipulation in European standing 

waters (Horn, 2003; Triest et al., 2016). This was likely due to the inability of these fish 

to filter small phytoplankton taxa (< 10 µm) and to the suppression of large cladoceran 

zooplankton (Radke and Kahl, 2002). The mesocosm experiment (study 2) showed no 

evidence of a similar negative effect of herbivorous nase on benthic invertebrate grazers 

that would weaken the top-down effects on periphyton biomass. Thus, a key difference 

between the potential of biomanipulation to mitigate eutrophication effects in European 

rivers vs. lakes is the added potential of enhanced stocks of herbivorous fish. 

A second major mechanism likely contributing to the mitigation of eutrophication effects 

in the hyporheic zone was the increased bioturbation due to benthic foraging. Thus, the 

mesocosm experiment (study 2) pointed out another difference between rivers and lakes. 

In lakes, bioturbation by benthic foraging fish such as common carp (Cyprinus carpio) 

can have adverse effects by increasing sediment resuspension, and thereby internal 

nutrient loading and turbidity (Bonneau and Scarnecchia, 2014; Breukelaar et al., 1994). 

However, such strong biotic feedbacks, which can shift shallow lakes from the clear-

water to the turbid water state, are unlikely to occur in rivers, where water retention times 

are shorter and flood regimes result in a higher relative importance of physical forcing 

(Dent et al., 2002; Johnson et al., 2014). Unlike in shallow eutrophic lakes, benthic 

foraging fish such as chub can positively affect the habitat quality in eutrophic rivers, by 
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causing localised substrate coarsening in the upper layer of the hyporheic zone (e.g. 

Pledger, 2017), thereby increasing its permeability, water exchange between surface 

water and the hyporheic zone and hyporheic oxygen availability. Although a reduction 

in periphyton biomass was not observed in enclosures stocked with chub in the 

mesocosm experiment (study 2), bioturbation activities by benthic-feeding riverine fish 

may even disturb periphyton assemblages and thus reduce periphyton biomass (Pringle 

and Hamazaki, 1998). 

Besides grazing, the frequency of flood disturbance is a crucial determinant of periphyton 

dynamics in rivers. Provided that fish densities are not reduced by high discharge events, 

intermediate flood disturbances may support the effectiveness of biomanipulation in 

rivers, as illustrated by the following considerations. In eutrophic rivers, the nuisance 

growth of attached, filamentous, relatively grazing-resistant algae such as Cladophora 

sp. is promoted by the stable high light and temperature conditions that accompany the 

low water flow in summer (Dodds, 1991). Filamentous branches of attached green algae 

tend to trap sediments suspended in the water (Berger et al., 2003; Dodds, 1991), which 

may additionally increase external clogging of the hyporheic zone. Although in the 

mesocosms of study 2 the proportion of filamentous green algae was reduced in the 

presence of nase, indicating grazing-induced changes in periphyton community structure, 

the excessive development of filamentous algae was frequently observed in the river 

during summer and could thus apparently not be prevented by fish grazing. This would 

explain the weak positive effects of fish on hyporheic oxygen availability that were also 

observed in study 3 during prolonged low-flow conditions in summer. Flood 

disturbances, however, can abruptly remove periphyton (Biggs, 2000, 1995) and 

considerably decrease the biomass of Cladophora (Dodds and Gudder, 1992; Freeman, 

1986), in turn reducing the extent of external biological clogging (Hartwig and 

Borchardt, 2015; Ibisch et al., 2009). In addition, the removal of algal biomass by flood 

disturbances causes a shift in the periphyton community towards early-successional 

stages, such as benthic diatoms, which can be easily grazed and are a preferred food of 

nase (Corse et al., 2010). Consequently, flood disturbances may restrict the persistence 

of grazing-resistant taxa and therefore the predominance of periphyton species that thrive 

in eutrophic waters (O’Hare et al., 2018). This line of thought is further supported by 

long-term field observations and field experiments in a California river, which showed 

Chapter 8 - General Discussion

87



that flood disturbances can lengthen food chains and increase the impact of trophic 

cascades, by increasing the proportion of early-successional edible prey (Power et al., 

2008, 1996). In eutrophic lakes, however, the shift from edible to inedible phytoplankton 

in response to intense grazing by daphnids is a negative feedback mechanism that 

strongly reduces the effectiveness of biomanipulation (Benndorf, 1990; Mehner et al., 

2002). The dominance of grazer-resistant phytoplankton taxa during summer may reduce 

the food chain to one functional trophic level (Power et al., 1996). While flood 

disturbances in rivers limit this shift, the frequency of flood disturbances usually cannot 

be controlled and may vary considerably between years. This can result in considerable 

interannual variation in the strength of top-down control in river food webs (Power, 

1992). In fact, interannual variations in the frequency of flood disturbances were 

observed during the 4 years of the reach-scale experiment in study 3 (e.g. 2016: large 

flood event in mid-June, 2018: no flood events in summer). Furthermore, extremely dry 

years such as in 2018 may become more frequent in most of Europe in response to 

climate change (Feyen and Dankers, 2009), which could increase eutrophication effects 

and hinder the long-term effectiveness of biomanipulation in rivers.  

A further consideration is that hydromorphological degradation in rivers may reduce the 

frequency of periphyton removal by flood events. Whether a flood event causes sediment 

mobility leading to substantial removal of periphyton depends on the bed composition 

and sediment supply (Hoyle et al., 2017). Hydromorphological alterations such as 

damming and bank reinforcements result in a sediment deficit, e.g. by trapping gravel 

behind dams and reducing lateral gravel supply, which in turn restricts sediment mobility 

(Hauer et al., 2018; Rollet et al., 2014). For example, the relatively high proportions of 

fine sediment observed in the freeze core samples taken from the experimental reach 

(study 3) were likely the product of both fine sediment loads and the sediment deficit 

resulting from bank reinforcements in the upper reaches of the catchment. Due to the 

reduced sediment mobility, a higher level of flood disturbance is necessary to cause a 

substantial removal of periphyton. Conversely, measures that restore sediment dynamics, 

e.g. the removal of dams or bank reinforcements, can facilitate periphyton removal by

flood events, thus increasing the long-term effectiveness of biomanipulation.

The results of my thesis further demonstrate that oxygen availability in the upper layer

of the hyporheic zone in rivers is a valuable indicator of eutrophication and its mitigation;
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it can therefore be used in environmental monitoring and to guide future studies. Since 

the mean reduction (~30%) in periphyton biomass on the riverbed following fish stocking 

(studies 2 and 3) was much smaller than the mean reduction in phytoplankton biomass 

following successful biomanipulations in lakes (e.g. up to 95 % in shallow lakes 5 years 

after the biomanipulation; Hansson et al., 1998), it is unlikely that biomanipulation alone 

will achieve reductions in periphyton biomass comparable to those restoring a ‘clear-

water state’ in shallow lakes. This is largely due to the fundamental differences in the 

food web structure and the controlling factors in river vs. lake ecosystems. Nevertheless, 

studies 2 and 3 also showed that even a small reduction of periphyton biomass is 

sufficient to cause a comparatively large increase in hyporheic oxygen availability. 

Hence, the effectiveness of biomanipulation in mitigating eutrophication effects in rivers 

will probably be underestimated if only the reduction in periphyton biomass is measured. 

Human activities have resulted in multiple pressures that threaten the biodiversity and 

ecological functioning of river ecosystems, including nutrient enrichment and other land-

use related impacts (e.g. fine sediment inputs), hydromorphological alterations that 

disrupt sediment dynamics and the flow regime, and the introduction of alien species 

(Dahm et al., 2013; Grizzetti et al., 2017). The magnitude and number of these pressures 

rule out a restoration of the ‘pre-industrial’ state of river ecosystems. For example, solely 

the reduction of nutrients to algal growth-limiting levels in intensively used catchments 

is extremely difficult and expensive. A more realistic approach is to mitigate the 

magnitude of adverse anthropogenic effects to a level under which habitat conditions are 

sufficient to preserve aquatic biodiversity and critical ecosystem functions, even if not 

all adverse effects can be considerably reduced. 

As demonstrated in my thesis, protecting and enhancing stocks of herbivorous and 

omnivorous fish can significantly improve hyporheic habitat quality even if the reduction 

in periphyton biomass is relatively small. The biomanipulation of fish stocks proposed 

in this thesis thus offers a first step in the development of an effective supportive 

management tool to control eutrophication in running waters. However, it is also clear 

that, given the multiple anthropogenic impacts on rivers, sustainable restoration of the 

hyporheic zone, and in turn the preservation of biodiversity and ecosystem functions, 

will require other measures besides biomanipulation, especially those aimed at reducing 

nutrient and fine sediment inputs.  
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9 Perspectives 

The biomanipulation approach investigated in this thesis has broad potential applicability 

in eutrophic small to medium-sized gravel-bed rivers in Europe. However, before 

biomanipulation can be used as a management tool in running waters, many challenges 

and questions need to be addressed in future large-scale and long-term field experiments. 

Sustaining high fish densities through continuous fish stocking is problematic in the long 

term, most importantly because stocking possibilities are limited to those that allow the 

preservation of genetic diversity, ideally by using spawners from the same water body 

(Wetjen et al., 2020). Thus, a prerequisite for the effectiveness and feasibility of 

biomanipulation in running waters is the establishment of large, self-sustaining fish 

populations. However, this may prove to be difficult; for example, the population 

densities of the rheophilic specialist species common nase have strongly declined during 

the past few decades (Peňáz, 1996). Although restoration measures are increasingly 

being conducted and local recovering of nase populations has been observed (e.g., 

Ramler and Keckeis, 2019; Schmutz et al., 2014), the population densities are far below 

historical levels. In the reach-scale experiment, high fish densities could be relatively 

easily sustained by transferring fish from nearby sections of the river to the experimental 

reaches, although cormorant management measures (deterrence and shooting) were 

required throughout the experiment in order to sustain the manipulated fish stocks. Future 

studies should investigate whether high fish stocks can be sustained under non-

experimental conditions (i.e. without closing off river stretches by fish weirs and regular 

restocking measures), e.g. by habitat restoration measures and management measures 

limiting cormorant predation pressure, which can considerably reduce river fish 

populations (Jepsen et al., 2018). The latter would add another trophic level to the 

biomanipulation approach, and in itself may produce cascading effects that lead to the 

mitigation of eutrophication effects.  

Successful biomanipulation in running waters using enhanced fish stocks will also 

benefit from reach-scale studies conducted in eutrophic rivers differing in their degree of 

nutrient loading or in their extent of physical clogging. In lakes, more effective 

biomanipulation can be achieved when it is accompanied by a reduction in P-loadings to 

a level resulting in a slightly eutrophic or mesotrophic state (Benndorf, 1990; Benndorf 

et al., 2002). Whether biomanipulation is more effective in running waters with nutrient 
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loads lower than in this study remains to be determined. Moreover, the results of study 3 

indicated that the riverbed in the studied reach was affected not only by biological 

clogging due to eutrophication but also by physical clogging with inorganic fine 

sediments. Reach-scale studies in eutrophic rivers that are less impaired by physical 

clogging could reveal whether the positive effects of enhanced fish stocks are stronger if 

biological clogging is the primary stressor affecting hyporheic habitat quality. 

Furthermore, my thesis mainly focused on the effects of high fish densities on hyporheic 

habitat quality but whether an improvement of habitat conditions through 

biomanipulation has a positive effect on aquatic biota, e.g., on the recruitment success of 

gravel-spawning fish, or results in long-term advantages for the community structure of 

fish and benthic invertebrate assemblages remains to be determined. The answer to this 

question has practical implications for the goal of the WFD to achieve the ‘good’ 

ecological status of surface waters, which requires that the aquatic community deviates 

only slightly from the one that would be expected under conditions of minimal 

anthropogenic impact (Kallis and Butler, 2001). Strategies for answering this question 

include short-term bioindication studies using fish eggs (e.g. such as in Hübner et al., 

2009) as well as studies based on long-term monitoring methods such as those used in 

the ecological status assessments of the WFD. For example, evidence of the long-term 

population growth of common nase (without applying restocking measures) would also 

indicate self-reinforcing positive effects, as the improved hyporheic habitat conditions 

would support an increased number of young-of-the-year fish and thus further habitat 

improvement. 
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