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Summary
The presence of anthropogenic chemicals in the natural environment may impact both habitats
and human use of natural resources. In particular the contamination of aquatic resources by
organic compounds used as pharmaceuticals or household chemicals has become evident. The
newly identified environmental pollutants, also known as micropollutants, often have i) unknown
ecotoxicological impacts, ii) unknown partitioning mechanisms, e.g. sorption to sediments, and
iii) limited regulation to control their emission. Furthermore, like any compound, micropollutants can be transformed while in the environmental matrix to unknown transformation products
(TPs), which add to the number of unknown chemicals to consider and thus increase the complexity of risk management. Transformation is at the same time a natural mechanism for the removal
of anthropogenic compounds, either by complete degradation (mineralisation) or to innocuous
TPs. However, how transformation occurs in real-world conditions is still largely unknown.
During the transport of micropollutants from household wastewater to surface water, a large
amount of transformation can occur during wastewater treatment—specifically during biological
nitrifying–denitrifying treatment processes. The thesis considers the systematic optimisation
of laboratory investigative techniques, application of sensitive mass-spectrometry-based analysis
techniques and the monitoring of full-scale wastewater treatment plants (WWTPs) to elucidate
transformation processes of five known micropollutants.
The first of the five compounds investigated was the antibiotic trimethoprim. Incubation experiments were conducted at diﬀerent analyte spike concentrations and diﬀerent sludge to wastewater
ratios. Using high-resolution mass spectrometry, a total of six TPs were identified from trimethoprim. The types of TPs formed was clearly influenced by the spike concentration. To the best of
our knowledge, such impacts have not been previously described in the literature. Beginning from
the lower spike concentration, a relatively stable final TP was formed (2,4-diaminopyrimidine5-carboxylic acid, DAPC), which could account for almost all of the transformed trimethoprim
quantity. The results were compared to the process in a reference reactor. Both by the detection
of TPs (e.g., DAPC) and by modelling the removal kinetics, it could be concluded that only
experimental results at the low spike concentrations mirrored the real reactor. The limits of
using elevated spike concentrations in incubation experiments could thus be shown.
Three phenolic micropollutants, the antiseptic ortho-phenylphenol (OPP), the plastics additive
bisphenol A (BPA) and the psychoactive drug dextrorphan were investigated with regard to the
formation of potentially toxic, nitrophenolic TPs. Nitrite is an intermediate in the nitrification–
denitrification process occurring in activated sludge and was found to cause nitration of these
phenols. To elucidate the processes, incubation experiments were conducted in purified water
in the presence of nitrite with OPP as the test substance. The reactive species HNO2, N2O3
and the radicals · NO and · NO2 were likely involved as indicated by scavenger experiments.
In conditions found at WWTPs the wastewater is usually at neutral pH, and nitrite, being an
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intermediate, usually has a low concentration. By conducting incubation experiments inoculated
with sludge from a conventional WWTP, it was found that the three phenolic micropollutants,
OPP, BPA and dextrorphan were quickly transformed to biological TPs. Nitrophenolic TPs were
only formed after artificial increase of the nitrite concentration or lowering of the pH. However,
nitrophenolic-TPs can be formed as sample preparation artefacts through acidification or freezing
for preservation, creating optimal conditions for the reaction to take place.
The final micropollutant to be studied was the pain-reliever diclofenac, a micropollutant on the
EU-watch list due to ecotoxicological eﬀects on rainbow trout. The transformation was compared
in two diﬀerent treatment systems, one employing a reactor with suspended carriers as a biofilm
growth surface, while the other system employed conventional activated sludge. In the biofilmbased system, the pathway was found to produce many TPs each at relatively low concentration,
many of which were intermediate TPs that were further degraded to unknown tertiary TPs. In
the conventional activated sludge system some of the same reactions took place but all at much
slower rates. The main diﬀerence between the two systems was due to diﬀerent reaction rates
rather than diﬀerent transformation pathways. The municipal WWTPs were monitored to verify
these results. In the biofilm system, a 10-day monitoring campaign confirmed an 88% removal of
diclofenac and the formation of the same TPs as those observed in the laboratory experiments.
The proposed environmental quality standard of 0.05 µg{L might thus be met without the need
for additional treatment processes such as activated carbon filtration or ozonation.

Zusammenfassung
Die Anwendung von Chemikalien führt in vielen Fällen zu deren Emission in die Umwelt. Besonders organische Substanzen wie zum Beispiel Pharmazeutika, Biozide und Waschmittelinhaltsstoﬀe wurden in den letzten Jahren vermehrt als Umweltkontaminanten in Oberflächengewässern
nachgewiesen. Die organischen Umweltkontaminanten, auch Spurenstoﬀe genannt, haben oftmals
i) unbekannte ökotoxikologische Wirkungen, ii) unbekannte Verteilungsverhalten, und iii) sind
bisher hinsichtlich der Emission kaum reguliert. Wie bei allen Substanzen können Spurenstoﬀe in
der Umweltmatrix und insbesondere auch in der Kläranlage zu sogenannten Transformationsprodukten (TPs) umgewandelt werden. Um den durch Spurenstoﬀe verursachten Herausforderungen
technologisch begegnen zu können, wird ein besseres Verständnis über diese Transformationsprozesse benötigt. Diese Dissertationsarbeit befasst sich deshalb mit der Aufklärung von Transformationsprozessen ausgewählter Spurenstoﬀe während der biologischen Abwasserreinigung.
Für die Untersuchung des Abbaus von Trimethoprim wurden Inkubationsversuche angewendet und die Auswirkung der steigenden Dotierungskonzentrationen systematisch untersucht. Es
wurden insgesamt sechs TPs charakterisiert. Die Dotierungskonzentration hatte sowohl Auswirkungen auf die kinetischen Konstanten, als auch auf die Transformationsreaktionen. Ein solcher
Einfluss der experimentellen Bedingungen wurde bisher in der Literatur noch nicht berichtet.
Nur bei niedriger Dotierungskonzentration wurde am Ende des Transformationswegs ein stabiles TP gebildet, die 2,4-Diaminopyrimidin-5-carbonsäure (DAPC). Diese Substanz konnte in
Laborversuchen den Großteil der abgebauten Menge von Trimethoprim erklären. Durch Untersuchungen an einer Referenzkläranlage konnte festgestellt werden, dass nur die Inkubationsversuche bei niedriger Dotierungskonzentration die realen Prozesse adäquat abbilden konnten. Die
Anwendung hoher Dotierungskonzentrationen führte in Laborversuchen zu einer veränderten
TP-Bildung.
Drei phenolische Spurenstoﬀe wurden in Bezug auf ihre Transformation, insbesondere hin zu potenziell toxischen nitrophenolischen TPs, untersucht: das Desinfektionsmittel ortho-Phenylphenol
(OPP), das Kunststoﬀadditiv Bisphenol-A (BPA) und das Hustenmittel Dextrorphan. Nitrit
wurde als ein potenzieller Auslöser für die Nitrierung postuliert. Inkubationsversuche in Reinstwasser wurden mit OPP in Anwesenheit von Nitrit durchgeführt und bestätigten, dass nitro(und nitroso-) phenolische TPs unter leicht sauren Bedingungen gebildet werden. Da in kommunalen Kläranlagen der pH-Wert in Belebtschlamm zumeist zwischen 7,5 und 8,5 liegt und Nitrit
als Zwischenprodukt oft nur in niedrigen Konzentration vorhanden ist, wurde die Bildung von
signifikanten Konzentrationen nitrophenolischer TPs als unwahrscheinlich eingestuft. Aufgrund
der Ergebnisse von Inkubationsversuchen mit inokulierten Belebtschlamm war festzustellen, dass
die drei untersuchten Spurenstoﬀe schnell zu biologischen TPs umgewandelt wurden. Die Studie
zeigte wie das Bildungspotenzial von nitrophenolischen TPs gesteigert wird, wenn bestimmte
Bedingungen im Belebtschlamm vorliegen: saurer pH und erhöhte Nitritkonzentration. Zudem
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wurde auch gezeigt, dass die Bildung von nitrophenolischen TPs durch das Ansäuern oder das
Einfrieren von Proben initiiert werden kann.
Die Transformation vom Antiphlogistikum Diclofenac wurde in zwei unterschiedlichen Kläranlagen verglichen. Die erste Kläranlage verwendet Aufwuchskörper für ein verstärktes Biofilmwachstum, während die zweite mit einer konventionellen nitrifizierenden Belebtschlammbehandlung
ausgestattet ist. Trotz der unterschiedlichen Behandlungstechniken konnten in beiden Fällen
ähnliche Transformationsreaktionen festgestellt werden. Der wesentliche Unterschied bestand
in den veränderten Kinetiken: Geschwindigkeitskonstanten (kbiol ) waren ca. 50 Mal höher in
Kontakt mit Aufwuchskörpern als im konventionellen Belebtschlamm. Der Transformationsweg
führte zur Bildung einer Vielzahl an gering konzentrierten TPs. Monitoring-Kampagnen an den
zwei Kläranlagen wurden zur Bestätigung der Ergebnisse angeschlossen. In der konventionellen
Kläranlage wurde keine signifikante Diclofenac Entfernung gemessen. Wohingegen im Aufwuchskörperreaktor eine mittlere Entfernung von 88% gemessen wurde. Damit wäre die vorgeschlagene
Umweltqualitätsnorm von 0.05 µg{L möglicherweise auch ohne die Anwendung von weiteren Behandlungsschritten wie z.B. Aktivkohlefiltration oder Ozonung erreichbar.

Chapter 1

General introduction
1.1

Micropollutants in freshwater resources and the challenges for wastewater treatment

Water quality in rivers, lakes and ground water is impacted by anthropogenic chemicals
globally. This can lead to the deterioration of ecosystem health and failure of ecosystem
services (Malaj et al., 2014; Daughton and Ternes, 1999). Anthropogenic chemicals
can often have unknown ecotoxicological impacts, especially when considering mixture
toxicities and long-term exposures (Kortenkamp, 2007; Henneberg et al., 2014). When
polluted river or ground water is used as a fresh water resource e.g., for drinking water
production, irrigation or industrial processes, or through recreational uses such as lakes
and parks, water pollution can directly impact human health and economies. Unsafe
water and sanitation is linked to around 3% of all deaths worldwide (World Health
Organisation, 2002) and future water security is a world-wide challenge.
Recent events have underscored that risks to water quality still exist globally in the 21st
century and are not confined to developing countries. To give one recent example, the
contamination of the River Möhne in Germany with PFAS (perfluoroalkyl substances)
in 2006 led to downstream contamination of the Ruhr and Rhine rivers and even contamination of local drinking water, which partly relies on bank-filtrate. The source of
the contamination was debated, but traced partly to local industry and partly to illegal
dumping of industrial waste in the catchment of the River Möhne. Concentrations of
PFAS in the Möhne of over 4 µg{L and in drinking water up to 0.5 µg{L were reported
(Exner and Färber, 2006; Skutlarek et al., 2006). This led to wide-spread public concern
1
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for the safety of water resources in the area (Kleeschulte et al., 2007).
It is both desirable from an ecological perspective and vital for human health and ecosystem health to improve the quality of polluted water resources by reducing continuous
emission of chemicals into these systems. This is an important aspect of sustainability,
which has become an important driver for societal change (UN General Assembly, 2015).
The public desire to improve and maintain water quality has been anchored into many
legislative acts around the world. In Europe, an important body of legislation concerning
water quality is the Water Framework Directive (WFD) (European Parliament, 2000).
Among other goals, the WFD is there to legislate corrective action if water bodies are
not of a good ecological status, imposes limits to the concentrations of priority pollutants
in water bodies and enforces the monitoring of suspected harmful pollutants (European
Parliament, 2013). Although regulation exists for some well-known pollutants, the production and use of chemicals changes as industries develop. Regulations therefore become
outdated while the number of unknown pollutants is constantly growing.
In order to address the emission of anthropogenic chemicals, the characteristics and
properties of these chemicals and their sources must be identified. The chemicals can
largely be divided into two groups: regulated or legacy contaminants and chemicals of
emerging concern (CECs), often referred to as micropollutants. Regulated contaminants
are mostly industrial chemicals or pesticides, a number of which have been banned (e.g.,
Stockholm Convention on Persistent Organic Pollutants). Micropollutants are newly
identified, mostly organic compounds and often have limited regulation. Many could pose
ecological or human health risks or their impact is unknown. New micropollutants are
being continuously identified as progress is made in analytical techniques, more detailed
investigations are undertaken and new chemicals are put onto the market.
Micropollutants include a wide range of chemicals including industrial chemicals, household chemicals, human and veterinary medicines, personal care products and other
classes. The main source of contamination can in many cases be traced to the emission of municipal wastewater into surface waters (Daughton and Ruhoy, 2009; Metcalfe
et al., 2010). Emission into surface waters can in turn lead to contamination of groundwater due to infiltration. The use of groundwater or surface water as a fresh water
resource for downstream communities means that these contaminants are returned to
consumers either in drinking water or through other uses of fresh water. The interconnections between wastewater and water resources is often referred to as the urban water
cycle (McPherson and Schneider, 1974) (Figure 1.1).
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The concern surrounding micropollutants is due the high number of compounds, their
widespread use and their occurrence in surface water, groundwater and even drinking
water (Noguera-Oviedo and Aga, 2016). Pharmaceuticals are designed to have potent
biological activity and therefore can have impacts to both humans and ecology even at
low concentrations, but this can also be the case for other classes of micropollutants
(Henneberg et al., 2014). Micropollutants are chemically very diverse and minimising
environmental exposure can often require novel approaches.

Figure 1.1: A simplified representation of the urban water cycle showing that wastewater can
impact downstream water resources including surface water, groundwater and in some cases even
drinking water.

There are diﬀerent approaches suggested to address the issue of micropollutants. Examples include source control, i.e., waste separation, regulating use of certain chemicals,
public awareness, or removing them from wastewater at the wastewater treatment stage,
the latter otherwise known as end-of-pipe solutions (Verlicchi et al., 2012; Ternes and
Joss, 2006). Currently, this last point is considered the most eﬀective strategy but a
combination of approaches is recommended. In many countries, municipal wastewater is
commonly treated in centralised wastewater treatment plants (WWTPs). Already in a
few countries political initiatives to regulate the emission of micropollutants at WWTPs
are being undertaken. In Germany, this is occurring most prominently in densely populated regions such as Nordrhein-Westfalen (Ministry for Climate Protection, 2014; Hillenbrand et al., 2015).
The eﬀectiveness of current treatment strategies for the removal of micropollutants by
WWTPs is often limited and the need for improved removal is advocated (Joss et al.,
2006). Chemical oxidation, e.g., ozone treatment, or activated carbon filtration strategies
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have been proposed as viable post-treatment steps to supplement biological treatment
and improve micropollutant removal (Hollender et al., 2009). Switzerland has already
put policy in place for upgrading WWTPs with such systems (Eggen et al., 2014). However, further understanding of the fate of micropollutants in existing biological treatment
processes is necessary since i) advanced physicochemical treatment techniques are implemented usually in conjunction with biological processes ii) due to site-specific constraints
such as wastewater characteristics, biological treatment may be the only viable alternative
and iii) there are concerns about possible side-eﬀects of oxidative treatment (Magdeburg
et al., 2014; Alexander et al., 2016).
Improvement in the understanding of the fate and potential removal processes of micropollutants at WWTPs is needed to design eﬀective optimisation of treatment processes.
For environmental scientists studying the occurrence of micropollutants in surface or
groundwaters, the interactions of micropollutants with WWTP processes may help explain their presence or absence in the environment. In conjunction with knowledge of
functions at the microbiological level and process engineering, the complexity of these
systems can be elucidated.

1.2

Removal processes of micropollutants during biological
wastewater treatment

During wastewater treatment, micropollutants can be impacted by diﬀerent processes
including sorption to sludge (or assimilation into biomass), volatilisation and biological
or chemical transformation processes leading ideally to complete degradation (Ternes
and Joss, 2006) (Figure 1.2). In this section examples of known processes are discussed
together with examples from the current literature.

1.2.1

Sorption of micropollutants to sludge

Sorption to sludge is an important process to consider when investigating the fate of
micropollutants during wastewater treatment. Especially for apolar micropollutants or
positively charged, ionic micropollutants, sorption can be the major route of elimination.
The partitioning of a compound between sludge and liquid phase is described by the
partition coeﬃcient Kd (Equation 1.1) (Schwarzenbach et al., 2005).
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Figure 1.2: Possible fates of micropollutants during biological wastewater treatment. The initial
transformation reaction of the precursor micropollutant is the primary transformation. In some
cases further transformation reactions occur, i.e., secondary and higher-level, producing small
molecules. The transformation in rare cases can continue to mineralisation, i.e., small ions, CO2
and water.
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For polar micropollutants (Kd < 0.5 L{g) or negatively charged micropollutants such
as pharmaceuticals containing carboxylic acid moieties, sorption is often not a significant removal mechanism during wastewater treatment. Sorption equilibrium exists and
removal from wastewater is controlled by excess sludge production only (Wick et al.,
2011a). The partitioning of uncharged species is often approximated using the octanolwater partition constant Kow . The Kow can be estimated using computational models
such as KOWWIN or cLogP, which are empirical calculations based on contributions of
single atoms (Machatha and Yalkowsky, 2005; Viswanadhan et al., 1989). However, for
charged species or molecules with several polar moieties, the estimation is often inad-
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equate and should be treated with caution. Websites such as chemicalize.org (Swain,
2012) provide online interfaces to these calculations while the chemical information database chemspider.com (Pence and Williams, 2010) also contains experimentally derived
values.

1.2.2

Transformation of micropollutants during wastewater treatment

In the ideal case, transformation of micropollutants leads to a break-down of the chemicals to small organic acids, which can be assimilated by microorganisms, or to mineralisation, i.e., conversion to CO2 and H2O and other inorganic molecules (Figure 1.2). However, often degradation pathways stop before this stage and micropollutants are merely
converted to recalcitrant transformation products (TPs), which include metabolites and
products of abiotic (chemical) reactions. TPs can be stable to further degradation and
therefore may not represent a true removal of the chemical. Since TPs may have similar
properties to their micropollutant precursors or possess diﬀerent, unknown properties including unknown (eco)toxicological profiles, they can be a potential risk to water quality
themselves. On the other hand, the formation of TPs can be part of the natural degradation process and the elucidation of transformation pathways can assist in understanding
the fate of micropollutants during wastewater treatment and in the environment.
Biological transformation reactions
Numerous books and reviews have been written on the subject of biological transformation reactions of micropollutants in wastewater treatment processes (Escher and Fenner,
2011; Neilson and Allard, 2007; Lambropoulou and Nollet, 2014; Margot et al., 2015;
Wang and Wang, 2016). In this short introduction, recent discoveries related to the transformation of micropollutants are presented in the context of specific functional groups
and substance classes, rather than by pharmaceutical classifications.
Transformation reactions of micropollutants can be described as being metabolic or cometabolic (Fischer and Majewsky, 2014; Alexander, 1981). Through metabolic reactions,
micropollutants are metabolised as a nutrient source for the microorganisms and the
community will therefore adapt to metabolise these compounds. Direct metabolism
of micropollutants as growth substrates leading to enrichment of specialised degrading
organisms is often observed at higher micropollutant concentrations or when nutrient
sources are low (Ike et al., 2000; Benner et al., 2013). Co-metabolic reactions on the other
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hand are reactions of micropollutants which are not directly connected to the metabolism
of the compound but occur because other metabolic machinery, e.g., for the degradation
of natural organic matter, is also able to act on the micropollutant. It has been suggested
that the same enzymes used to metabolise nutrients, e.g., ammonium monooxygenase,
could also catalyse transformations of micropollutants (Khunjar et al., 2011; Helbling
et al., 2012; Xu et al., 2016). This could be expected to occur if the micropollutants
have similar structural features to natural substances typically metabolised by bacteria
or the enzymes have a low substrate specificity. Detoxification processes by bacteria are
also possible routes of transformation, for example, in the form of conjugation reactions
or conversion to more polar TPs for improved transport out of the cell (Singhal and
Perez-Garcia, 2016).
A typical biological wastewater treatment process includes both aerobic and anoxic stages
for the removal of organic compounds and organically bound nitrogen. The aerobic
stage is designed for high elimination of organic matter by heterotrophic organisms and
nitrification by ammonium oxidising bacteria, while the anoxic stage (where nitrate is
the principal electron acceptor) is designed to allow for heterotrophic denitrification to
take place, principally the conversion of nitrate to N2. The removal of phosphorous
nutrients is carried out by a biological or chemical removal, or a combination, whereby
the biological removal is under anaerobic conditions. Therefore, reactions occurring under
either aerobic, anoxic or anaerobic conditions might be expected. However, due to the
higher biological activity in the aerobic stage, it is expected that most transformations
of micropollutants will occur under these conditions (Falås et al., 2016; Reemtsma and
Jekel, 1997).
Aromatic moieties The simplest aromatic structure, benzene, can be transformed
via the catechol pathway as shown in Figure 1.3. This can proceed via consecutive
monooxygenation reactions or by a dioxygenation forming a cis-diol followed by rearomatisation. Both form catechol as a cleavage substrate (Reineke, 2001). Examples of
similar reactions have also been observed to impact micropollutants. Ketoprofen, a nonsteroidal anti-inflammatory drug, was transformed during conventional activated sludge
treatment. The proposed transformation pathway included a dioxygenation step (Figure
1.3) (Quintana et al., 2005).
The hydroxylation of aromatic moieties is the first step towards formation of a ringcleavage substrate. Hydroxylation is commonly observed in studies of aromatic micropollutant degradation in activated sludge or in soil environments. Benzotriazols were
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Figure 1.3: A: Reactions of simple aromatic structures by aerobic microorganisms forming the
cleavage substrate catechol. Cleavage of catechol by intradiol cleavage (ortho-pathway) or extradiol cleavage (meta-pathway) (Reineke, 2001). B: Transformation of ketoprofen in contact with
activated sludge from a wastewater treatment plant (Quintana et al., 2005)

observed to form various hydroxylated TPs in contact with biofilms in a hybrid moving bed biofilm reactor (Mazioti et al., 2016). In the transformation of triclosan by
activated sludge several isomers of mono- and dihydroxy-triclosan TPs were detected
(Chen et al., 2015). Further examples include the hydroxylation of the aromatic moieties of irbesartan and ibuprofen in activated sludge (Boix et al., 2016) and the formation of 5-hydroxy-diclofenac during incubation of WWTP eﬄuent (Poirier-Larabie et al.,
2016). Heterocyclic aromatics are also known to undergo hydroxylation. For example,
the diamino-pteridine moiety of methotrexate was observed to be hydroxylated in activated sludge as a minor transformation reaction of a larger transformation pathway
(Kosjek et al., 2015).
Aromatic monooxygenation reactions as described here lead to the formation of phenolic
TPs but the subsequent ring-cleavage reactions are not always observed. Phenolic groups
are therefore commonly found in transformation pathways either as central intermediate
TPs, as final products or as minor TPs alongside the main transformation pathway. Both
abiotic and biotic reactions of phenolic moieties were studied in this project due to the
important role these types of compounds have (Chapter 3) and the significance of this
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transformation process can again be seen in Chapter 4, where hydroxylated aromatics
were identified as central, intermediate TPs.
Degradation of aromatic structures under anaerobic conditions via reduction (hydrogenation) is also known to occur (Meckenstock et al., 2004). These types of transformations
are not commonly seen with micropollutants in WWTPs but have been studied in other
treatment processes such as bank filtration (König et al., 2016).

Aliphatic moieties Degradation of aliphatic carbon chains is typically initiated by
activation of the carbon chain by monooxygenation followed by oxidation reactions to
produce chain cleavage substrates. The chain is then cleaved in the
first forming a -keto acid. Cleavage between the ↵ and

-oxidation cycle,

carbons leads to loss of acetate

in the form of acetyl-CoA (Figure 1.4). Although it is unclear if the same biochemical
reactions are involved, similar aliphatic chain shortening reactions have been observed
to occur with micropollutants during biological wastewater treatment. An example is
the transformation of the antiviral drug penciclovir (Prasse et al., 2011) (Figure 1.4). A
similar chain cleavage was observed in metoprolol after O-demethylation and oxidation
to metoprolol acid (Rubirola et al., 2014).
Dehydrogenation reactions have also been observed to impact aliphatic carbons, e.g., of
bezafibrate, leading to the formation of an alkene (Helbling et al., 2010). Similar reactions
with alkyl or aryl hydroxy-groups result in the formation of ketones (Kaiser et al., 2014),
quinones or semiquinones (Fischer and Majewsky, 2014; Beel et al., 2013; Gröning et al.,
2007). They are commonly observed reactions, are in many cases reversible and may also
occur abiotically.

Methoxy groups and ethers Methoxy, or methyl ethers are commonly converted to
alcohols or phenols during biological treatment. Examples include the O-demethylation
of venlafaxine, which was observed under both aerobic and anaerobic conditions (Gasser
et al., 2012), or the O-demethylation of naproxen in soils receiving biosolids (Topp et al.,
2008). The cleavage of aromatic ethers such as triclosan (Chen et al., 2015), propranolol
(Svan et al., 2016), or mecoprop (Zipper et al., 1999) have also been observed in activated sludge or soil microcosm experiments. One proposed reaction mechanism includes
dioxygenation at the ↵-carbon, producing a hemiacetal which spontaneously cleaves to
form alcohol and aldehyde products (White et al., 1996) (Figure 1.5).
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Figure 1.4: A: Typical activation reactions of aliphatic carbon chains forming cleavage substrates
(Reineke, 2001). B: Example of the cleavage of the side chain of penciclovir, a reaction which is
part of the transformation pathway of penciclovir when in contact with activated sludge (Prasse
et al., 2011).

Organohalogens Degradation of halogenated organic molecules, specifically with Cl-,
Br- or I- moieties can entail biological dehalogenation reactions occurring under both aerobic and anaerobic conditions. Many reaction types are known such as dehydrohalogenation, hydrolytic dehalogenation, oxidative dehalogenation and reductive dehalogenation.
(Fetzner, 1998). Reductive dehalogenation is of particular interest since in some cases
this has been used to initiate the degradation of otherwise recalcitrant, highly halogenated, organic pollutants (Voordeckers et al., 2002; Beeman and Bleckmann, 2002). This
type of dehalogenation is more commonly observed in strict anaerobes under anaerobic
conditions but has also been postulated to occur under aerobic conditions by diﬀerent
mechanisms (Souchier et al., 2016b). Reductive dechlorination of the micropollutant
triclocarban has been observed by the analysis of river sediments, leading to TPs dichlorocarbanilide, monochlorocarbanilide and carbanilide (Miller et al., 2008; Souchier
et al., 2016b) (Figure 1.6).
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Figure 1.5: A: Proposed bacterial degradation mechanism of 3-methyl-diphenyl ether (Schmidt
et al., 1992). B: Observed ether cleavage of triclosan when in contact with activated sludge (Chen
et al., 2015).

Amines and amides Micropollutants with methyl amine moieties can be demethylated during biological wastewater treatment leading to the formation of primary or secondary amines. For example, the N-demethylation of methotrexate forming a secondary
amine (Kosjek et al., 2015), or similarily the N-demethylation of the dimethylamine moiety of citalopram in activated sludge (Beretsou et al., 2016). These reactions are a type
of N-dealkylation that are observed in a large variety of micropollutants, also with larger
N-alkyl substituents (Gulde et al., 2016). Other reactions of amines commonly found in
biological media include N-oxidation and also conjugation, e.g., acyl conjugation (Gulde
et al., 2016). Deamination of the aniline moiety of sulfamethoxazole has been observed
in enrichment cultures of ammonium oxidising bacteria (AOB), as well as oxidation to a
nitro group (Kassotaki et al., 2016). On the other hand, these reactions have also been
observed as chemical transformations under denitrifying conditions (Nödler et al., 2012).
Amides are also common structural moieties in micropollutants and hydrolysis reactions
have been observed. The cleavage of bezafibrate and valsartan were both observed to occur via amide hydrolysis, producing primary amines and benzoic acid moieties (Helbling
et al., 2010).

Figure 1.6: One of several postulated reductive dechlorination mechanisms of triclocarban under
anaerobic conditions (Souchier et al., 2016b).

12

CHAPTER 1. GENERAL INTRODUCTION

Aldehydes, esters, ketones and carboxylic acids Aldehyde moieties, which are
also often part of intermediate TPs of micropollutants, e.g., after the cleavage of amines,
are in many cases oxidised to carboxylic acids (Gulde et al., 2016). Ester groups in
micropollutants are also typically unstable and can hydrolyse as was observed for the
methyl ester of the fungicide azoxystrobin (Kern et al., 2009). Many of these reactions
can also occur abiotically given the right pH conditions.
Decarboxylation reactions of some carboxylic acid groups can occur abiotically under
mild conditions. Biological decarboxylation is well known and as mentioned can be
seen in the degradation of aliphatic hydrocarbons. Other forms of decarboxylation have
been observed, including oxidative decarboxylation (Kormos et al., 2011). Non-oxidative
decarboxylation has also been observed; the decarboxylation of diclofenac observed by
Poirier-Larabie et al. (2016) resembles the decarboxylation of 4-hydroxycinnamic acid to
4-hydroxystyrene, which has been observed by strains of facultative anaerobes or lactic
acid bacteria (Lindsay and Priest, 1975; van Beek and Priest, 2000).
Conjugation reactions Conjugation reactions of pharmaceuticals (or other chemicals) in the human body is well known (Jakoby and Ziegler, 1990). These reactions have
been recently observed in activated sludge, e.g., the sulfate conjugation of triclosan (Chen
et al., 2015) as well as N-acylation, N-formylation and N-succinylation of amines (Gulde
et al., 2016).

Figure 1.7: Decarboxylation mechanism of 4-hydroxycinnamic acid by lactic acid bacteria (van
Beek and Priest, 2000).

Chirality
Micropollutants, like all chemicals, can have chirality. Usually chiral chemicals are sold
as racemic mixtures. Some pharmaceuticals may be sold as the pure R- or S - enantiomer
but this is rare (Nguyen et al., 2006). Chiral micropollutants may undergo stereoselective
transformation, in the worst case meaning only half of the racemic mixture of stereoisomers is transformed and degraded. Examples are the stereoselective transformation of
(S )-mecoprop (Zipper et al., 1998) and (R)-metoprolol (Souchier et al., 2016a). Chiral
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inversion of micropollutants, which can lead to an enantiomeric excess, has also been
observed, e.g., for naproxen and ibuprofen (Khan et al., 2014). Finally, the degradation
of micropollutants may result in the introduction of further chiral centres forming pairs
of diastereomers as postulated by Quintana et al. (2005).

Chemical (abiotic) transformation reactions during biological treatment

Biotic (enzymatically mediated) reactions as mentioned above can invole spontaneous
steps, such as the cleavage of hemiacetals formed by oxygenation of ethers. Purely
chemically mediated reactions have also been observed to occur during activated sludge
treatment. These are reactions which appear to have no connection to the presence
of active microorganisms and can impact micropollutants or their biologically formed
TPs. For example, Wick et al. (2011b) described the addition of nucleophiles to an
↵- -unsaturated ketone in codeinone, similar to a Micheal-addition. The hydrolysis of
the antibiotic amoxicillin at neutral pH led to the formation of carboxylic acid moieties,
lactam ring formation, and decarboxylation (Hirte et al., 2016). Abiotic reactions can also
occur under conditions created due to biological activity, for example, the diazotisation
of sulfamethoxazole leading to desamino- and nitro-SMX was observed to occur in the
presence of nitrite formed through microbial denitrification (Nödler et al., 2012).

Configuration of biological treatment reactors and the impact on transformation

Many varieties of biological treatment reactor configurations are implemented, examples
include conventional activated sludge, granular activated sludge and moving bed biofilm
reactors. It is known that reactor configuration can have an impact on micropollutant
removal and it has been shown that reactor design can be optimised to improve the
degradation of micropollutants (Joss et al., 2006). Reactor configurations promoting the
growth of biofilms have shown promising results (Kovalova et al., 2012; Falås et al., 2013),
but transformation pathways have not yet been investigated in detail in these systems
and how these compare to conventional activated sludge.
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Current progress of research

Current research is dedicated to elucidating transformation pathways of micropollutants
during biological wastewater treatment and the knowledge is being collected in databases
such as EAWAG-BBD (Kern et al., 2009). The complexity of wastewater treatment processes necessitates detailed investigation of individual compounds and despite the growing body of current literature, for many micropollutants there are still open questions
regarding their fate during wastewater treatment. To obtain a detailed and comprehensive picture of micropollutant transformation, more detailed investigations into formation
of TPs is needed. Development of research techniques has luckily been accelerated by
the recent advances in analytical instrumentation allowing for faster and more sensitive
analysis.
The risk of micropollutants in fresh water resources is a public concern and it is the
responsibility of public utilities and community leaders to address this issue as quickly
as possible. Local and national governments have in some cases taken steps to regulate
micropollutant emission to some extent but more comprehensive regulation is needed
and also demanded by the public. Detailed understanding of the fate of micropollutants
and the associated risks are needed by utilities, regulators and the public to make informed decisions. Removal due to biological or chemical transformation in particular is
still a challenge to predict and for many important micropollutants found consistently
in WWTP eﬄuents, only an incomplete picture of their fate is available. Transformation reactions can be impacted by the myriad of chemical and biological factors during
biological treatment, for example, microbiological community characteristics, process
configurations or the structure of biofilms or sludge flocs (Johnson et al., 2015; Khunjar and Love, 2011; Helbling et al., 2012; Göbel et al., 2007; Melvin and Leusch, 2016).
However, how these impact specific transformation reactions is not known for most micropollutants and factors influencing removal can not always be generalised across diﬀerent
compounds (Joss et al., 2005). More knowledge of transformation reactions may help
explain relationships between diverse groups of micropollutants and their removal. The
high complexity may be one cause for the highly variable results of degradation studies, in which a large variance in removal is observed for the same micropollutant, as
well as diﬀerences in transformation reactions (Göbel et al., 2005; Kovalova et al., 2012;
Gröning et al., 2007; Kosjek et al., 2009). Care must also be taken in comparing results
from studies which use diﬀerent experimental procedures. Laboratory testing protocols
and experimental techniques used to study micropollutant transformation have been es-
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tablished but it is not known if these techniques are applicable for all micropollutants.
Further development and standardisation of testing procedures can greatly benefit the
interpretation of results across diﬀerent studies.

1.4

Project goals

The goal of the project was to study the transformation reactions and reaction kinetics
of micropollutants during wastewater treatment, considering both chemical and biological reactions in both suspended sludge and biofilm treatment processes. To fill the
gaps in the current knowledge of the fate of micropollutants, compounds were chosen for
which the understanding of their fate during transformation processes was incomplete.
Included in this goal was the task of finding the most appropriate laboratory techniques
for the compounds and processes studied. Diﬀerent test reactor configurations, sampling
and analysis strategies were considered and systematically tested. The optimised testing
strategies were applied to the investigation of micropollutant transformation with the
aims of i) finding possible generalisations in transformation processes which might later
aid in the investigation of the fate of similar micropollutants ii) finding possible explanations which underlie the observed removal rates of micropollutants, which are often
diﬃcult to interpret with only concentration data of the micropollutant itself and iii) investigating the possible formation of recalcitrant TPs which might pose an environmental
risk.
Laboratory batch incubation experiments were implemented with the goal of modelling
working treatment processes for the study of micropollutant transformation. A pilot
scale, sequencing batch reactor (SBR) system fed with influent wastewater was used as
a representative biological treatment reactor. The laboratory incubation experiments
were first tested for their applicability in monitoring micropollutant transformation.
The model micropollutant used was the antibiotic trimethoprim, which presented an
additional challenge for testing due to the possible toxicity of the compound towards
microorganisms. Systematic testing of sludge concentrations, dilution types, and spike
concentrations in laboratory experiments were carried out to find the appropriate experimental design to mimic the real system. The goal was then to focus on the transformation
reactions and kinetics of trimethoprim itself, searching for possible explanations for the
high variability of removal of the compound found in diﬀerent WWTPs.
In the second part of the study, a chemically-mediated transformation of micropollutants
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in activated sludge was studied using the model of three phenolic micropollutants. The
chemically-mediated reactions were compared to biologically-mediated transformations
which occur during wastewater treatment to assess the relevance of each process. Fullscale treatment plants were used to verify lab results. The relevance of the diﬀerent reaction types and their impact on removal under diﬀerent conditions was investigated.
Finally, the transformation of the micropollutant diclofenac in WWTPs was investigated.
Two diﬀerent biological process types, moving-bed-biofilm-reactors and conventional activated sludge reactors were compared. A significant diﬀerence in the removal of this
compound was observed between these two process configurations. The investigation of
transformation reactions was carried out with the goal of finding underlying explanations
for this variation and to test for the formation of recalcitrant TPs.
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Outline

Biological transformation in contact with activated sludge
Chapter 2 describes investigations into the removal kinetics and transformation
reactions of the antibiotic trimethoprim during activated-sludge-based wastewater
treatment. The use of laboratory-based incubation experiments to model processes
in reactors was systematically tested using diﬀerent starting conditions. These
were compared against monitoring results of a pilot treatment reactor representing
a conventional treatment system.
Chemical transformation in contact with activated sludge
Chapter 3 includes the investigations into chemical nitration of phenolic micropollutants (industrial chemicals and one pharmaceutical) which occur in the activated
sludge matrix. The reactive species and reaction conditions were investigated in
controlled laboratory conditions. The results of these studies were then transferred to laboratory incubation experiments with activated sludge to compare the
chemical nitration to biological transformation reactions. Finally, the results were
compared to monitoring experiments at two full-scale wastewater treatment plants.
Transformation reactions in contact with biofilms and activated sludge
In Chapter 4, incubation experiments were implemented to investigate transformation reactions in moving bed biofilm reactors and these were compared to those
in activated sludge. The investigation focused on the transformation of the antiinflammatory diclofenac. The transformation pathways in the two systems showed
clear diﬀerences and the results could be verified by monitoring campaigns at two
full-scale wastewater treatment plants which included both reactor types.
Final conclusions
Combined conclusions of the studies and outlook for further research are discussed
in Chapter 5.
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Chapter 2

New insights into the transformation
of trimethoprim during biological
wastewater treatment
Kevin S. Jewell, Sandro Castronovo, Arne Wick, Per Falås, Adriano Joss,
Thomas A. Ternes. 2016. Water Research 88, pp. 550–557.

Abstract
The antibiotic trimethoprim (TMP), a micropollutant found at µg{L levels in
raw wastewater, was investigated with regard to its (bio)transformation during
biological wastewater treatment. A pilot-scale, nitrifying/denitrifying sequencing
batch reactor (SBR) fed with municipal wastewater was monitored for TMP removal during a 16-month monitoring study. Laboratory-scaled bioreactors spiked
with TMP were applied to identify the transformation products (TPs). In total,
six TPs could be identified from TMP. However, the TP formation was influenced
by the spike concentration. At an initial concentration of 500 µg{L TMP, only two
TPs were found, whereas at 5 µg{L a completely diﬀerent transformation pathway
led to four further TPs. At low concentrations, TMP was demethylated forming 4desmethyl-TMP, which was then quickly hydroxylated, oxidised and cleaved forming 2,4-diaminopyrimidine-5-carboxylic acid (DAPC) via two intermediate TPs.
19
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DAPC was detected in the SBR eﬄuent in a 3-d composite sample with 61 ng{L,
which accounts for 52% of the attenuated TMP. The primary degradation at low
spiking levels was best modelled by a pseudo-first order kinetic. Considering the
SBR, the model predicted a TMP removal of 88% to 94% for the reactor, consistent with a monitoring campaign exhibiting an average removal of > 83%. Both
the TP formation profiles and kinetic modelling indicated that only the results
from the bioreactor tests at low spike concentrations were representative of the
transformation in the SBR.

2.1

Introduction

The consumption of pharmaceuticals has become a common and important part
of modern healthcare. However, these anthropogenic compounds are a potential hazard to the aquatic environment (Luo et al., 2014). Predominantly, these
compounds are released into the local sewer system either by excretion via urine/faeces or via direct disposal in the toilet. Most wastewater treatment plants
(WWTPs) are primarily designed to remove nutrients and easily degradable carbon compounds. It has been shown that they have limited capacities to remove
pharmaceuticals (Joss et al., 2006), making them major sources of these micropollutants in rivers and streams (Metcalfe et al., 2010; Sengupta et al., 2014). Certain
pharmaceuticals, such as antibiotics, are of particular concern since emission may
foster the development of resistant pathogens discharged into the aquatic environment (Marti et al., 2014). To mitigate the release of micropollutants, an upgrade
of conventional wastewater treatment is currently discussed in many countries, including Germany (Hillenbrand et al., 2015). In Switzerland, 2014 saw a revision
of the water protection law, which includes the upgrading of a number of Swiss
WWTPs specifically for the elimination of micropollutants (Eggen et al., 2014). In
Switzerland, the upgrading approaches are usually based on advanced treatment
such as activated carbon filters and ozonation, but there is interest in improving
and understanding biological processes, which are already established.
In the current study the antibiotic trimethoprim (TMP) was investigated in detail with regard to its removal via biological wastewater treatment. TMP is an
antibiotic usually administered in combination with sulfamethoxazole. These two
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antibiotics target two parts of the bacterial tetrahydrofolic acid synthesis pathway,
which is an important cofactor, e.g., for DNA synthesis (Brogden et al., 1982).
TMP has been detected in WWTP influents at concentrations ranging from p0.14
to 1.3q µg{L and in eﬄuents from p0.02 to 1.3q µg{L (Le-Minh et al., 2010). In
rivers, concentrations of up to 0.02 µg{L have been reported in the UK (Roberts
and Thomas, 2006) and up to 0.04 µg{L in Japan (Murata et al., 2011). Reports
about the removal of trimethoprim in WWTPs are rather contradictory. In several studies it has been found that TMP is quite resistant to biological wastewater
treatment (Göbel et al., 2005; Lindberg et al., 2006), while other studies reported
a partial removal of TMP ranging from 40% to 50% (Batt et al., 2006; Radjenović
et al., 2009) or even an almost complete removal (Kovalova et al., 2012). However, the reasons for these diﬀerent results are currently not known. Previous
reports about the transformation of TMP also exhibit significant diﬀerences. In
total, five transformation products (TPs) of TMP have been identified, resulting
from hydroxylation reactions and ring opening, but the TPs were not consistent
between the diﬀerent studies (Brenner et al., 2011; Eichhorn et al., 2005; Yi et al.,
2012). These TPs have been identified in eﬄuent from an anaerobic reactor treating hospital wastewater, in reactors fed with synthetic wastewater or in lab-scale
batch reactors, but have still not been found in municipal WWTPs. Elucidation
of TPs is a key aspect of understanding the possible removal mechanisms of micropollutants and to assess whether toxic or refractory products remain after transformation. The current interest in the removal of micropollutants by biological
treatment and the growing concern of antibiotic resistant pathogens support the
further assessment of the relevance of the reported TPs and the associated transformation pathways of the antibiotic TMP during biological municipal wastewater
treatment.
TMP can be transformed in biological wastewater treatment systems. Where
removal is observed it is often attributed to removal under aerobic (nitrifying)
conditions (Eichhorn et al., 2005; Yi et al., 2012; Batt et al., 2006). However, it
is yet unknown if the variability of the TMP removal depends on diﬀerences in
the investigated treatment processes (Göbel et al., 2007) or if there is temporal
variability at fixed treatment conditions over long time scales. Since TMP inhibits
the DNA synthesis of certain bacteria, it cannot be ruled out that elevated TMP
concentrations often used in lab-scale studies alters the transformation reactions as
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well as the transformation kinetics. Thus, a deeper look at the aerobic transformation reactions and kinetics at diﬀerent TMP concentrations is warranted.
Therefore, the objectives of this study were to i) measure the variability of TMP
removal in an activated sludge system treating municipal wastewater over a 16month monitoring period; ii) measure the kinetics of TMP removal in activated
sludge in sludge-seeded laboratory-scale reactors under aerobic conditions spiked
at diﬀerent TMP concentrations; iii) investigate the transformation reactions and
removal pathway(s) of TMP in these reactors; and iv) transfer the findings of the
laboratory studies to the activated sludge system to assess the relevance to native
conditions.

2.2
2.2.1

Methods
Pilot-scale sequencing batch reactor

A 12 L suspended sludge sequencing batch reactor (SBR) situated on the site of a
municipal WWTP with 220 000 person equivalents was used for the study. Incoming municipal wastewater with average concentrations of 220 mg{L BOD, 70 mg{L
Ntot , and 16 mg{L Ptot was treated mechanically (screening, grit removal, and sedimentation) at the plant, before being fed to the pilot reactor. The pilot reactor
was operated as a conventional nitrification/denitrification process with fixed operational settings: 10 d Solids Retention Time (SRT), 12 h hydraulic retention
time (HRT), and a batch duration of 3 h (1 h anoxic conditions followed by 2 h
oxic conditions) with a fixed influent volume. On-line sensors connected to a programmable logic controller (Wago 750-881) and a SCADA system (Citect V7.2,
Schneider Electric), allowed control of dissolved oxygen concentrations during the
oxic phase (p1 to 3q mg{L), and fill levels during all feed and discharge events (p9 to
12q L) as well as continuous monitoring of temperature (p15 to 25q ˝C) and pH (7.0
to 7.5).
Influent and eﬄuent samples were collected as 3-d composite samples during a
16-month period. Samples were taken after the settling phase by an automated
sampler with refrigerated storage containers. After collection, the samples were
immediately filtered (0.45 µm, regenerated cellulose) and stored at ´20 ˝C. A
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stability test indicated that the compounds of interest were stable during the 3day collection period. Further details are given in Appendix A. The samples were
monitored for TMP and its TP concentrations by direct injection, or in some
cases via a Solid Phase Extraction (SPE) enrichment step, as described in Section
2.2.5. Additional measurements of dissolved organic carbon (DOC) and inorganic
nitrogen species (NO3–-N, NO2–-N, and NH4+-N) confirmed a stable removal of DOC
averaging 60%, and ammonium removal averaging 95% during the monitoring
period. Detailed parameters are given in Appendix A.
2.2.2

Chemicals

Trimethoprim (TMP) was purchased from Sigma Aldrich (Schnelldorf, Germany).
Its metabolite 4-desmethyl-TMP the internal standard trimethoprim-d3 was purchased from Toronto Research Chemicals (North York, Canada). Ethyl 2,4-diaminopyrimidine-5-carboxylate was purchased from Activate Scientific (Prien, Germany).
All chemicals used for analysis were of • 95% purity.
2.2.3

Lab-scale bioreactor incubation experiments

To study the fate of trimethoprim in contact with nitrifying activated sludge,
400 mL bioreactor experiments were set up in light-protected vessels and inoculated with nitrifying activated sludge from the SBR. Activated sludge was either
diluted 1:1 with SBR influent for the low dilution experiments or diluted 20:1 with
SBR eﬄuent for the high dilution experiments. Eﬄuent was chosen for the 20:1
dilution, since diluting with influent is not practical due to the large matrix eﬀects
of influent leading to analytical diﬃculties. To test the eﬀect of changing the dilution matrix alone, a third experiment was conducted with 1:1 sludge dilution with
WWTP eﬄuent. All incubation experiments were conducted with at least one
replicate. Throughout the incubation period, the sludge was stirred and aerated
with a regulated mixture of air and CO2 via a diﬀuser. CO2 was added to the
gas mixture to compensate for CO2 loss through purging, which would otherwise
have led to pH instability (Wick et al., 2009). The pH was maintained at the same
level as in the pilot-scale SBR (6.5–7.5). TMP was spiked to the experiments
after at least 1 h equilibration time at concentrations of 5 µg{L or 500 µg{L. The
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lower spike level (5 µg{L) was chosen to ensure that down to 1% of TP formation
from the parent was still within a detectable range. Control experiments were left
unspiked. Further control experiments without biological activity were run concurrently. For these abiotic controls the sludge was filtered (0.2 µm, polyethersulfone)
to remove the microbial biomass. Samples of all lab-scale experiments were taken
at regular intervals, were immediately filtered (0.45 µm, regenerated cellulose) and
were stored at 4 ˝C prior to analysis via LC–tandem MS.

2.2.4

Kinetic analysis

The degradation kinetics were modelled according to Schwarzenbach et al. (2005)
by either a pseudo-first-order rate law (Equation 2.1) or by a pseudo-zero-order
rate law (Equation 2.2):
dCTMP
“ ´kbiol CTMP XSS
dt

(2.1)

dCTMP
1
“ ´kbiol
XSS
dt

(2.2)

where CTMP is the trimethoprim concentration (µg{L), XSS the sludge concentra1
tion (gSS {L), kbiol is the pseudo-first-order rate constant in L{pgSS ¨ dq, and kbiol
the
zero-order rate constant in µg{pgSS ¨ dq. The uncertainty of kbiol was determined by
analysis of 3 replicate batches, or where only 2 replicates were made, by statistical
analysis of the regression.

2.2.5

Analytical methods

TMP and its TPs other than DAPC were analysed by LC–tandem MS via direct injection using an Agilent HPLC system equipped with a ZORBAX Eclipse
Plus C18 column (150 mm ˆ 2.1 mm, 3.5 µm, Agilent Technologies) coupled to a
QqQ-LIT-MS (API 5500 QTRAP, SCIEX, Darmstadt, Germany) with ESI in positive ionisation mode. As mobile phase, water with 0.1% formic acid buﬀer and
methanol with 0.1% formic acid buﬀer were used. Quantification of TMP was
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performed in MRM mode (Multiple Reaction Monitoring) using trimethoprim-d3
as an internal standard.

High-resolution mass spectra and MSn fragmentation experiments for the identification and characterisation of TPs were obtained by Orbitrap-MS (LTQ Orbitrap Velos) coupled by ESI to an Accela HPLC system (both from Thermo
Scientific, Bremen, Germany) running the same chromatographic method as described above.

Analysis of DAPC in eﬄuent wastewater included a sample enrichment step using
solid phase extraction. Samples were extracted using ENVI-Carb graphitic carbon
cartridges (Sigma Aldrich) at pH 7. The cartridges were conditioned with 6 mL
methanol and 8 mL of pristine groundwater (pH 7). Wastewater samples (50 mL,
pH 7) were loaded onto the cartridges, which were then dried under a light nitrogen
gas flow and eluted with 10 mL methanol. The organic phase was evaporated to
0.5 mL at 35 ˝C under a gentle nitrogen flow. Water (0.3 mL) was added and the
mixture was again evaporated to 0.5 mL. Analysis was carried out by LC–HRMS
on a QToF-MS (5600 TripleTOF, Sciex) coupled by ESI in positive ionisation
mode to an Agilent HPLC system running the same chromatographic method as
described above.

For the quantification of DAPC, a direct injection method was used utilising
LC–tandem MS and a standard addition method on the same QqQ-LIT-MS system described. To improve the retention a diﬀerent chromatographic method
was used. The HPLC was equipped with a Hypercarb graphitic carbon column
(150 mm ˆ 2.1 mm, 3 µm, Thermo Scientific). The mobile phases for gradient elution were water and acetonitrile. The water was buﬀered to pH 10 with 0.1%
ammonium formiate, while 0.1% ammonia was added to acetonitrile.

Detailed instrumental parameters including MRM transitions used in the above
methods are provided in Appendix A.1.
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Results and discussion

Variability of primary removal over time

The concentrations of TMP were monitored in the pilot-scale SBR, which was
configured as a nitrifying/denitrifying reactor and fed with the primary eﬄuents
of a municipal WWTP as described in section 2.1. Both concentrations in SBR
influent and eﬄuent were measured in 3-day composite samples. The elevated fluctuations of the TMP influent concentration has been observed previously (Coutu
et al., 2013). Variable influent concentrations of pharmaceuticals are a common
phenomenon and are linked to temporal/spatial variability in their use as well as
changes in water flow of the sewer system (Petrie et al., 2015).
Initially, the removal of TMP was relatively low. During the initial start-up phase,
the average TMP removal was 34% (Figure 2.1). This included a period of heavy
rainfall in the catchment area of the treatment plant, which caused large variations
in the measured TMP removal. These eﬀects can be attributed to dilution of the
wastewater and possible biomass loss in the reactor or varying dilution of the
SBR influent and eﬄuent samples, which could have led to the very low removals
observed. After the start-up phase the removal increased and remained relatively
constant with an average of > 83% removal during the operational phase. Although
the reactor was able to remove nutrients, nitrogen and other micropollutants during
both periods, the high removal eﬃciency of TMP was first achieved after 7 months
of operation.
A TMP removal of > 83% is uncharacteristically high for nitrifying activated sludge
reactors with an SRT of 10 d Batt et al. (2006); Radjenović et al. (2009). However,
this does not appear to be an intrinsic process and the removal shows development
over time. Since the removal of TMP is a biological process, as shown in the next
section, this may be attributed to the microbial community in the reactor which
developed in the summer of 2013. Incubation experiments conducted with the
SBR sludge and TMP were therefore inoculated with sludge after it had achieved
this TMP degrading ability.
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Figure 2.1: Concentrations (ng{L) of TMP in 3-day composite samples of influent and eﬄuent
of a pilot-scale SBR over 16 months of the experiment (7-month start-up phase and 9-month
operational phase).

2.3.2

Incubation of trimethoprim in aerobic sludge

The degradation of trimethoprim (TMP) was investigated in lab-scale bioreactors
inoculated with activated sludge from the SBR. To assess the influence of the
TMP concentration and the eﬀects of the wastewater matrix on the TMP removal,
incubations were performed at diﬀerent spike levels (5 µg{L and 500 µg{L) and
sludge dilutions (1:1 and 1:20) with influent wastewater (primary eﬄuent of the
WWTP) or eﬄuent wastewater. To confirm that the removal in these incubations
was associated with the biomass, a control reactor with sludge filtrate was also
established and exhibited no TMP removal or formation of TPs during 4 days of
incubation.
In the first set of experiments, the sludge was diluted 1:1 with influent wastewater
and spiked with TMP at two diﬀerent concentrations (500 µg{L and 5 µg{L), (Figure 2.2a and b). Removal of TMP was observed in both of these experiments, but
proceeded at diﬀerent rates (Table 2.1). The primary degradation at 5 µg{L TMP
(low spike level) was fast, whereas the primary degradation at 500 µg{L TMP (high
spike level) was slower.
When the sludge dilution was increased from 1:1 to 1:20 and the wastewater matrix
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Figure 2.2: Time courses of TMP and TPs in lab-scale reactor experiments with activated
sludge diluted with influent wastewater. TMP (‚), TP306 (˝), TP324 (4), 4-desmethyl-TMP
(⌅), TP292 (ˆ), TP290 (N) and DAPC (˝). A: c0 = 500 µg{L, influent-sludge ratio = 1:1, 12 d
incubation time, n = 3. The dotted line represents a zero-order kinetic model. B: c0 = 5 µg{L
influent-sludge ratio = 1:1, 4 d incubation time, n = 2.

was changed from influent to eﬄuent, no removal of TMP could be observed in the
experiment with high spike level (500 µg{L; Figure 2.3a). At the low spike level
(5 µg{L, Figure 2.3b), a significant dissipation took place. However, this removal
was still slower than in the 1:1 dilution experiment (Figure 2.2b).
In the last experiment, 5 µg{L TMP was incubated in sludge diluted 1:1 with
reactor eﬄuent instead of the reactor influent (Figure 2.3c). The results again
show a contrast to the 20:1 dilution with eﬄuent (Figure 2.3b), where the removal
is much slower (DT50 of 10 d versus 1 d) (Table 2.1). The kinetics appears to
fit more closely to Figure 2.2b, where influent dilution was used (also 1:1), albeit
with a longer DT50. Clearly, changing the dilution matrix had an impact on
degradation. However, this was not as significant as changing the level of dilution
or the spike concentration of TMP.
The data in Figure 2.2 and Figure 2.3 suggest that it would be diﬃcult to fit a
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Figure 2.3: Time courses of TMP and TPs in lab-scale reactor experiments with activated
sludge diluted with eﬄuent wastewater. TMP (‚), TP306 (˝), TP324 (4), 4-desmethyl-TMP
(⌅), TP292 (ˆ) and DAPC (˝). A: c0 = 500 µg{L, eﬄuent-sludge ratio = 20:1, n = 2. B: c0
= 5 µg{L, eﬄuent-sludge ratio = 20:1, n = 3. The dotted line represents a zero-order kinetic
model. C: c0 = 5 µg{L, eﬄuent-sludge ratio = 1:1, n = 2.

pseudo-first-order kinetic model to the degradation shown in Figure 2.2 and Figure
2.3 (high TMP concentration or high sludge dilution). A zero-order model gives a
better fit, shown by the dotted lines. The data shown in 2b and 3c suggests more
typical degradation kinetics that could fit a pseudo-first order rate law. The rate
constants for both kinetic models are given in Table 2.1. However, further studies
at higher sampling frequency are needed to confirm the kinetic order. Comparison
of pseudo-first order rate constants (kbiol ), show these to be highest at low spike
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Table 2.1: Summary of kinetic results. Rate constants kbiol were determined by Equation 2.1
1
or 2.2 depending on the kinetic order: kbiol for pseudo-first-order (1), kbiol
for pseudo-zero-order
(0). DT50 is time needed for 50% TMP removal, and ˘ indicate the uncertainty expressed as
95% confidence intervals.

TMP spike
conc.
(µg{L)

Sludge
dilution

Figure

5
5
5
500

1:1 infl.
1:20 eﬄ.
1:1 eﬄ.
1:1 infl.

2.2b
2.3b
2.3c
2.2a

500

1:20 eﬄ.
No
dilution

1a

Estimated
kinetic
order

DT50
(d)

kbiol
L{pgSS ¨ dq

1
kbiol
µg{pgSS ¨ dq

0.2
9.6
1.2
> 14

3.0 ˘ 0.1
0.09 ˘ 0.01
0.63 ˘ 0.02
0.03 ˘ 0.01

2.3a

1
0
1
0
No
removal

–

–

–

A.18

1

0.1

4.0 ˘ 0.5

–

5˘3
0.23 ˘ 0.02
0.5 ˘ 0.3
9˘4

infl.: dilution with WWTP Influent, eﬄ.: dilution with WWTP eﬄuent.
a
Experiment conducted in the SBR running in batch mode (no cycling). The uncertainty was estimated by statistical analysis of the regression.
1
concentrations and low dilution. The zero-order rate constants (kbiol
) are based on
absolute concentration changes and are therefore more diﬃcult to compare, but
are also generally higher at low sludge dilution.

For a more accurate determination of the kinetics of TMP removal, the SBR itself
was spiked with 1 µg{L TMP and run in batch mode (no cycling) for two days. A
high sampling frequency (8 samples{d) allowed a clear interpretation of the kinetics
showing that a pseudo-first-order model fits very well (Table 2.1 and Figure A.18
in the Appendix).
It can be concluded that increasing the TMP to biomass ratio, either by a higher
initial TMP concentration or by a significant sludge dilution, lowers the biological
rate constants of TMP. Similar kinetic eﬀects of higher substrate concentration
have also been observed in degradation studies of ibuprofen (Collado et al., 2012).
More recent studies of TMP degradation have found that rate constants are not
impacted as long as the TMP to COD ratio remains below 2 ˆ 10´3 (Su et al.,
2015). This level lies approximately between the two extreme cases tested in
this study (around 1 ˆ 10´4 and 2 ˆ 10´2 ). This supports the result that the
removal kinetics can change at higher TMP spike concentration and higher matrix
dilutions. To further investigate if this is due to changing kinetics of one primary
transformation reaction, as a function of TMP to biomass ratio, or if multiple
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transformation reactions are involved, each with diﬀerent kinetics, the formation
of TPs was elucidated.
2.3.3

Identification of transformation products of TMP removal

The TMP incubation experiments with activated sludge were analysed by LC–HRMS
to identify transformation products (TPs) and thereby elucidate possible transformation pathways of TMP.
Experiments with high TMP concentration (500 µg/L)

In the experiments with high TMP concentration (Figure 2.2 and Figure 2.3a), in
total two TPs were identified during the incubation period: TP306 and TP324.
Both could be initially characterised by their chemical formulae and MS2 fragmentation spectra (Figure A.2 to A.3 in the Appendix). The two TPs matched well
with those reported by Eichhorn et al. (2005) with respect to their exact masses
(i.e. their molecular formulae) and their MS2 fragmentation spectra. These TPs
were present in both high and low sludge-dilution experiments (Figure 2.2 and
Figure 2.3a, respectively), although TMP dissipation was only observed at low
sludge dilution (Figure 2.2a). Quantification was impossible since reference standards were not available. However, by plotting their peak areas as a percentage
of the initial TMP peak area over time, their formation rates were assessed. In
the high dilution experiment, although TP formation was observed there was no
observable removal of TMP (Figure 2.3a). The low signals of these TPs would
suggest they do not represent a significant fraction of TMP removal. TP306 is
formed by a hydroxylation, while TP324 is formed by hydroxylations and several
subsequent redox reactions (Figure 2.4a).
Experiments with low TMP concentration (5 µg/L)

The TP identification in the experiments with 5 µg{L TMP and with low sludge
dilution (1:1) provided a diﬀerent picture. Surprisingly, four new TPs were found
which appeared sequentially as TMP was degraded. The chemical structures of
the TPs were elucidated by their MS2 fragmentation patterns (Figure A.4 to A.7
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Figure 2.4: Observed TPs of TMP under aerobic conditions in activated sludge. A: Reactions
dominating when 500 µg{L TMP were amended. TP306 and TP324 were previously reported by
Eichhorn et al. (2005). B: Reactions found to dominate when 5 µg{L TMP were amended to the
reactor. The dashed arrow represents a minor pathway.

in the Appendix). The time courses of each TP are shown in Figure 2.2b. The
first three TPs were formed and dissipated in quick succession, which is typical of
intermediates in consecutive reactions. These also have a low steady-state concentration, which can be seen from their low peak intensities in comparison to TMP.
The most prominent of these TPs had an m/z-ratio of 277.13, corresponding to an
exchange of -CH3 by a hydrogen atom resulting from a demethylation of one of the
aromatic methoxy moieties present in TMP. By comparing the retention time and
fragmentation pattern with an analytical standard, the formation of 4-desmethyl-
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TMP was verified (Figure 2.4b). This TP is also a human metabolite of TMP,
along with 3-desmethyl-TMP and two N-oxides; in total, around 2.2% of ingested
TMP is excreted in the form of 4-desmethyl-TMP (Sigel et al., 1973).
The two other TPs formed at the beginning had the m/z-ratios of 293.12 and
291.11 (TMP has a m/z-ratio of 291.14, which can be easily resolved). Both TPs
showed a demethylation of one aromatic methoxy group and the addition of oxygen
and diﬀered only by 2H atoms indicating that a redox reaction took place. The
position of the oxygen on TP290 could be elucidated by the MS2 spectra, showing
that an additional oxygen atom was inserted between the phenolic and pyrimidine
ring (Figure A.6 in the Appendix). Since the formation of both TPs was closely
related and as TP292 was formed before TP290, it can be concluded that TP290
was formed by the oxidation of TP292 (see right graph in Figure 2.2b). All MS2
fragments of TP292 showed a loss of water which was not observed in 4-desmethylTMP or TP290. This suggests that an aliphatic hydroxyl group is located between
the two aromatic rings, which was then oxidised to a ketone forming TP290.
The fourth TP of TMP had a smaller mass with only 155.06 and was more stable in
contrast to the other TPs formed. Hence, it accumulated to higher concentration
levels in the experiment. Based on the molecular formula and the MS2 spectra
it was postulated that the pyrimidine ring of TMP was still unaltered, while the
di-methoxy-phenolic ring was cleaved and replaced by a carboxylic moiety. Since
a reference standard of this TP (2,4-diaminopyrimidine-5-carboxylic acid, DAPC)
was not commercially available this TP was synthesised in our laboratory from the
ethyl ester derivative by ester hydrolysis (Equation 2.3).

(2.3)
Details of this synthesis are given in Appendix A. The chemical structure of the
synthesised DAPC, verified by HRMS and MS2 , was identical to DAPC formed
in the incubation experiments during TMP transformation. The quantification
of DAPC showed that it accounted for 90% of the TMP portion degraded in the
incubation experiment (Figure 2.2b). Hence, it can be confirmed that the proposed
transformation pathway was dominant in this experiment, leading to DAPC via
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4-desmethyl-TMP, TP292 and TP290 (Figure 2.4b).
The sequence of the pathway was further verified by directly spiking 4-desmethylTMP (500 µg{L) separately to a sludge-inoculated reactor. In this experiment,
4-desmethyl-TMP was immediately degraded and TP292, TP290 and DAPC were
formed in the same order as was observed when TMP was spiked (Figure A.8a
in the Appendix). Although a slow removal of DAPC could be observed (Figure
2.2b), no further TPs could be identified. DAPC was also previously found as a
photodegradation product of TMP (Michael et al., 2012).
TP306 was only observed in the experiments with high TMP concentrations
(500 µg{L), while TP324 was also detected in small amounts when the reactor was
amended with low concentrations of 5 µg{L TMP at high dilution or when eﬄuent
was used for dilution (Figure 2.3b and c, respectively). It is therefore possible that
under these conditions, which are of intermediate TMP to biomass ratio, pathway
A (Figure 2.4) plays a minor role. It cannot be totally ruled out that TP306 can
be demethylated into TP292 and thus represents a minor transformation pathway
(dashed arrow in Figure 2.4). However, this demethylation was not seen in the
experiments spiked with 500 µg{L TMP, where TP306 formation was observed.
Obviously, the formation of TP306 and TP324 is favoured at higher TMP to
biomass ratios, and 4-desmethyl-TMP at lower TMP to biomass ratios, but both
reactions, demethylation and hydroxylation, can occur simultaneously as the initial
TMP reaction.

Interpretation of the kinetic experiments and observed transformation pathways

Based on the transformation pathways, the diﬀerent kinetics described in the previous section were caused by more than one initial transformation reaction. At a
high initial concentration of TMP (500 µg{L), the previously reported hydroxylation reactions (Eichhorn et al., 2005) were dominant (Figure 2.4a), whereas at low
initial concentration (5 µg{L) a diﬀerent pathway, beginning with demethylation,
was favoured (Figure 2.4b). This example clearly emphasises the importance of
the concentration of antibiotics in biodegradation experiments.
Several reasons can be postulated for this observation including toxic or inhib-
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ition eﬀect of the antibiotic TMP on bacteria or enzymes that are involved in
TMP transformation. Although a general toxic eﬀect on sludge bacteria is rather
unlikely, since for sludge bacteria an EC50 of 16 mg{L TMP has been reported
(Halling-Sørensen et al., 2000), a toxic/inhibition eﬀect on key species or enzymes
carrying out the demethylation of TMP cannot be ruled out.
Another possibility is based on enzyme kinetics with diﬀerent enzyme saturations
of two alternative transformation pathways (Chen et al., 2010; Houston, 2006) or
a similar eﬀect caused by diﬀerences in membrane transport kinetics. If the enzymes (or transport proteins) of the demethylation pathway quickly reach their
saturation at higher TMP concentrations (i.e. the turnover becomes limited by the
amount of available free enzyme) the hydroxylation pathway would be favoured,
if its enzyme saturation is not reached so quickly. Thus, the hydroxylation rate
would increase proportional with the growing concentrations of TMP, meaning
these reactions become more dominant. On the other hand at low TMP concentrations the pathway starting with demethylation would be much faster than the
hydroxylation pathway and therefore dominates the TMP transformation.
A third possibility is a substrate induced adaption at higher TMP concentrations promoting i) the growth of bacteria involved in the TMP transformation
by hydroxylation or ii) the expression of the corresponding enzymes. An induced
bacterial growth scenario is considered unlikely, since a lag-phase in TMP removal
would be expected to occur in the high spike experiment (Figure 2.2a), which was
not observed. However it cannot be excluded that an induced enzyme expression of
the existing community might be playing a role. Further investigation could help
to elucidate which scenarios are more likely, for example toxicity studies, an examination of enzyme kinetics or gene expression during the incubation experiments.
These were however not possible within the scope of this study.
In the experiment where an elevated concentration of 500 µg{L 4-desmethyl-TMP
was amended to the bioreactor containing a highly diluted sludge (20:1), a fast
removal was observed, comparable to the less diluted sludge with a low TMP
spike (Figure 2.2b and A.8a in the Appendix). Thus, regardless of the eﬀect being
kinetic or based on toxicity, obviously the O-demethylation reaction is impacted
the most by the higher concentration of TMP.
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Comparing kinetics and transformation pathways in the laboratory and the SBR

Comparing the trimethoprim degradation kinetics between laboratory- and
pilot-scale

In the on-site SBR, where the TMP concentration is low and the sludge concentration is high, it was expected that TMP transformation would occur according
to Figure 2.2b (low spiking level, 5 µg{L, low dilution with influent wastewater)
or the batch mode-experiment at 1 µg{L (Figure A.18 in the Appendix). To compare this with the observed removal in the pilot reactor, a modelling approach
was used. Since studies of the anoxic removal of TMP have found that it has rate
constants comparable to, or lower than those under aerobic conditions Su et al.
(2015); Burke et al. (2014), two modelling scenarios were applied: one with similar removal under aerobic and anoxic conditions and one with negligible removal
under anoxic conditions. Biological degradation in the SBR was modelled at a
fixed influent concentration by iterating Equation 2.1 over 20 consecutive batches
with a duration of 3 h, a suspended solids concentration of 3.1 gSS {L as measured
in the SBR, and the kbiol value obtained from the batch-mode experiment (i.e.
4.0 L{pgSS ¨ dq, Table 2.1). For the full equations, refer to Appendix A. Based on
the biological degradation model, the predicted TMP removal in the SBR is 88%
for the scenario with no anoxic removal and 94% for the scenario with comparable aerobic and anoxic removal rate constants. Both removal scenarios are in
good agreement with the average TMP removal of > 83% measured in the SBR
during the operational period. Thus, the good prediction of the model indicates
that the laboratory experiment with the low spiking level of 5 µg{L using only 1:1
diluted sludge with influent wastewater (with an estimated kbiol of 3 L{pgSS ¨ dq)
would provide the best comparability when modelling the SBR with influent TMP
concentrations in the range of 150 ng{L.
Occurrence of aerobic TPs in the on-site SBR

To compare the degradation pathway found in lab-scale experiments with the SBR,
the TPs present in the eﬄuent of the SBR were measured. The aerobic/anoxic
SBR was fed with municipal wastewater containing p100 to 150q ng{L TMP (Figure
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2.1). Using sensitive analytical methods based on detection via LC–tandem MS,
the SBR eﬄuent was analysed for the presence of all TPs observed in the lab-scale
reactors reported in the previous section. The TP, 4-desmethyl-TMP was detected
only in a few 3-day composite samples of SBR eﬄuent with concentrations up to
14 ng{L. However, in most cases this TP was not detected in the SBR eﬄuent
above the LOQ of 10 ng{L. The TP is an intermediate in the transformation
pathway (Figure 2.4b) with a low steady-state concentration during the laboratory
experiments (Figure 2.2b). This might explain its low concentrations and sporadic
detection in the SBR eﬄuent despite a consistent removal of TMP during the same
period. On the other hand, 4-desmethyl-TMP is also a human metabolite of TMP
(Sigel et al., 1973). To confirm that 4-desmethyl-TMP is indeed formed from TMP
in the SBR, the reactor was amended with 2.4 µg TMP/reactor (200 ng{L) at the
start of every cycle for a period of 12 h (equivalent to the HRT). This led to an
elevated concentration of 110 ng{L 4-desmethyl-TMP. This was clear evidence that
the initial demethylation of the transformation pathway observed in the lab-scale
experiments was also occurring in the on-site SBR.
However, under sterile and aerobic conditions 4-desmethyl-TMP was found to be
unstable, since it was oxidised and hydrolysed (for details please refer to Appendix
A). These abiotic reactions were found to involve oxidation and the subsequent
addition of nucleophiles. Since the wastewater matrix contains a high number
of nucleophiles, a large variety of addition products could probably be formed
after the oxidation of 4-desmethyl-TMP. Similar additions of nucleophiles during
wastewater treatment were postulated for codeinone (↵, -unsaturated ketone) an
unstable TP of the opiate analgesic codeine (Wick et al., 2011b).
TP292 and 290 could not be detected in eﬄuent of the SBR, most likely due to their
low steady-state concentration, as already observed in the lab-scale experiments.
The quantitative analysis of DAPC, the final TP, was challenging due to its high
polarity and low molecular mass. Therefore, a pre-concentration step via SPE
was added prior to its detection in SBR influent and eﬄuent. DAPC could be
identified in the eﬄuent of the on-site SBR in a 3-day composite sample by its MS2
fragmentation (Figure A.20 in the Appendix). For quantification the standard
addition method was used. In a separate 3-day composite sample of the SBR
eﬄuent, taken several months later, 61 ng{L DAPC (TMP < 10 ng{L) was detected
(Figure A.21 in the Appendix), while it was not found in the corresponding influent
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containing 221 ng{L of TMP. The detected amount of DAPC accounts for 52% of
the attenuated TMP. Considering the results obtained so far, it is likely that
the remaining dissipation of TMP is caused by i) nucleophilic addition of sludge
constituents to 4-desmethyl-TMP leading to an array of addition products, ii) a
further transformation of DAPC to unknown TPs.
The detection of 4-desmethyl-TMP and DAPC in the eﬄuent of the SBR supports
the hypothesis that the degradation pathway (Figure 2.4b) found in the lab-scale
reactors is an important removal pathway of TMP, occurring also in the SBR. Since
neither TP306 nor TP324 were detected in the SBR eﬄuent, the pathway (initiated
by hydroxylation) detected predominantly at higher spike concentrations, plays
obviously no or only a very minor role for the SBR. The variability of TMP removal
in the SBR and in municipal WWTPs (Göbel et al., 2005; Batt et al., 2006) is
most likely caused by its capability to enable the first demethylation step forming
4-desmethyl-TMP that is rapidly transformed to TP292, TP290 and DAPC.
Previous reports have found hydroxylation (Eichhorn et al., 2005) or hydroxylation
followed by catechol ring cleavage (Yi et al., 2012), to be the dominant removal
processes of TMP. However, this is the first study to our knowledge to show a
diﬀerent transformation pathway of TMP occurring in a nitrifying/denitrifying
activated sludge reactor fed with municipal wastewater. Further monitoring of
TMP and the TPs found in this study, especially DAPC, in full-scale WWTP
eﬄuent will be part of follow-up studies. This will help better judge the wider
environmental occurrence of the transformation pathway in diﬀerent systems.

2.4

Conclusions

The analysis of transformation reactions in lab-scale bioreactors is a useful tool to
assess the transformation of micropollutants in the environment. These findings
show that the choice of the initial analyte concentration may not only impact the
kinetics of removal but also the dominant reactions themselves can change. This
might lead to the transformation pathway stopping at an earlier stage or diﬀerent
TPs becoming more dominant than what is more likely in the natural environment. Although this is shown for one compound, it could have wider implications
for biodegradability testing protocols, which often rely on elevated spike concen-
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trations to aid the analysis. This might be especially true for compounds with
antibacterial properties.
The alternative reactions at diﬀerent TMP concentrations might be linked to either
limited turnover of specific enzymes or processes or to toxic/inhibition or enzyme
activation eﬀects of TMP to the sludge bacterial community at higher concentrations. In particular, O-demethylation of TMP was no longer the dominant
reaction at high TMP concentrations. A biological analysis of the sludge that is
able to carry out O-demethylation or analysis of the enzyme kinetics and how this
is changed at higher concentrations was beyond the scope of this investigation.
However, this is an important question for further study and may be helpful to
understand the successful degradation of TMP and other micropollutants found
in wastewater.
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Chapter 3

Comparisons between abiotic
nitration and biotransformation
reactions of phenolic
micropollutants in activated
sludge
Kevin S. Jewell, Arne Wick, Thomas A. Ternes. 2014. Water Research 48,
pp. 478–489.

Abstract
The transformation of selected phenolic substances was investigated during biological wastewater treatment. A main emphasis was put on the relevance of abiotic processes leading to toxic nitrophenolic transformation products (TPs). Due
to their environmental relevance, the antiseptic ortho-phenylphenol (OPP), the
plastics additive bisphenol A (BPA) and the psychoactive drug dextrorphan have
been studied. Experiments confirmed that nitro- and nitroso-phenolic TPs can be
formed under acidic conditions when nitrite is present. HNO2, N2O3 and radical
NO and radical NO2 are likely involved in the abiotic process. It was found that
41
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the process was promoted by the freezing of water samples, since this can lead to
an unexpected pH drop. However, under conditions present at wastewater treatment plants (neutral pH, low nitrite concentrations), the formation of appreciable
concentrations is rather unlikely through this process, since HNO2 concentrations
are extremely low and NO and NO2 radicals will also react with other wastewater constituents. Thus, the transformation of phenolic substances such as OPP
and BPA is mainly caused by biotic transformation. In addition to hydroxylation
as a common reaction under aerobic conditions, the formation of sulfate conjugates was detected with the original compounds as well as with nitrophenolic TPs.
Therefore, even when nitro-phenolic substances are formed it is likely that they
are further transformed to sulfate conjugates. In raw wastewater and WWTP
eﬄuent nitrated BPA and NO2-dextrorphan were not detected. Only nitro-OPP
was found in the influent of a WWTP with 2.3 ng{L, but it was not identified in
the WWTP eﬄuents. The concentrations of dextrorphan increased slightly during WWTP passage, possibly due to the cleavage of the glucuronide-conjugate, its
human metabolite form, or demethylation of the prodrug dextromethorphan.

3.1

Introduction

An important source of micropollutants in surface waters is municipal or industrial
wastewater, which is usually emitted via wastewater treatment plants (WWTPs)
into rivers and streams. During wastewater treatment, biological and chemical
processes intended for nutrient removal and the removal of easily biodegradable
organic compounds may additionally transform refractory micropollutants. As a
consequence, transformation products (TPs) of micropollutants are formed and
emitted via WWTP eﬄuents into the aquatic environment. Micropollutants containing phenol moieties have received particular attention in this regard, both
due to the range of transformation processes which befall many phenols during
wastewater treatment (Beel et al., 2013; Chen et al., 2011; Quintana et al., 2005;
Skotnicka-Pitak et al., 2008) and their potential for having toxic eﬀects on aquatic
organisms, including antibacterial and endocrine disrupting properties (Garg et al.,
2001). Understanding of the transformation processes of phenolic micropollutants aids i) their quantification in WWTP eﬄuents and ii) identifying sources of
TPs. During biological wastewater treatment, metabolic or co-metabolic reactions

3.1. INTRODUCTION

43

can impact the fate of many phenolic compounds. Biotic degradation reactions
of phenolic compounds include ring hydroxylation reactions or oxidation of ring
substituents, followed by ring cleavage, for example via the ortho or meta pathway (Reineke, 2001). Additionally, abiotic reactions, e.g., hydroxylation of an
↵, -unsaturated ketone (Wick et al., 2011b) or the formation of a nitrobenzene
from an aniline moiety in the presence of nitrite (Nödler et al., 2012) are potential transformation routes of micropollutants. Hence, both biotic and abiotic
transformation processes could transform these substances in biological wastewater
treatment.
An abiotic transformation process of recent interest is the nitration of phenol moieties and the formation of nitrophenolic TPs during biological wastewater treatment (Chiron et al., 2010; Sun et al., 2012). Wick et al. (2011b) reported the
formation of nitrophenolic TPs in activated sludge incubation experiments spiked
with morphine. Due to their elevated (eco)toxicity, nitrophenols are of environmental concern (Tomei et al., 2003). For instance, the phenolic compound bisphenol A (BPA) exhibited estrogenic eﬀects to goldfish (Toyoizumi et al., 2008)
and other aquatic organisms (Oehlmann et al., 2006), but after transformation to
dinitro-BPA the estrogenic activity decreased while genotoxicity increased (Toyoizumi et al., 2008). Recent studies on nitration of phenolic compounds during
wastewater treatment have found evidence for diﬀerent mechanisms but a similar
extent of nitration. Acetaminophen for instance, had a reported transformation
of 5% to nitro-acetaminophen (Chiron et al., 2010) and BPA of 0.2% to dinitroBPA (Sun et al., 2012) during wastewater treatment in two diﬀerent WWTPs. In
both studies, concentration of substrate phenols was in the p2 to 6q µg{L range
and transformation was reported to occur mostly during biological treatment, in
nitrifying reactors or oxidation ditches. Currently, it is unclear which WWTP
conditions and agents are favouring the nitration process and which phenolic compounds are more likely to be transformed. Previous reports have attributed two
possible agents for the nitration of phenols in WWTPs: nitrite and peroxynitrite.
Gaulke et al. (2009) proposed that nitrous acid is a reactive species for the nitration
of phenols via nitrite. Nitrite is an intermediate for both ammonium oxidation and
nitrate reduction and is usually found in low concentrations in nitrifying reactors
(p0.5 to 1.0q mg{L NO2–-N (Randall and Buth, 1984)). The nitration of phenolic
compounds by nitrite is known and has been studied under extreme acidic aqueous
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conditions (pH < 1). The reaction mechanism, initially proposed by Al-Obaidi and
Moodie (1985) and then further underlined by Beake et al. (1994), involves the
formation of nitrogen dioxide radicals from nitrous acid. The formation of nitrogen
dioxide and nitric oxide radicals from nitrous acid is known to occur in aqueous
solution without the influence of an oxidative agent or photolysis (Vione et al.,
2004b; Khalafi and Rafiee, 2010).
At pH < 6 Chiron et al. (2010) reported that the nitration of acetaminophen by
nitrite occurs through a diﬀerent process similar to a Michael Addition (Matsuno
et al., 1989) whereby nitrite adds nucleophilically to the -carbon of the oxidised
benzoquinone imine of acetaminophen. A similar process was suggested for catechols (Khalafi and Rafiee, 2010). In activated sludge at neutral pH, Chiron et al.
(2010) suggested a phenolic nitration process involving peroxynitrite, while a nucleophilic nitration of acetaminophen did not occur. Peroxynitrite is a by-product
of cell respiration and is known to be formed through the combination of superoxide and nitric oxide (Ferrer-Sueta and Radi, 2009). The nitration mechanism
by peroxynitrite also involves the initial formation of nitrogen dioxide radicals.
It is reported that high AOB (ammonium oxidising bacteria) activity promotes
the formation of peroxynitrite. Studies of the nitration of estrogens, BPA and
nonylphenol in activated sludge proposed that nitrite (Sun et al., 2012) or the
protonated form, nitrous acid (Gaulke et al., 2009) is the reactive species (Table
1). Nitrite was measured at p0.08 to 0.34q mg{L NO2–-N in an oxidation ditch
where BPA nitration was detected (Sun et al., 2012). The evidence for a radical
mechanism proposed by Moodie was reported by Vione et al. (2004b) for phenol
at pH 2–5, while an alternative reaction mechanism in which nitrosation of phenol
is followed by oxidation to nitrophenol (Ridd, 1991) was ruled out. However, it is
still an open question as to what extent and by which mechanisms, phenolic compounds entering WWTPs are nitrated and to what extent they are discharged into
rivers and streams. Furthermore, it is not clear how the discharge of nitrophenolic
compounds can be avoided or minimised.
The objective of the current study was to elucidate the transformation of selected
phenolic substances during biological wastewater treatment. The main emphasis
was put on the relevance of processes leading to an abiotic nitration in comparison
to their enzymatic transformation. Since nitrite is an intermediate in ammonium
oxidation, it is possibly responsible for the nitration of phenolic micropollutants.
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Due to their environmental relevance, the phenolic antiseptic ortho-phenylphenol
(OPP), the plastics additive and estrogenic compound BPA and the psychoactive
drug dextrorphan were selected. OPP is an anti-fungal agent used for the preservation of citrus fruit. It is degraded in WWTPs (Rudel et al., 1998), however it is
unknown to what extent the degradation is due to an abiotic nitration in activated
sludge. Kinetic and mechanistic studies were conducted using OPP as the model
phenolic micropollutant, comparisons were then made to the phenolic compounds
BPA and dextrorphan. BPA is a well-known micropollutant due to its endocrine
disrupting activity (Oehlmann et al., 2006). Dextrorphan is a human metabolite
of the antitussive prodrug dextromethorphan and has been detected in WWTP
eﬄuents (Thurman and Ferrer, 2012), however its potential transformation during
wastewater treatment has not been studied so far.

Table 3.1: Reported processes for the nitration of phenolic micropollutants in activated sludge

Precursor compound

Nitration conditions

References

17↵-Ethinylestradiol

a, b

Acetaminophen

c

Bisphenol A

d

Gaulke et al. (2009)
Khunjar et al. (2011)
c
Chiron et al. (2010)
d
Sun et al. (2012)
a
b

46

3.2
3.2.1

CHAPTER 3. NITRATION OF PHENOLIC MICROPOLLUTANTS

Methods
Chemicals

ortho-Phenylphenol (OPP) was purchased from TCI Europe (Eschborn, Germany)
and bisphenol A (BPA) from Dr. Ehrenstorfer GmbH (Augsburg, Germany). Dextrorphan tartrate, acetaminophen, carboxy-2-phenyl-4,4,5,5-tetramethyl-imidazolin1-oxyl-3-oxide (cPTIO), n-acetylcysteine and NaNO2 were purchased from Sigma
Aldrich (Schnelldorf, Germany). LC–MS grade solvents were purchased from
LGC Promochem (Wesel, Germany). Purified water was obtained from a MilliQ water purification system (Millipore, Darmstadt, Germany). The transformation products 4-nitro-6-phenylphenol, 2-nitro-6-phenylphenol and 3,3’-dinitrobisphenol A were synthesised in the laboratory. Details of the syntheses are given
in Appendix B.

3.2.2

Analytical methods

Quantification of phenols and nitrophenols via LC–tandem MS was carried out
on an Agilent HPLC system (1200 Series, Agilent Technologies, Waldbronn, Germany) equipped with a Synergi Polar-RP column (150 mm ˆ 3.00 mm, 4 µm; Phenomenex, Aschaﬀenburg, Germany), coupled to a triple quadrupole tandem-MS
(API 4000, Sciex, Langen, Germany) with ESI operated in positive and negative
ionisation mode. Mobile phases for gradient elution were A: 0.05% acetic acid in
water and B: acetonitrile (gradient for phase A: p0 to 2q min 92%, p5 to 14q min
60%, p15 to 18q min 5%, p19 to 23q min 92%). Quantification via UV-VIS was
carried out on a Knauer Smartline HPLC (Knauer, Berlin, Germany) coupled to
a UV-Vis detector. Nitrophenols were detected at 300 nm and phenols at 254
nm. High-resolution mass spectrometry for the identification of TPs was carried
out on an Agilent HPLC system (as above) coupled to a QToF-MS (TripleToF
5600, Sciex) with ESI operated in positive and negative ionisation mode and by
an Accela HPLC coupled with ESI to an LTQ-Orbitrap-MS (LTQ Orbitrap Velos,
Thermo Scientific, Bremen, Germany).
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Experimental setup for kinetic and mechanistic studies of orthoPhenylphenol nitration

OPP was added in varying concentrations (p0.5 to 1.2q mmol{L) to a NaNO2 solution (p5 to 15q mmol{L) in buﬀered, purified water (31 mmol{L sodium acetate, pH
2 to 6). To avoid the photocatalytic formation of radicals, reactions were performed
in amber glass flasks. The reaction was monitored by taking 250 µL samples, which
were neutralised by diluting to 1 mL with buﬀered water (pH “ 12, 50 mmol{L
phosphate). Dinitro-BPA was used as an internal standard in the kinetic and
mechanistic studies. Analysis of the samples was carried out by LC–tandem MS for
the identification of transformation products and both HPLC–UV and LC–tandem
MS for their quantification.
3.2.4

Incubation experiments with activated sludge

To study the transformation characteristics of phenols under conditions found in
an activated sludge reactor, 400 mL incubation experiments were set-up in amber
glass flasks. Activated sludge was taken from the nitrifying stage of a municipal
WWTP with a capacity of 320 000 population equivalents and a daily flow rate of
61 000 m3 . The activated sludge stage is operated with a hydraulic retention time
of approximately 7 h, a solids retention time of 12 d and achieves a yearly average
N-removal of around 81%, measured as total bound N. The sludge was diluted
20:1 with eﬄuent or used undiluted. Throughout the experiment, the solution
was stirred and purged with a mixture of air and CO2 through a diﬀuser. CO2
was added to the gas mixture to stabilise the pH, which would otherwise increase
due to purging of dissolved CO2. For a detailed description of the setup see Wick
et al. (2009). The pH was maintained between 6.5 and 7.5 by regulating the gas
mixture. In some cases, nitrite concentration and pH were adjusted by addition of
acetic acid and NaNO2. After pH equilibration, OPP, BPA and dextrorphan were
spiked to the sludge. Samples were filtered (regenerated cellulose, 0.45 µm) and
stored at 4 ˝C. A matrix-matched calibration curve was used for the quantification
of OPP and NO2-OPP. For the calibration and matrix compensation, the sludge
was filtered and aliquots were spiked with increasing concentrations of both analytes. This enabled quantification of samples from the incubation experiments by
LC–tandem MS. Nitrite, nitrate, ammonia and DOC concentrations were meas-
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ured separately on a DR 5000 photometer (Hach-Lange, Düsseldorf, Germany)
using test kits from the same supplier.

3.2.5

Eﬀect of freezing samples during storage

To test the eﬀect of freezing samples as a means of storage, incubation experiments were set up with 0.6 mg{L NO2–-N and 1 µg{L OPP and BPA in buﬀered
water (50 mmol{L phosphate). Samples were then stored either by refrigeration at
4 ˝C, acidification to pH 2 with HCl or frozen at ´20 ˝C. The samples were then
analysed for nitrophenols by LC–tandem MS using the same analytical procedure
as described for environmental samples (Section 3.2.6).

3.2.6

Environmental sampling at WWTPs

Two German WWTPs implementing denitrification and nitrification processes
were sampled for the detection of TPs. Technical parameters of the WWTPs
are described in Appendix B. NO2-OPP, dinitro-BPA and the phenolic precursors
were quantified by the standard addition method. Special care was taken to avoid
freezing samples or exposing them to acidity. Mixed samples of influent (flow proportional) were taken at the start of the treatment process (after grit removal) and
after primary clarification. Composite samples from 24 h periods of eﬄuent were
taken after secondary settling at WWTP 1 and after sand filtration at WWTP 2.
During sample collection the samples were stored at 4 ˝C. On the day of collection
both samples and a blank (Milli-Q) were filtered (GF 6, Whatman). The influent
was split into 4 aliquots of 150 mL and the eﬄuent and blank into 4 aliquots of
500 mL. These were stored overnight at 4 ˝C. Three aliquots of influent, eﬄuent
and blank were spiked with increasing amounts of the analytes as standards for
quantification via the standard addition method. All aliquots were loaded onto
SPE cartridges (Oasis HLB 6 cc, Waters, Eschborn, Germany), which were conditioned with groundwater. The SPE cartridges were eluted with acetone and
the organic phase was reduced to 100 µL by evaporation under a light nitrogen
gas flow. The samples were filled to 500 µL with Milli-Q water and analysed by
LC–tandem MS. Details of the analytical method are given in Appendix B.
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Results and discussion
Abiotic nitration of ortho-phenylphenol at varying pH values

To study the abiotic nitration and to exclude biological transformation processes,
incubation experiments without the addition of activated sludge were conducted
in buﬀered solution containing nitrite and ortho-phenylphenol (OPP). The initial
rates of reaction decreased rapidly when increasing the pH from 2.0 to 4.5. In Figure 3.1a the initial rates of OPP elimination and of nitro-phenylphenol (NO2-OPP)
formation are plotted against the pH. Above pH 5 the formation of NO2-OPP was
not detectable by HPLC–UV. The dotted curves show the results of fitting the
experimental data to the equilibrium concentration of nitrous acid (Equations 3.1,
3.2 and 3.3). The quotient in Equation 3.3, where [NO2–]0 is the initial nitrite
concentration, is the nitrous acid concentration at equilibrium (for derivation Appendix B Equations B.2 to B.6). This approach has been reported previously by
Vione et al. (2004b). The pH-trend for OPP nitration closely mirrors the acid-base
equilibrium of nitrous acid, pointing to this as a reactive species.
NO2– + H+

Ka “

HNO2

pKa “ 3.26

rH+srNO2–s
rHNO2s

Initial rate “ k ¨

rH+srNO2–s0
Ka ` rH+s

(3.1)

(3.2)

(3.3)

Three products were identified via LC–HRMS, the ortho- and para-isomer of nitro2-phenylphenol (NO2-OPP), and one isomer of nitroso-2-phenylphenol (NO-OPP).
For the latter, the location of -NO substitution is unknown, but is assumed to
occur at the para-position since in similar experiments with BPA and dextrorphan,
where the para-position is blocked, nitrosation was not detected. Both isomers of
NO2-OPP had similar rates of formation (see Appendix B Figure B.6). Further
discussion of NO2-OPP formation is based on para-NO2-OPP, however ortho-NO2OPP appears to be formed analogously.
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Figure 3.1: A: pH trend of the initial rate of abiotic OPP elimination and NO2-OPP formation
(absolute values). Conditions: [OPP]0 = 1 mmol{L, [NaNO2]0 = 5 mmol{L. Dotted lines are
curves of the acid–base equilibrium of HNO2, fitted to the experimental data. B: Formation of
NO2-OPP and NO-OPP, characteristic of two parallel reactions. Conditions: pH 3.5, [NaNO2]0
= 5 mmol{L.

The results confirm a strong pH trend and that the rate of abiotic nitration at
higher pH (> 5) is expected to be extremely low. Furthermore, the results do not
support a mechanism in which the nitration occurs via nitrosation by nitrosonium
ion followed by an oxidation of the nitrosophenol to the nitrophenol as described
by Ridd (1991), since under conditions in which both products are formed (Figure
3.1b), the rate of NO2-OPP formation did not increase with increasing NO-OPP
concentration (i.e. an initial rate of zero for NO2-OPP was not observed). NOOPP concentrations were also stable for > 10 h after reaching equilibrium (data not
shown). This implies that NO2-OPP is, at least to a large degree, a direct product
from OPP. To confirm this, experiments were carried out using the antioxidant N acetylcysteine, which reacts with HNO2 and N2O3, and using the nitrogen radical
scavenger carboxy-PTIO.
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Impact of N -acetylcysteine and c-PTIO on OPP abiotic nitration
and nitrosation

In the presence of the antioxidant N -acetylcysteine (AcCySH), NO2-OPP was not
formed, whereas no change was observed in the formation of NO-OPP (Figure 3.2).
By LC–Orbitrap-MS, using high-resolution mass spectra, both AcCySNO and AcCySSCyAc dimer where identified in the aqueous nitrite solution, confirming that
both N2O3 and HNO2 react with AcCySH (Equations 3.4, 3.5 and 3.6), analogously to cysteine (CySH), which forms CySNO and the dimer CySSCy (Grossi and
Montevecchi, 2002). HNO2 oxidises AcCySH to AcCyS · radicals, which combine
to form the dimer AcCyS-SCyAc. N2O3 is present due to the dissociation of HNO2
in aqueous solution, (Equations 3.7 and 3.8) (Park and Lee, 1988) but reacts with
thiols. Thus, excess AcCySH eﬀectively eliminates HNO2 and N2O3.
AcCySH + HNO2

2 AcCyS ·

AcCySH + N2O3

2 HNO2

AcCyS · + NO · + H2O

(3.4)

AcCyS SCyAc

(3.5)

AcCySNO + NO2– + H+

NO · + NO2 · + H2O

NO · + NO2 ·

k`
k´

N2O3

(3.6)

(3.7)

(3.8)

Therefore, it can be suggested that HNO2 and/or N2O3 are the predominant
agents for the formation of NO2-OPP. Since the NO-OPP formation was not affected by AcCySH addition, diﬀerent processes must be involved. It can be assumed that AcCySNO leads to the formation of NO-OPP since S -nitrosothiols are
known to act as nitrosating agents of phenolic compounds (Noble and Williams,
2002). NO-OPP formed via AcCySNO appeared stable with respect to oxidation to
NO2-OPP in the presence of O2, again suggesting that a consecutive mechanism
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Figure 3.2: The eﬀect of the antioxidant AcCySH on the nitration and nitrosation of OPP;
Conditions: pH 4, [OPP]0 = 1 mmol{L, [NaNO2]0 = 5 mmol{L. Left: No addition of AcCySH.
Right: Addition of 1 µmol{L AcCySH (duplicate experiment).

OPP Ñ NO-OPP Ñ NO2-OPP does not take place. Furthermore, the product
AcCyS-OPP could also be observed by LC–Orbitrap-MS using high resolution MS
and the MS2 fragmentation spectrum (see Appendix B), which may be resulting
from radical coupling of radical · OPP and AcCyS · , suggesting the involvement of
¨OPP radicals in the reaction.
N2O3 is known not only to nitrosate thiols (Equation 3.6) but also to nitrosate
phenolic substances (Noble and Williams, 2002). N2O3 is in equilibrium with the
dissociated form (¨NO and ¨NO2, Equation 3.8), but the equilibrium favours N2O3
with k` = 1.1 ˆ 109 M´1 s´1 versus k´ = 8.1 ˆ 104 s´1 ) (Goldstein et al., 2003).
Due to the equilibrium, the impact of AcCySH is likely to be similar on both
forms. It is reported that the formation of nitrosophenol is likely caused by N2O3
rather than ¨NO reacting with phenol (Noble and Williams, 2002), however the
formation of NO-OPP through the radical coupling of ¨NO and ¨OPP radicals
cannot be excluded. A radical mechanism including radical · NO2 might also be
responsible for the formation of NO2-OPP.
To test the involvement of · NO2 and · NO, the nitration reactions were repeated
with the addition of carboxy-2-phenyl-4,4,5,5-tetramethyl-imidazolin-1-oxyl-3-oxide
(cPTIO), which is a known radical scavenger for both · NO and · NO2 (Equations
3.9, 3.10 and 3.11; (Goldstein et al., 2003)). In the presence of cPTIO the equilib-
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rium concentrations of NO-OPP and NO2-OPP are significantly reduced by 78%
and 65%, respectively, and the initial rate of NO-OPP formation is much lower
than that for NO2-OPP formation (Figure 3.3). The concentration of cPTIO was
not high enough to cause a complete inhibition of the reaction but in a further
experiment at lower OPP concentrations, a complete inhibition of NO-OPP was
observed (see Appendix B Figure B.7). Since cPTIO scavenges specifically · NO
and · NO2 radicals, this confirms that at pH 4 both · NO and · NO2 are involved
in the reactions leading to NO-OPP and NO2-OPP. N2O3 is known to react as a
nitrosating species, however the involvement of the dissociated form of N2O3 ( · NO
and · NO2 radicals) could not be excluded considering the impact of cPTIO.
cPTIO + NO ·

cPTIO + NO2 ·

cPTIO+ + NO · + H2O

cPTI + NO2 ·

(3.9)

cPTIO+ + NO2–

(3.10)

cPTIO + NO2– + 2 H+

(3.11)

Figure 3.3: The formation of NO2-OPP and NO-OPP from two experiments, Left: without cPTIO, Right: with 100 µmol{L cPTIO. Peak areas are relative to an internal standard. Conditions:
pH 4, [OPP]0 = 1 mmol{L, [NaNO2]0 = 5 mmol{L.

In summary, NO2-OPP formation was impacted when either HNO2, N2O3 or pos-
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sibly ¨OPP radicals were scavenged by AcCySH, and the involvement of · NO2 or
· NO radicals was shown by the cPTIO experiment, therefore NO2-OPP should be
formed by a radical reaction. Since it is not formed via oxidation of NO-OPP, these
experiments support a two-step mechanism in which NO2-OPP is being formed by
oxidation of OPP by HNO2, followed by reaction of ¨OPP with · NO2 radical to
form the nitrophenol, shown by Equations 3.1, 3.7 and 3.8 and Figure 3.4, as described by Beake et al. (1994) for the nitration of para-methoxyphenol by HNO2.
· NO2 radicals, although being present at a low concentration, would be constantly
replenished due to the equilibrium in Equation 3.8.

Figure 3.4: Postulated mechanism for the nitration and nitrosation of OPP.

3.3.3

Kinetics and mechanism of OPP nitration

At conditions typical for a German WWTP, (WWTP 1, see Section 3.3.6) i.e. neutral pH and nitrite concentrations below 1 mg{L NO2–-N in the biological wastewater
treatment stage, the nitration of phenolic compounds should be extremely low following the abiotic mechanism suggested above. Only when technical problems at
WWTPs lead to a drop of pH or an accumulation of nitrite (Randall and Buth,
1984) might an appreciable formation of NO-OPP or NO2-OPP occur. In order
to predict the potential of NO2-OPP formation, a model was developed based on
kinetic studies at diﬀerent pH and nitrite concentrations.
The reaction order determined by the method of initial slopes (Atkins and de Paula,
2002) indicated that at pH 4 the rates of para- and ortho-NO2-OPP formation
were first order with respect to HNO2 and half order with respect to OPP (Fig-
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ure 3.5. The fractional order of 1/2 with respect to OPP is an indication that
a dissociation is taking place (Houston, 2006), e.g., formation of · OPP radicals
by HNO2. This would also account for the first order dependence on HNO2. In
a separate experiment, the rate of HNO2 elimination was found to be second order in HNO2 (Figure 3.6a). Assuming that the reaction of OPP with nitrous
acid (HNO2 + PhPhOH
PhPhO · + NO · + H2O) is the rate-limiting step,
the following rate laws can be described based on NO2-OPP formation and HNO2
elimination (Equations 3.12 and 3.13).
drNO2 OPPs
“ k1 rHNO2srOPPs1{2
dt
´

1 drHNO2s
“ k2 rHNO2s2
2
dt

(3.12)

(3.13)

Figure 3.5: Correlation of the initial rate of NO2-OPP formation with changing initial concentrations of reactive species (from the method of initial slopes). Left: Rate of NO2-OPP formation
with respect to OPP concentration. Conditions: pH 4, 22 ˝C, [NaNO2]0 = 9 mmol{L, [OPP]0 =
p0.6 to 1.5q mmol{L. Right: Rate of NO2-OPP formation with respect to HNO2 concentration.
Conditions: pH 4, 22 ˝C, [NaNO2]0 = p0.8 to 2.5q mmol{L, [OPP]0 = 1 mmol{L.

The rate constant k2 is the slope of the reciprocal nitrous acid concentration over
time (Figure 3.6a). Integration of Equation 3.13 and solving for [HNO2] gives
Equation 3.14.
ˆ
rHNO2s “ 2k2 t `

1
rHNO2s0

˙´1

(3.14)
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Figure 3.6: A: Plot of reciprocal nitrous acid concentration as a function of time. The second
order rate constant 2k2 is the slope, 0.31 L{s ¨ mol. B: Estimated NO2-OPP concentration using
Equation 3.15 (dotted line) versus experimental results. Conditions: pH 4, [OPP]0 = 1 mmol{L,
[NaNO2]0 = 5 mmol{L.

If the OPP concentration is high compared to HNO2 and/or conversion to NO2OPP remains low, then [OPP] can be approximated by [OPP]0 . Substituting
Equation 3.14 into Equation 3.12 and integrating gives Equation 3.15.
rNO2 OPPs “

k1

a
rOPPs0
ln p2k2 trHNO2s0 ` 1q
2k2

(3.15)

The rate constant k1 (2.5 ˆ 10´4 L0.5 mol´0.5 s´1 ) was found by fitting the calculated concentration to the experimental results of Figure 3.5. Equation 3.15 was
tested by carrying out an experiment at a longer duration and was found to accurately model the experimentally determined concentrations of NO2-OPP (Figure
3.6b).
The developed model enables the calculation of the NO2-OPP concentrations
formed in the incubation experiments by the reaction of OPP with HNO2/ · NO2
radicals. As other wastewater constituents (e.g. further phenolic compounds)
are probably also reacting with HNO2/ · NO2 this model allows prediction of the
upper limit of formation (maximum concentration). For instance, at pH 7, a
maximum concentration of NO2-OPP of 1 ng{L is predicted after 6 h for 1 µg{L
OPP and 1 mg{L NO2–-N. However, if the nitrite concentration is increased to
20 mg{L NO2–-N and the pH reduced to 6.5, a maximum of 80 ng{L NO2-OPP is
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predicted to be formed under this idealised case where only OPP is reacting with
HNO2. During certain treatment processes, such as the Sharon–Anammox for nitrification of digester eﬄuents, nitrite concentration reaches 600 mg{L NO2–-N (van
Dongen et al., 2001). In another example, ammonium oxidation in urine wastewater has been observed at pH 4 and it is reported that at this acidic pH, nitrite
oxidation is a chemical process resulting from the same decomposition reaction
of nitrous acid that leads to the formation of · NO2 radicals (Udert et al., 2005).
Under such extreme conditions (low pH, elevated nitrite concentration), higher
concentrations of nitrophenolic transformation products are expected.
3.3.4

Uncontrolled nitration of phenolic substances during sample storage

Freezing of neutral (pH 7) water samples containing nitrite (0.6 mg{L) and phenolic compounds (1 µg{L BPA and OPP) led to formation of NO2-OPP, NO2-BPA
and dinitro-BPA (Figure 3.7). The extent of nitration was similar to an acidified
sample, where a significant formation of NO2-OPP (> 100 ng{L) can be estimated from Equation 3.15. Storage at 4 ˝C did not cause the artificial formation
of nitrophenolic compounds (Figure 3.7). An explanation could be found in publications reporting a shift to lower pH values when freezing buﬀered solutions
(Sundaramurthi et al., 2010; Goyal and Hafez, 1995). Thus, freezing is an inappropriate storage method for samples to be analysed for phenolic compounds if
nitrite is present. Sample storage should occur at 4 ˝C instead.
3.3.5

Incubation experiments with activated sludge

In activated sludge from a municipal WWTP, the formation of nitrophenolic compounds cannot reach the maximum concentration estimated by the kinetic studies,
since it i) contains microorganisms enabling an additional biotic transformation of
the phenolic compounds and ii) it contains several components that are also able
to react with HNO2 or · NO2. Dissipation of phenolic compounds and the formation of nitrophenolic substances were monitored in incubation experiments with
diluted nitrifying activated sludge under varying conditions (pH and nitrite). In
addition to OPP, bisphenol A and dextrorphan were spiked to investigate whether
the OPP results can be transferred to further phenolic substances.

58

CHAPTER 3. NITRATION OF PHENOLIC MICROPOLLUTANTS

Figure 3.7: Nitrophenol formation resulting from sample storage or preparation: Incubation
experiments in pH 7 buﬀered water were spiked with 1 µg{L BPA and OPP, and varying nitrite
concentrations: A–C: 0.6, D: 2.4 mg{L NO2–-N.

In incubation experiments without alteration of the pH and without artificial addition of nitrite or ammonium, the concentrations of BPA and OPP decreased
rapidly, while dextrorphan was found to be more recalcitrant as its concentration
remained mainly constant (Figure 3.8a). No evidence of nitrophenol formation
from any of these three phenolic substances was found. The elimination of BPA
and OPP under these conditions is attributed predominantly to biotic transformation processes, as shown below.

To rule out the possibility that other processes associated with ammonium oxidation (e.g. build-up of peroxynitrite) were causing a significant nitration, as
found by Chiron et al. (2010), the experiment was repeated with an increased
ammonium concentration of 240 mg{L NH4+-N. During 4 days, in which the system was continually purged with air, it caused nitrate concentrations to increase
from 9 mg{L to 76 mg{L NO3–-N while the ammonium concentration decreased to
210 mg{L NH4+-N. The formation of nitrophenolic compounds was not detected in
this experiment.
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Figure 3.8: (a) Concentration of phenolic parent compounds in an incubation experiment: c0
= 200 µg{L. Conditions: activated sludge (0.2 g{L sludge), pH 7.2 to 7.5. (b) Stability of
nitrophenols to biodegradation. Conditions: activated sludge (0.2 g{L sludge), pH 7.2 to 7.5,
dinitro-BPA and NO2-OPP, c0 = 200 µg{L. (c) Formation of nitrophenols in activated sludge.
Conditions: activated sludge (0.2 g{L sludge), pH 3.3, 4.2 mg{L NO2–-N.

TPs formed under neutral pH conditions

Via their MS2 fragmentation patterns using LC–QToF-MS, several TPs could be
identified (Figure 3.9), giving insights into the relevant transformation or degradation pathways of these compounds in nitrifying activated sludge.
The TP hydroxy-OPP was formed in the incubation experiments containing activated sludge described above and was itself eliminated, suggesting the degradation
of OPP proceeds via this catechol intermediate in activated sludge. This OPP-TP
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Figure 3.9: Biotic transformation products observed from BPA, OPP and dextrorphan.
identified in enrichment culture studies (Kohler et al., 1988; Ike et al., 2000).

a

TPs

was previously reported to be formed by a soil bacterium and is the substrate for
an oxidative meta cleavage leading to degradation of OPP (Kohler et al., 1988).
In the case of BPA, the presence of hydroxy-BPA (1,2-bis(4-hydroxyphenyl)-1propanol) was identified by LC-QToF-MS as an intermediate species. Fragmentation spectra of this TP suggest a structure that is formed via rearrangement
of the quaternary carbon centre of BPA (see Appendix B). Ike et al. (2000) detected this TP in sludge enrichment cultures degrading BPA (concentrations of
100 mg{L), but it was further degraded to benzoic acid derivatives. Detection of
the TPs of OPP and BPA in samples of the incubation experiments of the current
study confirms the relevance of these degradation pathways in mixed cultures from
municipal WWTPs at substrate concentrations of 200 µg{L. Although the concentration of dextrorphan remained relatively constant (« 10% elimination), several
hydroxylated dextrorphan-TPs were identified in small concentrations. In total
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four isomers of hydroxy-dextrorphan TPs were identified with similar MS2 spectra, possibly due to the formation of diastereomeric pairs from the chiral precursor.
Due to the low proportion of dextrorphan conversion, an isolation of TPs for structure confirmation was impossible. In addition, sulfate conjugation products of all
three phenols were detected. Sulfo-OPP was quickly eliminated, while the others
persisted in the incubation experiment. Sulfate conjugation is discussed below in
more detail. The characterisation of TPs by MS2 is described in Appendix B.
Incubation experiments were also conducted with the nitrophenolic TPs of OPP
and BPA, to test their stability towards (bio)degradation in activated sludge.
NO2-OPP and dinitro-BPA were transformed in the experiments during the 6day period to approximately 50% and 80%, respectively (Figure 3.8b). For both
nitrophenols the phenolic hydroxyl group was conjugated with sulfate (-SO3, Figure 3.9). Further TPs were not observed.
The sulfate conjugation seems to be a very common microbial process occurring in
activated sludge from biological wastewater treatment with a wide substrate spectrum. Sulfate conjugation (sulfurylation) is a widely occurring biological process
in cells. It has various functions including detoxification of xenobiotic substances
(Malojčić and Glockshuber, 2010). Sulfurylation of estrogens has previously been
observed by mixed bacterial cultures from activated sludge (Khunjar et al., 2011).
Further studies have reported these sulfate conjugates can also be de-conjugated
in sludge with resulting release of estrogens (Kumar et al., 2012), an indication of
the reversibility of this type of transformation.

Formation of nitrophenols in activated sludge

In an activated sludge medium, a rapid formation of nitrophenols from the three
precursor phenols was observed under acidic conditions (pH 3.3 to 3.5). Figure 3.8c
shows the formation of nitrophenols measured over time. The formation of NOOPP was also observed. However it was no longer detected in samples after 6 h, no
TPs of NO-OPP could be detected. After 50 h of incubation, nitrite was no longer
present and the formation of nitrophenols had slowed down or stopped.
In incubation experiments with activated sludge the formation of NO2-OPP was
quantified at varying pH (3.3 to 7.0). Using the initial nitrite and OPP con-
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centration and pH, the predicted maximal formation of NO2-OPP was calculated
with Equation 3.15. Only around 10% of the predicted maximum concentrations
were detected in the incubation with activated sludge (Table 3.2), since HNO2 and
· NO2 are probably reacting with other sludge constituents (DOC of the sludge
« 10 mg{L). Therefore, it can be concluded that the nitration process with HNO2
can be neglected in contact with activated sludge. Other processes leading to
nitro-phenolic TPs could not be observed, neither with elevated ammonium nor
with elevated nitrite concentrations. Thus, the formation of significant levels of
nitrophenolic TPs from BPA, OPP and dextrorphan can be ruled out in incubation experiments with activated sludge at the conditions expected at the WWTPs
in this study. It seems very unlikely that nitrophenolic substances are formed in
biological wastewater treatment.
Table 3.2: Quantification of NO2-OPP formed in incubation experiments with activated sludge.

Incubation
experimenta

pH

[HNO2]0

1
2
3
4
5

3.3
3.6
3.9
4.2
7

1.50 ˆ 10´4
7.03 ˆ 10´5
4.50 ˆ 10´5
2.35 ˆ 10´5
1.54 ˆ 10´9

[OPP]0

b

6.8 ˆ 10´7
9.72 ˆ 10´7
8.22 ˆ 10´7
8.58 ˆ 10´7
7.69 ˆ 10´7

[NO2-OPP]
after 5 h

NO2-OPP detected
compared to modelingc

3.7 ˆ 10´8
2.0 ˆ 10´8
8.9 ˆ 10´9
3.2 ˆ 10´9
n.d.

8%
9%
9%
6%
–

a
Conditions: activated sludge (experiment 1: 0.2 g{L sludge, experiments 2–5: 4 g{L sludge),
nitrite addition: experiments 1–4: 3 mg{L NO2–-N, experiment 5: no nitrite addition, c0 =
0.6 mg{L NO2–-N.
b
[OPP]0 < [HNO2]0 , however due to low conversion, OPP concentration can be treated as
constant.
c
Theoretical formation according to Equation 3.15.
n.d.: not detected.

3.3.6

Analysis of wastewater for the presence of nitrophenolic TPs

The concentrations of three nitrophenolic substances, NO2-OPP, dinitro-BPA, and
NO2-dextrorphan, and their precursors (OPP, BPA, dextrorphan) were analysed
in wastewater samples from two German WWTPs. Flow-proportional composite
samples were taken from the influent and the final eﬄuent over a 24 h period.
Concentrations of OPP and BPA decreased from the low µg{L range before the
activated sludge reactor to the low ng{L range in the WWTP eﬄuent in both
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sites studied (Table 3.3). The removal of these compounds is mainly caused by
biodegradation as sorption to sludge is negligible (Zhao et al., 2008; Zheng et al.,
2011). Several TPs detected in incubation experiments, hydroxylated-OPP, sulfoOPP and sulfo-BPA (Figure 3.9) were also identified by LC–tandem MS in raw
wastewater and WWTP eﬄuents, suggesting that transformation processes identified in incubation experiments may also be occurring during drainage and wastewater treatment. For TP identification, quadrupole-tandem MS in MRM mode was
used with characteristic MS2 fragments for each TP (See Supplementary Data for
MS2 spectra). However, it was impossible to quantify these TPs due to the lack of
authentic standards. Nitrophenolic TPs of OPP, dextrorphan and BPA were not
detected in WWTP eﬄuents as shown in Table 3.3. Only NO2-OPP was detected
in raw wastewater with 2.3 ng{L at WWTP 1 and was not found in the WWTP
eﬄuent. It can be assumed that NO2-OPP originated from sources other than biological wastewater treatment. For instance, if favourable conditions in the sewer
system were present, e.g., a local acidification, this could lead to a nitration of
OPP. Alternatively, UV radiation can also promote OPP nitration (Suzuki et al.,
1990). This could occur during surface run-oﬀ before entering the sewer system.
The slight increase of the dextrorphan concentrations, e.g., from p5 to 15q ng{L
in WWTP 2, might be caused by the hydrolysis of O-glucuronide conjugates as
suggested by Thurman and Ferrer (2012), who detected dextrorphan in WWTP
eﬄuent and a US river. O-Demethylation of dextromethorphan, the prodrug of
dextrorphan, during treatment would also lead to dextrorphan formation.
These results underline the prediction that NO2-OPP and dinitro-BPA are not
formed in appreciable concentrations during biological wastewater treatment. According to a prediction of NO2-OPP concentrations using Equation 3.15 for the
conditions found in WWTP 1, taking into consideration the influence of the sludge
matrix, not more than 0.1 ng{L NO2-OPP would be expected. Thus, these concentrations would be far below the quantification limits of the method (see Section 3.2
and Appendix B for details). It might be possible that the formation of dinitroBPA (p1.9 to 3.7q ng{L) reported by Sun et al. (2012) and of nitro-acetaminophen
(p180 to 320q ng{L) reported by Chiron et al. (2010) might be caused by diﬀerent
treatment processes, such as the formation of peroxynitrite. However, in our study
no indication for the peroxynitrite mechanism was found. Nitro-acetaminophen
was included in the analytical method described above and acetaminophen was
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Table 3.3: Concentrations of parent phenols and nitrophenols detected in two German WWTPs
[ng/L].ab

OPP
NO2-OPP
BPA
Dinitro-BPA
Dextrorphan
NO2-dextrorphanc

WWTP 1
influent

WWTP 1
eﬄuent

WWTP 2
influent

WWTP 2
eﬄuent

1660
2.3
6000d
< LOQ (2)
4
n.d.

12
< LOQ (2)
100
< LOQ (1)
39
n.d.

1590
< LOQ (2)
1170
< LOQ (2)
5
n.d.

30
< LOQ (2)
19
< LOQ (2)
15
n.d.

Samples before and after the primary clarifier gave similar concentrations
so only the latter is given.
b
LOQs are given in brackets.
c
Due to a lack of an authentic standard no LOQ could be determined.
n.d.: not detected.
d
Concentration out of range for standard addition, estimated by matrixmatched calibration curve.
a

also spiked into a neutral incubation experiment (Table 3.2, experiment 5). Neither
in incubation experiments, nor in raw wastewater or WWTP eﬄuents was nitroacetaminophen found despite acetaminophen being permanently present in the raw
wastewater.

3.4

Conclusions

The transformation processes of three model phenolic micropollutants, bisphenol A
(BPA), ortho-phenylphenol (OPP) and dextrorphan, during wastewater treatment
has been studied with emphasis on the role of abiotic nitration. It was found that
the reaction leading to nitro-phenols is most likely due to the formation of radicals
from nitrous acid.
Kinetic studies under idealised conditions revealed that a significant nitrophenolic TP formation can only be expected in cases of nitrite build-up and/or pH
reduction.
• Incubation experiments with activated sludge indicated that a significant
formation of nitrophenols could be ruled out under typical conditions at the
WWTPs included in this study, i.e. neutral pH and low nitrite concentration.
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• Since nitrophenols are immediately formed under acidic conditions as well as
during freezing or thawing of aqueous samples containing nitrite, such conditions have been avoided to prevent an artificial formation of nitrophenolic
TPs during sample preparation.
• In incubation experiments under neutral conditions, the transformation of
OPP, BPA and dextrorphan was observed via biotic pathways including hydroxylation and sulfurylation.
• In accordance with the laboratory experiments, the formation of nitrophenolic TPs was not observed in WWTPs. Previous findings reporting the contrary may be the result of processes specific to those sites studied.
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Chapter 4

Transformation of diclofenac in
hybrid biofilm–activated sludge
processes
Kevin S. Jewell, Per Falås, Arne Wick, Adriano Joss,
Thomas A. Ternes. 2016. Water Research 105, pp. 559–567.

Abstract
The biotransformation of diclofenac during wastewater treatment was investigated. Attached growth biomass from a carrier-filled compartment of a hybridMBBR at the wastewater treatment plant (WWTP) in Bad Ragaz, Switzerland
was used to test the biotransformation. Laboratory-scale incubation experiments
were performed with diclofenac and carriers and high-resolution LC–QToF-MS
was implemented to monitor the biotransformation. Up to 20 diclofenac transformation products (TPs) were detected. Tentative structures were proposed for
16 of the TPs after characterisation by MS2 fragmentation and/or inferring the
structure from the transformation pathway and the molecular formula given by the
high resolution ionic mass. The remaining four TPs were unambiguously identified via analytical reference standards. The postulated reactions forming the TPs
were: hydroxylation, decarboxylation, oxidation, amide formation, ring-opening
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and reductive dechlorination. Incubation experiments of individual TPs, those
which were available as reference standards, provided a deeper look into the transformation pathways. It was found that the transformation consists of four main
pathways but no pathway accounted for a clear majority of the transformation.
A 10-day monitoring campaign of the full-scale plant confirmed an 88% removal
of diclofenac (from approximately 1.6 µg{L in WWTP influent) and the formation of TPs as found in the laboratory was observed. One of the TPs, N -(2,6dichlorophenyl)-2-indolinone was detected at concentrations of around 0.25 µg{L
in WWTP eﬄuent, accounting for 16% of the influent diclofenac concentration.
The biotransformation of carriers was compared to a second WWTP not utilising
carriers. It was found that in contact with activated sludge, similar hydroxylation
and decarboxylation reactions occurred but at much slower rates, whereas some reactions, e.g., reductive dechlorination, were not detected at all. Finally, incubation
experiments were performed with attached growth biomass from a third WWTP
with a similar process configuration to Bad Ragaz WWTP. A similarly eﬀective
removal of diclofenac was found with a similar presence of TPs.

4.1

Introduction

The non-steroidal anti-inflammatory diclofenac (DCF) belongs to the group of
chemicals of emerging concern (CECs) and has an elevated environmental relevance. In addition to the well-known toxic eﬀects of DCF to vultures (Oaks et al.,
2004), renal and hepatic toxicity has also been recorded in certain fish species at
concentrations in the low µg{L range (Fent et al., 2006; Triebskorn et al., 2004).
As a consequence of its environmental significance, DCF has been included in the
Watch List, which contains the candidates for a revised list of priority substances
for the European Water Framework Directive (WFD, European Parliament and
Council of the European Union (2013)). The well-documented ecotoxicological effects of DCF have resulted in the proposal of a relatively low environmental quality
standard (EQS) of 0.1 µg{L as an annual average for inland surface waters (The
European Commision, 2012).
It is well known that DCF is mainly discharged into the aquatic environment
via WWTPs (Luo et al., 2014). A review by Verlicchi et al. (2012), of mainly
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European wastewater studies, reported a median concentration in raw wastewater
of 0.7 µg{L with a maximum concentration of 11 µg{L. Conventional activated
sludge treatment is usually rather ineﬀective for the removal of DCF with a median
removal range of 20% to 30% (Zhang et al., 2008). As a consequence, an exceedance
of the EQS in surface waters is likely if the proportion of treated wastewater is
higher than 10%. This has already been observed in European surface waters
(Patrolecco et al., 2015; Nödler et al., 2010). Therefore, going forward, an overall
improvement of municipal wastewater treatment would be crucial to fulfil the
requirements of the revised WFD. It is noted that this applies not only to DCF
but a whole range of CECs, both known and unknown, which are emitted into
receiving waters due to inadequate removal.
Although a low median removal for DCF is reported, there are cases where biological treatment is able to remove this CEC. The WWTP in Bad Ragaz, Switzerland, has previously been shown to be eﬀective at removing DCF and other, typically poorly biodegradable CECs, including trimethoprim. In addition to a conventional nitrifying/denitrifying suspended sludge treatment stage, the WWTP is
equipped with a third biological compartment filled with carrier-attached biofilms
(hybrid-moving bed biofilm reactor, MBBR). The carriers are small plastic disks
with a mesh structure to provide a high surface area to support biofilm growth.
In the previous study, the removal of DCF was attributed to biological degradation by contact with the carrier biomass, while sorption was negligible (Falås
et al., 2013). MBBRs have been studied with respect to the degradation of various CECs (Hapeshi et al., 2013; Escolà Casas et al., 2015) and an improved DCF
removal of MBBRs over suspended sludge was also observed in laboratory-scale
reactors (Zupanc et al., 2013). However, the transformation pathway of DCF and
the transformation products (TPs) which may be formed are still unknown.
One main focus of current research in the area of CECs is the elucidation of TPs
during biological wastewater treatment, since this provides useful clues to elucidate i) transformation processes (Quintana et al., 2005) and ii) potential formation
of stable TPs, which might pose ecotoxicological eﬀects even after a complete
removal of the parent CEC (Escher and Fenner, 2011). Several studies have previously investigated the transformation of DCF in municipal WWTPs (Vieno and
Sillanpää, 2014). Hitherto identified TPs include nitro- and nitroso-derivatives
of DCF (Pérez and Barceló, 2008), an indolinone derivative resulting from in-
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tramolecular ring closure (DCF-lactam) (Kosjek et al., 2009) and the hydroxylated
derivative of DCF-lactam (Bouju et al., 2016). Studies with soil/sediment systems
have found 41 -hydroxy-DCF (4HD), 5-hydroxy-DCF (5HD) and a 5HD derivative,
5HD-quinone imine (5HDQI) (Gröning et al., 2007). Another study dealing with
the fate of DCF in soil identified the formation of 5HD and several isomers of
dichlorobenzoic acid (Dodgen et al., 2014). The principal human metabolites of
DCF are 4HD and 5HD (Stierlin et al., 1979). HDQIs are also known metabolites
(Poon et al., 2001) as well as the acyl glucuronide conjugate of DCF (Seitz and
Boelsterli, 1998). A study of mouse metabolism found numerous metabolites of
DCF including hydroxylated DCF, the aforementioned lactam, a benzoic acid derivative resulting from decarboxylation and subsequent oxidation (DCF-BA) also
referred to as DCF-carboxylic acid, as well as several diﬀerent conjugates of these
metabolites (Sarda et al., 2012).
The transformation pathways in biological wastewater treatment reported thus far
stop mostly at the level of primary TPs (direct TPs of DCF) and do not include
secondary or tertiary TPs, although the biodegradability of some primary TPs is
already known (Lee et al., 2012). The slow and incomplete transformation of DCF
poses a challenge to identify TPs, since long incubation periods are needed and the
TP concentrations are rather low. Due to major diﬀerences in the reported DCF
transformation pathways (Gröning et al., 2007; Kosjek et al., 2009), the question
arises whether parts of the transformation pathway are specific to the system
studied or can be generalised across all types of microbial degradation.
In this study, we investigated the biotransformation of DCF in two hybrid-MBBR
systems in Bad Ragaz, Switzerland and Klippan, Sweden. Specifically, the study
looked at whether special primary degradation reactions were responsible for the
high degradability of DCF and if these treatment processes were capable of degrading primary TPs as well as DCF. The aims were to i) identify TPs and transformation pathways ii) measure the formation of any formed TPs in full-scale
WWTPs and iii) compare the hybrid-MBBRs to conventional activated sludge
systems without carriers. To model the full-scale WWTPs, laboratory-scale bioreactors were inoculated with biomass from the hybrid-MBBRs and activated sludgebased WWTPs. High-resolution mass spectrometry was employed to identify TPs
and monitor transformation kinetics.
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Methods
Chemicals

Diclofenac (DCF) was purchased from Sigma Aldrich and diclofenac-d4 (CAS:
153466-65-0) was purchased from Dr. Ehrenstorfer (Teddington, UK). DCF transformation products (TPs) 4HD (41 -hydroxy-DCF, CAS: 64118-84-9), 5HD (5hydroxy-DCF, CAS: 69002-84-2), DCF-lactam (N -(2,6-dichlorophenyl)-2-indolinone,
CAS: 15362-40-0) and DCF-BA (DCF-Benzoic Acid, CAS: 13625-57-5) were purchased from TRC (Toronto, Canada). All chemical standards were > 95% purity
grade. Acetonitrile (LC-MS grade) was received from Merck (Darmstadt, Germany) and water was prepared with a Milli-Q system (Merck Millipore).
4.2.2

Wastewater treatment plants

The municipal WWTP in Bad Ragaz (WWTP-BR) has 25 500 PE (person equivalents) connected and an average influent load of 3200 m3 {d. The WWTP is
equipped with a biological activated sludge treatment stage, which is separated
into a series of three compartments by low walls, i.e., cascades. The first compartment is a denitrifying compartment and the second is aerobic (2 mg/L O2 ). In
both compartments the biomass is suspended in sludge flocs. The third compartment is the nitrifying stage with a higher aeration rate (3 mg/L O2 ). It contains
carriers (Biofilm Chip M, AnoxKaldnes, 35% filling ratio, « 420 m2 {m3 ) for biofilm
growth (hybrid-moving bed biofilm reactor, MBBR). The carriers are retained in
the third compartment by a screen. A recirculation of roughly 0.7 parts (ratio to
influent) takes place from the 3rd to the 1st compartment.
In addition to the Bad Ragaz WWTP, two further WWTPs were studied. Both
WWTPs were sampled to provide inoculant for batch experiments. One is located
in Klippan, Sweden (WWTP-KL), with 13 000 PE connected and has a similar
configuration to WWTP-BR (hybrid-MBBR). In one of its treatment lines, two
denitrifying compartments are followed by an aerobic compartment with 2 mg{L
O2 . All three are activated sludge compartments without carriers. These are
followed by a forth compartment (nitrifying) with 3 mg{L O2 containing carriers
(Biofilm Chip M, 40% filling ratio, « 480 m2 {m3 ) for biofilm growth. The third
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WWTP is located in Koblenz, Germany (WWTP-KO), with 220 000 PE connected and an average load of 61 000 m3 {d. This plant has denitrifying, followed by
nitrifying (1.5 mg{L O2 , 4 g{L) suspended sludge compartments but does not make
use of carriers in any stage of the treatment.

4.2.3

Aerobic laboratory incubation experiments

Incubation experiments in batch mode up to two weeks in duration were conducted
in bench-top vessels using either biofilms on carriers from WWTP-BR or WWTPKL or, for comparison, activated sludge from WWTP-KO as inoculant. In these
experiments 400 mL of WWTP eﬄuent (from WWTP-KO) was inoculated with
carriers from WWTP-BR to a concentration of 35 carriers/L (« 300 m2 {m3 , 2.2 g{L
total biomass). Carriers were sampled from WWTP-BR on 2nd March, 18th May
and 9th July 2015. The experiments were started a day after sampling due to
transport time. After inoculation of the reactors the system was equilibrated for at
least 3 h, after which DCF was spiked to concentrations of 5 µg{L or 200 µg{L and
DCF-TPs were spiked to individual reactors to concentrations of 200 µg{L. The
experiments with low DCF spike concentrations were conducted in triplicate. The
other experiments were run at least as duplicates. During the incubation period,
the vessels were constantly stirred and purged with air (flow rate: 50 mL{min). To
maintain a constant pH, either by CO2 added to the purge air mixture (« 1:1000) or
NaOH solution (1 mol{L) was added drop-wise. Water samples of 2 mL were taken
at defined intervals (for 200 µg{L spike: at the start, after 2 h and 1 d and then
approximately every 2 d; for 5 µg{L spike: approximately every 3 h for the first day
and then every 3 d). After sampling, the water samples were immediately filtered
(0.45 µm regenerated cellulose, Whatman) and then frozen at ´25 ˝C. In a previous
study, sorption of DCF to this filter material was investigated and was observed
to be low, « 8% (Hebig et al., 2014). Sorption of DCF (pKa = 4.15 (Sangster,
1997)) to sludge or biomass was estimated based on distribution coeﬃcients for
activated sludge, Kd « 0.03 L{g (Stevens-Garmon et al., 2011; Fernandez-Fontaina
et al., 2014) and was likely to be small, § 6% (Schwarzenbach et al., 2005).
Experiments with activated sludge from WWTP-KO were conducted in parallel
under exactly the same conditions as those with carriers from WWTP-BR. Sludge
was taken from the nitrifying reactor of WWTP-KO and diluted by a factor of
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two with eﬄuent from WWTP-KO (final sludge concentration 1.6 g{L). Incubation
experiments in batch mode with carriers from WWTP-KL were conducted in 6 L
vessels using 62.5 carriers/L (« 525 m2 {m3 ) and WWTP eﬄuent as the liquid phase
(4.75 g{L total biomass). These were also aerated to maintain oxic conditions.
DCF was spiked to 1 µg{L. Samples were taken at defined intervals (every 2 h)
during an incubation time of 24 h. The water samples from all experiments were
analysed without further sample preparation (i.e., direct injection) by LC–QToFMS as described in Section 4.2.5.

Determination of carrier-attached biomass and suspended sludge concentration

To determine the amount of carrier biomass, 5 replicates each of 5 carriers were
dried overnight at 105 ˝C then weighed. The carriers were then soaked in 2 mol{L
HCl overnight, cleaned with sonication, stirring and scrubbing, twice with 2 mol{L
HCl, twice with detergent and three times with Milli-Q water over the course of
several days (including overnight soaking periods). Finally, the cleaned carriers
were again dried overnight and weighed again. To determine the suspended sludge
concentration, WWTP sludge (25 mL) was filtered onto dried and pre-weighed
glass fiber filters (GF6, Whatman) followed by overnight drying at 105 ˝C and
finally weighed (5 replicates).

4.2.4

Monitoring campaign at WWTP Bad Ragaz and WWTP Koblenz

Flow-proportional composite samples of WWTP influent and eﬄuent during 10
consecutive 24 h periods as well as grab samples of each reactor compartment were
taken in July 2015 from WWTP-BR. During collection the samples were refrigerated at 4 ˝C in automated sample collectors. After collection was complete the
composite samples were filtered (0.45 µm regenerated cellulose, Whatman) and
stored at ´25 ˝C. PP and PE plastics used in sampling and storage have been
reported to not significantly sorb DCF (Hebig et al., 2014). As was the case
for the batch experiments, sorption of DCF to reactor biomass was calculated
to be low (15% based on carrier biomass and suspended sludge concentrations of
4.7 g{L and 1.2 g{L (Falås et al., 2013)) and not significant for removal (see section
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4.2.5). Most DCF-TPs contain similar structural moieties and have lower chromatographic retention times than DCF indicating they should have similar or lower
sorbed fractions. TPs such as DCF-lactam, which do not have a carboxylic acid
moiety show slightly higher sorption, this was tested in a batch experiment with
sterilised sludge. Water samples were analysed for the presence of DCF and DCFTPs without further preparation by LC–QToF-MS as described in Section 4.2.5.
During the sampling period there were no major rain events. The average hydraulic load was p2800 ˘ 300q m3 {d with a hydraulic retention time (HRT) of 16 h
for the whole system. The sludge age was 5 d, the average water temperature
21 ˝C and the ammonium removal was > 99%. For WWTP-KO, time-proportional
composite samples of WWTP influent and eﬄuent were taken on 2 consecutive 3 d
(72 h) periods in December 2015. These were prepared and analysed analogously
to the monitoring campaign at WWTP-BR.
4.2.5

Analytical methods

Analysis was conducted with a high-resolution LC–QToF-MS system (HPLC: Agilent 1260 series, MS: Sciex 5600 TripleTOF). The HPLC consisted of a degasser, a
binary pump to provide the gradient mobile phase flow, a second pump to provide
an isocratic flow to the MS while the divert valve was in use, an autosampler with a
refrigerated vial tray and a column oven. The HPLC was equipped with a Zorbax
Eclipse Plus C18 column (150 mm ˆ 2.1 mm, 3.5 µm, Agilent Technologies). The
chromatographic method used a gradient elution with water and acetonitrile both
with 0.1% formic acid buﬀer. The HPLC was coupled to the MS via electrospray ionisation (DuoSpray Source, Sciex). Data was acquired in both positive and
negative ionisation modes, separate injections were used for each mode. The instrument was automatically recalibrated every 2.5 h using an automated calibrant
delivery system (CDS) which injected a calibration solution into the MS via the
APCI probe of the DuoSpray source. A divert valve was used to divert the first
1.5 minutes and the last 7 minutes of each chromatographic run to the waste. MS
scans in each scan cycle included one full scan of p100 to 1200q u and eight datadependant MS2 scans, which were product ion scans of the most intense peaks from
the full scan (mass range of 30 u to mass of the precursor ion). An exclusion list
was used to avoid acquiring MS2 scans of background signals and a precursor mass
list was used to ensure that MS2 scans of known TPs were acquired. Further details
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of the chromatography and acquisition method can be found in Schlüsener et al.
(2015) and Nürenberg et al. (2015). For analysis of the high-resolution MS data,
PeakView and MasterView software were used for the identification and structural
characterisation of TPs and MultiQuant software was used to obtain peak areas
(all provided by Sciex). Data was analysed and presented using R (R Core Team,
2015) and the ggplot2 package (Wickham, 2009). For compounds with available
standards, MultiQuant was used for quantification. These were DCF and the TPs
4HD, DCF-lactam and DCF-BA. The concentration of the TP 5HD was estimated
based on the calibration of 4HD. DCF-d4 was used as an internal standard (2 µg{L)
and the linear calibration ranged from p5 to 5000q ng{L. Recoveries and LOQs for
the method are provided in Table 4.1. The degradation of DCF removal during
the incubation experiments was modelled by pseudo-first-order kinetics according
to Schwarzenbach et al. (2005) (Equation 4.1).
dCDCF
“ ´kbiol CDCF XSS
dt

(4.1)

Where kbiol is the first-order rate constant in L{pg dq (g biomass or suspended
sludge), CDCF is the DCF concentration in µg{L and XSS is the carrier-attached
biomass concentration or suspended sludge concentration in g{L. A simplified
model of a completely stirred tank reactor was used to estimate residual fraction
of DCF (Sout {SW W ) in a full-scale reactor assuming negligible removal due to
sorption (Equation 4.2), (Joss et al., 2006), where ✓h is the hydraulic retention
time (HRT) of the reactor. The removal of DCF due to excess sludge production
was previously modelled by Falås et al. (2013) for WWTP-BR and found to be
not significant.
Sout
1
“
SW W
1 ` kbiol XSS ✓h

(4.2)

Table 4.1: Recoveries and LOQs for the analysis method for DCF and TPs in wastewater samples

Recovery influent
Recovery eﬄuent
LOQ (ng/L)

DCF

4HD

DCF-lactam

DCF-BA

107% ˘ 4%
115% ˘ 4%

73% ˘ 3%
93% ˘ 5%

114% ˘ 6%
125% ˘ 5%

114% ˘ 2%
117% ˘ 4%

10

5

10

20
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Results and discussion
Transformation of diclofenac in lab-scale experiments containing
carriers from a WWTP employing an MBBR

Elevated diclofenac concentrations (200 µg/L) to elucidate transformation
products

To study the influence of an MBBR on the removal of diclofenac (DCF), laboratoryscale incubation experiments were conducted with carriers taken from WWTP-BR
and WWTP-KL (see Section 4.3.3 for WWTP-KL experiments). In initial experiments with WWTP-BR carriers, 200 µg{L DCF was spiked to the bioreactors and
the formation of TPs was studied over a period of 12 d by analysing the aqueous
phase with LC–QToF-MS. Within the first 24 h of incubation the DCF concentration was reduced by > 99%. However, the elimination of DCF was concurrent with
the appearance of a large number of TPs. In total, more than 20 diﬀerent TPs
were observed (Figure 4.1). The identification of each TP was based on the high
resolution ion mass and isotopic pattern, which was used to calculate a plausible
molecular formula, and the MS2 fragmentation spectrum providing structural fragments of the TP. Details of the TP identification, including the MS2 spectrum and
structural elucidation are provided in the Supplementary Data. Confidence levels
(1–4) for the structures, based on the categorisation proposed by Schymanski et al.
(2014) are given in Figure 4.1 with level 1 indicating a confirmed structure. For
confidence levels 2–4 an alternative characterisation method is needed to confirm
their identity. However, accumulated concentrations were not high enough for the
isolation of TPs.
The TPs DCF-lactam, 4HD (41 -hydroxy-DCF), 5HD (5-hydroxy-DCF) and DCFBA (DCF-benzoic acid) were identified as primary TPs. Fortunately, they were
available as analytical reference standards and hence they were also individually
incubated in separate bioreactor experiments. It was found that in the lab-scale
systems with carriers from WWTP-BR, the biodegradation of these four primary
TPs led to the formation of all other TPs observed in the experiments where DCF
was spiked. Each primary TP was transformed into several secondary TPs (Table
C.23 in the Appendix) in the supplementary data) which in turn were frequently
further converted. The overall outcome of these experiments was a complex web of
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transformation pathways, which can be predominantly explained by six reactions:
a hydroxylation of the aromatic rings A and B, an intramolecular amidation/deamidation, a sulfate conjugation of phenolic hydroxyl groups, a reductive dechlorination of the aromatic ring A, an oxidative ring-opening of ring B and oxidations
by dehydrogenation of phenolic moieties. TP structures, their time courses during
the experiment and their position in the overall transformation pathway are shown
in Figure 4.1, along with a categorisation of the reactions leading to the individual
TPs. It must be noted that except for TP343, TP243 and TP287, all TPs are
intermediates since they are further degraded. The subsequent TPs are unknown
since no further TPs could be detected. The concentrations of TP343 and TP243
reached a plateau after a few days, while those of TP287 increased constantly until
day 12. However, it was estimated from the peak areas that these did not account
for a significant proportion of the transformed DCF.
The four primary TPs were formed within the first 24 h in the carrier-based, labscale experiment, but were quickly converted to secondary TPs. Hence, the sum
of the primary TPs did not close the mass balance of DCF transformation (Figure
C.23 in the Appendix). DCF-lactam reached the highest concentration of the
four primary TPs and had the highest peak area of all TPs (9 µg{L, 4.5% of the
spiked DCF). This TP is formed by intramolecular amidation of the carboxylic
acid with the primary amine. The primary TP DCF-BA is formed by a formal
decarboxylation and an oxidation of the aliphatic CH2 moiety to a carboxylic acid
group. In these experiments the concentration reached 0.5 µg{L which accounts
for 0.25% of the spiked DCF. The ring hydroxylation of DCF led to 4HD and 5HD,
known as both bacterial and mammalian TPs of DCF (Gröning et al., 2007; Sarda
et al., 2012; Stülten et al., 2008). Both are formed and dissipated within the first 2 d
of incubation and many secondary TPs are formed from these compounds.

Six DCF-TPs formed via 4HD and are shown on the left side of Figure
4.1. TP293b is formed via intramolecular amidation while TP297 is formed via
decarboxylation and oxidation. A sulfate conjugation of the phenolic hydroxyl
group of 4HD led to the formation of TP391b. The molecular formulas and isotopic
patterns of TPs 259 and 225 show that these were formed through dechlorination
reactions. A lactam structure is postulated to account for the fragmentation pattern and loss of oxygen while to account for the additional hydrogen, a reductive
4HD
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dechlorination reaction is proposed (further details are in the Appendix Section
C.1.10). A dechlorination did not occur via any other primary TP, suggesting
the hydroxy group on ring A is necessary for dechlorination. This may be be explained by electron-donor eﬀects or the ability to bind into an enzyme active site.
Finally, TP275 could be explained by a formal oxidation by dehydrogenation of
4HD, due to the similar fragmentation spectrum. All the secondary TPs of 4HD
appeared during the first day of incubation but were quickly dissipated, indicating
that these were all intermediates of a larger transformation pathway leading to
small molecules. However, no further TPs could be found, most likely because i)
their concentrations were below the limits of detection of the instrument and ii)
small, highly polar TPs were formed that are not detectable with the analytical
method used or degradation proceeded to a mineralisation.
Nine TPs were formed via 5HD and are shown on the right side of Figure
4.1. TP293a is formed via intramolecular amidation. A sulfate conjugation of
the phenolic hydroxyl group of 5HD formed TP391a. An oxidation of 5HD by
dehydrogenation was responsible for the formation of 5HDQI (hydroxy diclofenac
quinone imine). 5HD was already converted into 5HDQI in ultra-pure water by
an abiotic reaction (Gröning et al., 2007), and this was also observed to occur in
standards of 5HD prepared for this study. However, the conversion is quite slow
compared to the biological conversion. A sterile control with autoclaved carriers
did not show conversion of 5HD within a 6 d incubation period (data not shown),
indicating that the biological reaction dominates in this environment. Via 5HD,
six further TPs were observed whose MS2 spectra indicated an oxidative opening
of the non-chlorinated ring, B. This was postulated due to the large number of
oxygen atoms on the right side of the molecule and consecutive CO2 , CO, and
CH2 neutral losses while ring A was left unchanged. Due to the ring opening there
were several potential chemical structures based on the MS2 spectra. For TP285,
a plausible structure was found, while for the others the fragmentation was more
ambiguous so the data could provide only the sum formula of the cleaved ring
B.
5HD

The reactions of DCF-lactam are associated with an opening of the
lactam ring and a subsequent reaction such as oxidation (two electron transfer) to
DCF-lactam
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4HDQI or decarboxylation to DCF-BA. In addition, a hydroxylation of the chlorinated ring A led to the formation of TP293b. The 4HDQI TP was not observed
as a direct TP of 4HD, but rather only via DCF-lactam. This might be due to
the fast dissipation kinetics of 4HD in this environment, allowing little oxidation
to take place, while DCF-lactam is more stable, allowing the formation of 4HDQI
over a diﬀerent route, e.g., by combined mono-oxygenation and deamination.
This TP is transformed by hydroxylation into TP297 (which is also
formed by decarboxylation of 4HD) as well as to two further TPs (TP285 and
TP287) where the non-chlorinated ring B is oxidatively opened. Both of these
TPs are also formed by the ring opening of 5HD as was discussed previously.
DCF-BA

CHAPTER 4. DICLOFENAC IN BIOFILM AND SLUDGE PROCESSES
80

Cl
N

TP275

O

TP259

TPs via
4HD

O

3

3

OH

4HD

TP225

1

3

O3S
O

Cl

Cl

O
N
Cl

Cl

H
N

TP391b

HO

TP293b

-

2

Cl

2

OH

OH

4HDQI

DCF-lactam

Primary TPs

O

O

2

Cl

H
N

TP297

HO

1

A
B

Diclofenac

2

N

O

2

Cl

4

(C 5H5O3)

1

Cl

Cl

H
N

4

(C 8H7O5)

TP343b

DCF-BA

OH

Cl

H
N

TP273

TP293a
Cl

Cl

Cl

5HD

OH

O
H
N

O

4

1

(C 4H3 O 2 )

2

SO3Cl

TP391a

H
N

TP343a
Cl

4

(C 8H7O5)

Cl

TP243

Cl

H
N
Cl

4

2

O

OH

O

(C 6H7 O 3 )

3

5HDQI

TP285

Cl

N

Cl

H
N

TP287

Cl

Cl

TPs via 5HD

Figure 4.1: Formation of TPs from DCF during the incubation with carriers showing time courses and structures. Arrows indicate pathways elucidated by separate incubations of DCF and primary TPs. Abbreviations for postulated reaction types: [m] mono-oxygenation,
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3: Tentative structure similar to level 2 confidence, but alternative structures cannot be totally ruled out. 4: Plausible chemical structure could not be derived from the MS2 spectrum. The molecular formula and only one structural moiety (ring A) could be confirmed.
Transformation to unknown TPs in indicated by ‹.
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Environmental diclofenac concentrations (5 µg/L)

Lab-scale experiments at DCF concentrations of 5 µg{L with carriers from WWTPBR exhibited similar results as obtained by spiking 200 µg{L: The DCF concentration was reduced by > 99% within the first 24 h with a similarly high degradation
rate constant (Table 4.2). In total, 11 TPs were detected from DCF (Figure C.22
in the Appendix), all of which were already seen at the 200 µg{L spike level as the
most intense peaks at that level. Thus, the reduced number of detected TPs is
most likely caused by the detection limits of the LC–QToF-MS measurements. It
can be concluded that the results obtained with 200 µg{L DCF spike can be transferred to lower concentrations with respect to both the kinetics of DCF removal
and the transformation pathways. The kinetics of TP formation and removal were
in some cases diﬀerent, both TP285 and 4HDQI show more persistence in these
experiments suggesting these might be present in WWTP eﬄuent.

4.3.2

Incubation experiments with activated sludge from WWTP
Koblenz

Incubation experiments were conducted with suspended sludge from WWTP-KO,
which does not use carriers anywhere on the treatment train. The removal rate
of DCF in contact with this biomass was significantly slower in comparison to
the incubation with carriers from WWTP-BR (Figure 4.2 and Table 4.2). These
experiments were conducted in parallel and in duplicate using the same reactor
set-up and similar biomass concentrations. A long incubation time was chosen to
be able to see a significant removal of DCF in the suspended sludge reactors. Even
after 12 d only 50% of DCF was dissipated, while in experiments with carriers from
WWTP-BR DCF was completely removed after 24 h.
In contact with suspended sludge, the same primary TPs (4HD, 5HD, DCF-lactam
and DCF-BA) and a few secondary TPs (4- and 5HDQI and TP293) were observed as were found in the carrier-inoculated experiments. The formation rates
of primary TPs were much slower, as could be expected due to the slower DCF
removal rate. However, also the rates of dissipation of the primary TPs were
slower compared with the incubation with carriers (Figure 4.2). Reactions occurring in both systems are hydroxylation of the aromatic rings, the intramolecular
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amidation, decarboxylation and oxidation reactions. Several TPs, such as TP259
(the result of dechlorination) and TP285 (the result of oxidative ring opening) are
unique to the carrier-inoculated system. The TP with mass 259, might require
anaerobic zones to be formed, which are more likely to occur in the dense biofilm
growth on carriers than in the suspended sludge flocs. Reductive dehalogenation reactions are more commonly observed in the absence of aerobic conditions
(Zhang and Bennett, 2005; de Beer et al., 1997). No TPs were found to be unique
to degradation in contact with suspended sludge. A full list of the TPs formed in
suspended sludge can be taken from Figure 4.2.
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Figure 4.2: Formation and dissipation of DCF-TPs in incubations with carriers from WWTP-BR
(left) versus suspended sludge from WWTP-KO (right).
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Incubation experiments with carriers from WWTP Klippan

To investigate the transferability of the results from WWTP-BR to other MBBR
systems, the removal of DCF was investigated in WWTP-KL, which has a similar
set-up to WWTP-BR and employs a compartmentalised reactor with activated
sludge and carrier-filled compartments. Lab-scale incubation experiments were
conducted in lab-scale bioreactors inoculated with carriers from WWTP-KL. DCF
was spiked to 1 µg{L to the bioreactors. A fast dissipation of DCF was observed,
with a reaction rate constant of about 1.4 L{pg dq, which was similar to that found
in the lab-scale experiments with carriers from WWTP-BR (Table 4.2), while typical literature rate constants for DCF in activated sludge are p0.01 to 0.5q L{pg dq
(Tran et al., 2009; Urase and Kikuta, 2005). The primary TPs DCF-lactam and
DCF-BA were identified as well as TP285, which were observed in lab-scale experiments of WWTP-BR and detected in the eﬄuent of WWTP-BR (for identification,
see Table C.24 in the Appendix). Signals for the other TPs were either too weak for
proper identification, or they were not observed at all. In summary, a fast degradation of DCF might be linked to hybrid-MBBR biomass, and certain TPs might
be markers for these processes, e.g., the formation of TP285. The signal intensity
of TP285 is nevertheless very low and is unlikely to account for the majority of
DCF removal.
Table 4.2: Pseudo-first-order rate constants of DCF in diﬀerent biomass types

Source of biomass

Concentration of
DCF (µg{L)

kbiol
(L/(g d))

WWTP-BR
WWTP-BR
WWTP-KL
WWTP-KO

5
200
1
200

1.4 ˘ 0.1
• 1.5a
1.4
0.03 ˘ 0.01

Estimate, not enough data points for a precise determination.
a

4.3.4

Monitoring campaign at WWTP Bad Ragaz

To verify the transferability of the lab-scale results to full-scale, WWTP-BR was
monitored over a dry-weather period during the summer of 2015. From ten consecutive days, 24 h-composite samples of WWTP influent and eﬄuent were analysed
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by LC–QToF-MS. The results for compounds for which reference standards were
available are shown in Figure 4.3. The DCF concentration was reduced from a
median of 1.6 µg{L in WWTP influent to 0.2 µg{L in WWTP eﬄuent. This corresponds to an average removal of 88% during the 10-day monitoring period.
The formation of TPs was also observed in the full-scale plant. An average concentration of 0.25 µg{L DCF-lactam was detected in the eﬄuent of the WWTP,
accounting for about 16% of the influent DCF concentration. DCF-lactam was
the most predominant TP in both WWTP eﬄuent and in lab scale experiments
where DCF-lactam reached 13% of spiked DCF (Figure C.22). The TP 4HD was
present at relatively high concentrations in WWTP influent but was removed in
the biological treatment as was the case in the lab-scale experiments. The TP
5HD was also found in the influent, albeit at lower concentrations and was no
longer detected in the eﬄuent. Both TPs 4HD and 5HD are human metabolites
of DCF explaining their detection in WWTP influent. No evidence for the formation of these TPs during the treatment process could be obtained due to i) the
high influent concentrations and ii) the fast transformation of these TPs. The TP
DCF-BA was observed at low concentrations of p23 ˘ 8q ng{L in WWTP eﬄuent,
whereas in the influent it was below the LOQ of 20 ng{L. Thus, a minor fraction
of DCF-BA might be formed. The presence of several secondary TPs could be
confirmed based on their exact mass, retention time and fragmentation spectrum,
which matched very well with the results of the lab-scale experiments. These were
TP293b, TP259 and TP285 (for identification see Table 4.3). In all samples the
signal intensities were relatively low, comparable with the peak areas of DCF-BA,
which was present with about 20 ng{L. In the results of the lab-scale experiments,
TPs 259 and 285 had very high signal intensities compared to all other secondary (or tertiary) TPs (Figure 4.1), which hints at their relative importance in the
transformation pathway. Since standards of these TPs could not be obtained, peak
areas in the WWTP influent and eﬄuent were compared to estimate if a formation
took place (Figure 4.3). Both TP259 and TP285 were only detected in WWTP
eﬄuent, indicating that a formation is possible, whereas TP293b was detected in
both WWTP influent and eﬄuent at similar intensities. Making such comparisons between diﬀerent matrixes without standards should be treated as an initial
estimate and the results should be taken with caution. In summary, out of 11 TPs
detected in the lab, 7 TPs were detected at the WWTP, the exceptions being the
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two HDQIs, TP293a and TP287.
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Figure 4.3: Left: Analysis of samples from WWTP-BR (hydrid-MBBR) for DCF and DCF-TPs
for which standards were available. Right: Comparison of concentrations of DCF-TPs in influent
and eﬄuent based on peak areas (no available standards).

It can be concluded from the results that i) the laboratory incubation experiments
were able to accurately represent the treatment process with respect to DCF ii)
DCF and its TPs were substantially removed by the WWTP, and low concentrations of some DCF-TPs were detected in the eﬄuent iii) although a wide array
of TPs were found using incubation experiments, the majority of these were not
detected in the WWTP, since their concentrations were probably below the limits
of detection.
The influent and eﬄuent samples of the WWTP provide only a picture of the
full treatment process, which includes reactor compartments with activated sludge
(no carriers) and a carrier-filled MBBR. To test if the TP formation was occurring
primarily in the carrier-filled compartment, grab samples were taken from each reactor compartment. By comparing the diﬀerent compartments, it was found that
TPs 259, 285 and DCF-lactam showed the most intense signals in the carrier-filled
compartment (Figure 4.4). DCF itself had a much lower concentration in this compartment compared with the aerobic and denitrification compartments. The high
concentration decrease of DCF between the influent and the denitrification stage is
at least partly caused by dilution, since a recirculation of approximately 0.7 parts
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took place in the reactor. The expected concentration of DCF in the denitrifying
stage resulting from dilution alone would be approximately 1 µg{L, which is close
to the detected concentration of 0.8 µg{L. The increased concentrations of TPs in
the denitrifying stage can also be explained by the recirculation. The results as a
whole support the conclusion found by Falås et al. (2013), that the carrier-filled
stage is mainly responsible for the DCF removal. Here this can be seen from the
point of view of the TPs that are formed.
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Figure 4.4: Concentrations of DCF and DCF-lactam and peak areas of TP293b, TP259 and
TP285 in diﬀerent compartments of the biological reactor of WWTP-BR (hydrid-MBBR).

Table 4.3: Identification of TP285 and TP259 in WWTP-BR eﬄuent samples by comparison to
lab-scale experiments

TP285
Retention time (min)
rM ` Hs` mass (u)
isotope peak ratio (37 Cl)
Fragment ions from the

MS2

spectrum (u)

TP259

Lab-scale

WWTP

Lab-scale

WWTP

8.6
286.0035
67%

8.7
286.0029
64%

10.1
260.0465
37%

10.2
260.0454
29%

177.0330
242.0118

177.0319
242.0138

168.0800
196.0758
197.0840

168.0803
196.0753
197.0775
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Monitoring campaign at WWTP Koblenz

To compare the relatively good removal of DCF observed at WWTP-BR with a
conventional WWTP not employing an MBBR, a monitoring campaign of WWTPKO was carried out. In composite samples of WWTP influent and WWTP eﬄuent
no significant removal of DCF was detected (< 20%), while influent concentrations
were approximately 3.5 µg{L. This agrees with the slower removal of DCF observed in lab-scale incubation experiments with activated sludge not using carriers
(Section 4.3.2 and Table 4.2). Using Equation 4.2 to model the full scale reactor,
a 3% (negligible) removal would be expected based on the kbiol found (4 g{L sludge
concentration and 6 h HRT). Examining the measured data, although no detectable removal of DCF took place, low signals for several DCF-TPs and human
metabolites were observed. These included 4HD, 5HD and TP293b, which were
detected in both WWTP influent and eﬄuent, as was the case at WWTP-BR.
DCF-lactam was detected in the eﬄuent of WWTP-KO, but not in WWTP influent, indicating a small formation took place. As was the case with the lab-scale
experiments, TP285 and TP259 were not detected in the eﬄuent of WWTP-KO,
which is consistent with these being unique to the degradation of DCF in contact
with the carrier biomass.

4.4

Conclusion

DCF can be removed eﬀectively in a cascaded hybrid moving bed biofilm reactor (hybrid-MBBR) achieving nitrification and denitrification. The degradation
primarily occurred in the last compartment containing the carrier-attached biomass. In this study, a fast dissipation was observed but many TPs were formed.
Due to the highly branched nature of the transformation pathway, these are mostly
present at very low concentrations in the WWTP eﬄuent. The sum of all quantifiable TPs did not explain the degraded quantity of DCF, since these were further
degraded. Estimating from the peak intensities of the remaining TPs, these made
up a small fraction (< 5%) of the transformed DCF. Hence, although ecotoxicological studies of the complex TP mixtures formed from DCF are missing, it
is likely that biological degradation of DCF results in significantly lowering its
ecotoxicological impact.
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After long incubation times, it was evident that the main reactions leading to DCF
removal had the potential to also occur in contact with conventional activated
sludge (i.e., suspended sludge with no biofilm carriers). However, based on the
much slower reaction rates the transformations were not observed to occur to a
significant degree in the full-scale activated sludge process. It can be concluded
that the observed transformation of DCF in hybrid-MBBR systems is linked to
diﬀerent reaction kinetics of two very similar transformation pathways rather than
one system able to perform special reactions which the other system cannot. Some
reactions forming secondary TPs were unique to the carrier systems, but these
did not appear to be the main drivers for the removal of DCF. The underlying
microbiological causes of the faster kinetics are still an open question.
It could also be observed that not one but all the diﬀerent reaction types leading
to DCF degradation were significantly faster in the hybrid-MBBR compared with
conventional sludge. Therefore, it is likely that other reaction types are faster
under these conditions as well, and that in combination this might lead to an
improved removal of other CECs. This was indeed observed by Falås et al. (2013)
for CECs such as mefenamic acid, bezafibrate and valsartan.
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Chapter 5

Conclusion and Outlook
5.1

General conclusions

The goal of achieving a more detailed understanding of biological transformation processes of micropollutants has been achieved through the elucidation of
transformation reactions of five micropollutants representing diﬀerent classes of
pharmaceuticals, i.e., antibiotics, NSAIDs and psychoactive drugs; and industrial
chemicals. The transformation was studied considering both chemical and biological transformation reactions and diﬀerent biological reactor configurations including sequencing batch reactors, flow-through reactors and moving bed biofilm
reactors.
Investigation of the antibiotic trimethoprim showed that, depending on the concentration of the micropollutant spiked to the experiment, diﬀerent kinetic results
were obtained, which was due to diﬀerent pathways being dominant in the transformation of the micropollutant at diﬀerent concentrations. It could be shown that
in a pilot-scale wastewater treatment plant (WWTP) used as a reference reactor,
the transformation pathway observed at a lower spike concentration was dominant.
This transformation pathway was previously not known, although other pathways
had been reported. Until now, the concentration of the TPs found in WWTPeﬄuent has been quite low (ng/L-range), such that an ecotoxicological impact is
considered unlikely. The results also highlight the importance of experimental
design for elucidating the transformation of micropollutants and how changing
91
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parameters such as sludge concentration and starting concentrations can influence
the results.
The transformation of phenols to nitro-phenolic TPs was identified as occurring
by a radical reaction through the presence of nitrous acid which decomposes to
· NO2 and · NO radicals. The reaction is therefore biologically mediated and distinguished from other biological transformation reactions in that it is not enzymatically catalysed. The formation of nitrous acid occurs at acidic pH and in the
presence of nitrite, which is an intermediate in the nitrification and denitrification
process. Therefore, only in special conditions of nitrite build-up or acidification
could a significant formation of nitro-phenolic TPs be expected. This outcome
has important consequences for interpreting micropollutant results from processes
with high nitrite concentrations. In general, considerations should be made regarding sample preparation, where sample freezing or acidification may result in
artificial formation of nitrophenolic-TPs. It was found that during freezing a significant pH reduction of the concentrated liquid phase can occur. During laboratory
experiments and monitoring of full-scale WWTPs, it was observed that the phenolic micropollutants studied are more typically transformed by biological processes
and the chemical transformation to nitro-phenolic TPs is at most a minor pathway.
Reported findings of investigations of other phenolic micropollutants impacted by
this type of transformation have found that reactivity can be substance-dependant
(Brezina et al., 2015) and may for some micropollutants be the result of diﬀerent
reactive nitrogen species.
The comparison of two biological process types (conventional activated sludge
and a hybrid-moving bed biofilm reactor, MBBR) regarding the transformation
of diclofenac found similar transformation reactions in both processes but significantly diﬀerent transformation kinetics. The rates of all the transformation
reactions were slower in the activated sludge process, although both had similar
biomass concentrations and similar nitrifying activity. In the MBBR process, a
large number of TPs were formed, each at relatively low concentration at the low
ng/L level. This is a positive finding for the biofilm process indicating that i)
the transformation of diclofenac is likely to have low environmental impact due to
the almost complete transformation of the precursor and the low concentration of
individual TPs and ii) the large number of relatively fast transformation reactions
occurring in the biofilm may positively impact the removal of other
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micropollutants.
Through systematic testing of experimental procedures, experience has been gained
to allow for better design of laboratory incubation experiments in the future. Due
to the high variability in the properties of micropollutants, designing more tailored
incubation experiments is necessary. While previously applied experimental procedures may be appropriate for the micropollutants studied in those experiments,
new micropollutants might pose diﬀerent challenges. Particularly challenging compounds have properties such as toxicity to degrading microorganisms, as seen in
the study of trimethoprim, or susceptibility to acidity as seen with the study of
phenols, both of which require special precautions during testing.
The knowledge of transformation pathways of micropollutants can make analysis
results, such as concentration changes of the compound in the environment, more
meaningful and allow better interpretation of monitoring results. Analysis of TPs
together with the precursor micropollutants can i) give better indication of process performance than measuring precursors alone, especially if TPs have similar
toxicological properties to their precursors and ii) be used to ask deeper questions
into the underlying biological activity of the treatment process. The transformation reactions of trimethoprim, BPA, o-phenylphenol, dextrorphan and diclofenac
can be assessed in WWTP processes based on analysis of the identified TPs. As
mentioned in sections 2.1 and 4.1, high variability in the removal of compounds
such as diclofenac and trimethoprim is found in diﬀerent WWTPs. Understanding
of the underlying transformation processes could assist in finding more consistent
performance in the removal of these micropollutants. For example, if transformation to a primary TP (for which the ecotoxicological impact is unknown) with a
similar structure to diclofenac is occurring, a persisting ecotoxicological risk can
not be ruled out. However, if many transformation reactions occur leading to the
formation of an array of secondary and tertiary TPs, this is an indication that the
ecotoxicological impact has been reduced (Escher and Fenner, 2011).
The investigation of the transformation pathways of five micropollutants reported
in this work revealed that some reactions were not unique to one compound, this
indicates that these reactions may be generic and can impact diﬀerent micropollutants. This can add confidence when interpreting data from transformation tests
of other micropollutants when similar reactions are observed. In addition, it may
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be useful for the prediction of transformation reactions. To make the data more
easily accessible and to combine information from other studies these can be added to databases such as EAWAG-BBD (Kern et al., 2009). Repeatedly occurring
reactions include the sulfate conjugation, which was observed to occur to phenolic
micropollutants and phenolic TPs in chapters 3 and 4. Hydroxylation was observed as a transformation reaction of all five micropollutants investigated and in
the case of trimethoprim and diclofenac, hydroxylation reactions were followed by
dehydrogenation reactions leading to formation of a ketone in trimethoprim-TP
290 and semi-quinones in the diclofenac-TPs 4HDQI and 5HDQI.
The recent increased availability of high-resolution analysis techniques and versatile data evaluation software is a powerful tool to gain new insight and a detailed
perspective on the fate of micropollutants during wastewater treatment. Highresolution and highly sensitive MS instrumentation, coupled with the ability to
perform fragmentation experiments on-the-fly, i.e., without prior knowledge of
the TP’s mass, allowed for a detailed analysis of transformation pathways. The
high sensitivity permitted the detection of more TPs, including intermediate TPs
with low steady-state concentrations; giving clues to elucidate the transformation
steps to important final TPs. An iterative approach was applied, which included
laboratory incubation experiments, high-resolution MS experiments, identification
of TPs and repeating the incubation experiments for TPs or related compounds.
The approach was most eﬀective to study the diclofenac transformation pathway
in biofilm processes, where primary, secondary and higher levels of TP formation
took place in an interconnected transformation pathway.

5.2

Outlook

The results represent an evolution in our understanding of transformation reactions of micropollutants and how to overcome experimental challenges associated
with their investigation. Adding further micropollutant case studies and specific
process conditions to this knowledge base, beyond those studied here can improve
the prediction of the formation of TPs from other micropollutants and is vital
to identify potentially toxicologically relevant TPs, which need to be regulated
together with their precursors.
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The underlying reasons for the diﬀerent transformation pathways of trimethoprim at diﬀerent initial spike concentrations in incubation experiments remains
unknown. Several possible explanations were postulated (Section 2.3.3) but these
could not be tested within the scope of this work. Similar eﬀects were observed
with other micropollutants and a deeper understanding of these eﬀects may give
a clearer picture of how diﬀerences in micropollutant degradation eﬃciencies can
occur under diﬀerent conditions.
The further study of promising processes such as hybrid-MBBR or other biofilmbased processes would lead to improved understanding of micropollutant removal.
The question of whether the fast reactivity found for some micropollutants applies
to micropollutant removal in general is still untested and more importantly, the
underlying microbiological community diﬀerences leading to this improved removal
are not fully understood. Deeper understanding would assist in the more general
application of these treatment processes with the goal of decreasing micropollutant
emissions into rivers and streams impacted by treated wastewater.
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Appendix A

Supplementary data for Chapter 2:
Biological transformation of
trimethoprim
A.1

LC–tandem MS parameters for analysis of trimethoprim (TMP) and TPs

A.1.1

Chromatography and ESI parameters for analysis of TMP and
TPs other than DAPC on API 5500 QTRAP and 5600 QTOF

A Zorbax Eclipse Plus C18 column (150 mm ˆ 2.1 mm, 3.5 µm, Agilent Technologies) was used for separation. Chromatography was conducted with gradient
elution (phase A: 0.1% HCOOH in water; phase B: 0.1% HCOOH in methanol).
Flow rate: 0.3 mL{min. Gradient for phase A: p0 to 3q min, 100%; 4 min, 80%;
p16.5 to 22q min, 0%; p22.1 to 28q min, 100%. Injection volume: 80 µL; Source
temperature: 500 ˝C; ionisation voltage: 5.5 kV; curtain gas: 40 psi; gas 1: 40 psi;
gas 2: 45 psi.
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A.1.2

APPENDIX A. SUPPLEMENTARY DATA TO CHAPTER 2

Chromatography and ESI parameters for analysis by HRMS on
LTQ-Orbitrap-Velos

Chromatography parameters are the same as above. Source temperature: 400 ˝C;
capillary temperature: 350 ˝C; ionisation voltage: 3 kV; sheath gas: 50; aux gas:
15; sweep gas: 0.

A.1.3

Chromatography and ESI parameters for analysis of DAPC on
API 4000 QTRAP

A Hypercarb column (150 mm ˆ 2.1 mm, 3 µm, Thermo Scientific) was used for
separation. Chromatography was conducted with gradient elution (phase A: 0.1%
NH3 in water (pH 10); phase B: 0.1% NH3 in acetonitrile). Flow rate: 0.18 mL{min.
Gradient for phase A: p0 to 2q min 98%; p4 to 7q min 2%; p8 to 19q min 98%. Source
temperature: 600 ˝C; ionisation voltage: 5 kV; curtain gas: 20 psi; gas 1: 60 psi;
gas 2: 60 psi.
Table A.1: Transitions and method performance for MRM mode analysis.

Compound

Transition

Q1

Q3

DP

CE

CXP

TMP (trimethoprim)

A
B
A
B
A
B
A
B
A
B
C
A
B
A
B
A

291
291
277
277
291
291
293
293
155
155
155
307
307
325
325
294

230
261
261
123
137
275
243
229
137
95
68
243
274
181
137
122.9

86
86
86
86
80
80
80
80
51
51
51
80
80
86
86
90

33
35
38
51
30
30
30
30
24
31
35
30
30
50
50
33

10
10
15
10
10
10
10
10
10
15
10
10
10
10
10
10

4-desmethyl-TMP
TP290
TP292
DAPC
TP306
TP324
TMP-d3

A.2. HR-MS2 SPECTRA AND STRUCTURAL CHARACTERISATION
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Table A.2: method performance for MRM mode analysis

Estimated LOQ (ng{L)
Relative recovery (%)

A.2

TMP

4-desmethyl-TMP

DAPC

10
95 ˘ 14 (n=5)

10
65 ˘ 20 (n=2)

40
95 (n=1)

HR-MS2 spectra and structural characterisation of TPs
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Figure A.1: MS2 fragmentation of trimethoprim (TMP).
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Figure A.3: MS2 fragmentation of Trimethoprim TP324.
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Figure A.4: MS2 fragmentation of 4-desmethyl-TMP.
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Figure A.5: MS2 Fragmentation of TP292.
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Figure A.7: MS2 fragmentation of DAPC (2,4-diaminopyrimidine-5-carboxylic acid).
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Pilot-scale SBR and monitoring experiments

Table A.3: Additional process parameters from the pilot-scale SBR. Average values during the
16-month monitoring period.

DOC (mg{L)
Ammonium (mg{L NH4+-N)
Nitrate (mg{L NO3–-N)
Nitrite (mg{L NO2–-N)

SBR Influent

SBR Eﬄuent

30.3
39.4
0.4
< 0.02

11.9
<2
8.4
0.09

Table A.4: Stability test of samples during the 3-day collection period. Storage Temp.: 4 ˝C

Recovery TMP after 3 days
Recovery 4-desmethyl-TMP after 3 days

100%
94%
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A.4

Additional figures from experiments with lab-scale bioreactors
A

B

-0,5
4-desmethyl-TMP
TP154
TP292
TP290

16
12
8

-2,5
ln(c/c0) [-]

Peak area [counts x107]

20

R² = 0.968

-4,5
-6,5

4

R² = 0.995

0
0

2

4

Incubation time [d]

6

-8,5
0

5
10
Incubation time [d]

15

Figure A.8: Incubation of compounds in sludge-inoculated, lab-scale bioreactors. A: Time course
of 4-desmethyl-TMP (c0 = 500 µg{L, sludge dilution 20:1 with eﬄuent wastewater) and formation
of TP292, TP290 and DAPC. B: Calculation of kbiol for TMP according to a pseudo-first-order
rate law, c0 = 5 µg{L, sludge dilution 1:1 with either eﬄuent (ˆ) (n=2), or influent ( ) (n=2).

A.4.1

Abiotic hydrolysis and oxidation of 4-desmethyl-TMP

Experiments with 4-desmethyl-TMP have shown that this compound is relatively
unstable and will slowly hydrolyse in aqueous solution. Under basic conditions
this transformation is much faster. Using high-resolution mass spectrometry the
hydrolysis product TP140 could be identified. The hydroxylated 4-desmethylTMP (TP292) and the corresponding oxidized ketone TP290 were also detected.
A hydrolysis and an oxidation mechanism were postulated based on these TPs
(Figure A.9 and A.10).
To test the mechanism in Figure A.10, 4-desmethyl-TMP was added to a basic solution of methanol. A dissipation of the compound was found with a corresponding
increase in the formation of TP290 and of a TP with m/z = 306, which corresponds
to the methoxylated 3-desmethyl-TMP, (TP306b) (Figure A.12).
It follows from the mechanism in Figure A.10, if the nucleophile in the second step

A.4. ADDITIONAL FIGURES

105

Figure A.9: Postulated hydrolysis mechanism of 4-desmethyl-TMP in basic solution.

Figure A.10: Postulated oxidation and hydroxylation mechanism of 4-desmethyl-TMP in basic
solution.

is changed from -OH to -OMe by changing to a methanol solvent, then 4-desmethylTMP is methoxylated rather than hydroxylated. The formation TP306b in the
methanol reaction could therefore be the result of nucleophilic attack by -OH and
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Peak area [counts]

106

TP306b

0

5
Incubation time [d]

10

Figure A.11: Time course of 4-desmethyl-TMP (⌅), TP 306b (methoxy-4-desmethyl-TMP) (‚)
and TP290 ( ) in methanol with 1 mol{L NaOH.

-OMe acting as the leaving group.
Furthermore, it was found that under sterile conditions, in the absence of oxygen, 4desmethyl-TMP is stable as was observed in lab experiments with sterilised sludge
in inert atmosphere (data not shown). In sterilised ultrapure water, when air
is purged through the solution, slow dissipation of 4-desmethyl-TMP is observed
and compounds TP292 and TP290 are formed (Figure A.12). This indicates that
oxygen plays an important role in this abiotic reaction and supports the mechanism
proposed in Figure A.10.

peak area [counts]

c/c0 [-]

1,0

0,5

0,0
0

2

4
6
Incubation time [d]

8

Figure A.12: Time course of 4-desmethyl-TMP (⌅, left axis) and TP292 (N) and TP290 (⌥)
(Peak areas, right axis) in a sterilised, pristine-water medium with air purging.
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In a sterilised control experiment of 4-desmethyl-TMP in sterilised sludge with air
saturation, conducted in replicate, the compound reacted slowly and 40% dissipation was observed in 7 days in conjunction with a slow formation of TP292 (data
not shown). The slow reaction rate indicates that the abiotic oxidation or hydrolysis reactions are unlikely to play a major role in the removal of 4-desmethyl-TMP
in activated sludge reactors where the HRT is usually on the order of 6 h.

A.5

Synthesis of 2,4-diaminopyrimidine-5-carboxylic acid
(DAPC)

(A.1)
Ethyl 2,4-diaminopyrimidine-5-carboxylate (2.65 mg) was added to a round-bottom
flask and dissolved in 40 mL of water kept at 80 ˝C. NaOH solution (10 mL,
6.4%) was added very slowly, drop-wise, while stirring. After three hours it
could be verified by LC–tandem MS that the ester hydrolysis was complete and
2,4-diaminopyrimidine-5-carboxylic acid (DAPC) was formed. Using HPLC–UVVis measurements with multiple-wavelength detection, it could be observed that
DAPC was the only significant product of the hydrolysis. The purity was estimated by integrating all peaks found at three diﬀerent wavelengths, DAPC was a
minimum of 93% of all peaks (Figure A.13 to A.15). It was therefore assumed that
within a 10% error, the reaction could be treated as quantitative. The solution was
cooled to room temperature and neutralised with HCl. In a volumetric flask the
solution was diluted to 100 mL to give a standard solution of p22 ˘ 2q mg{L DAPC.
Since the ethyl ester starting material and DAPC have similar absorption spectra
(Figure A.16), the peak area of the ethyl ester at the start of the hydrolysis was
compared to that of DAPC when the reaction was complete. The chromatograms
show the DAPC peak area to be 95% of the ethyl ester at 226 nm ( max ) (Figure
A.17). This again shows that the hydrolysis can be estimated to be quantitative,
with a 10% error. For an initial estimation of the concentration of DAPC in environmental samples in the low ng{L range, this error was considered acceptable.
The stability of DAPC was tested over a 4-day period in acidic (pH 2), neutral,
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and basic (pH 10) solution. The stability could be verified for all three conditions,
the results are shown in Table A.5.

Figure A.13: Chromatogram of DAPC solution at 220 nm showing DAPC (5.1 min) with 93% of
the measured peak areas. Peaks at 3.6 min and 11.6 min are unknowns while the peak at 17 min
is the residual ethyl 2,4-diaminopyrimidine-5-carboxylate (1.4% of peak area).

Figure A.14: Chromatogram of the DAPC product at 280 nm. The DAPC peak represents 95%
of the total peak area found.

Figure A.15: Chromatogram of the DAPC product at 254 nm. DAPC represents 99% of the
total peak area.
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S14.
Left:
Spectrum
of
2,4-diaminopyrimidine-5-carboxylate.
FigureFig.
A.16:
Left:
Spectrum
of ethyl
2,4-diaminopyrimidine-5-carboxylate.
Right: Spectrum of
Fig.
S14.
Left:
Spectrum
of ethyl
ethyl
2,4-diaminopyrimidine-5-carboxylate.
2,4-diaminopyrimidine-5-carboxylic
acid
(DAPC).
Right:
Spectrum
of
2,4-diaminopyrimidine-5-carboxylic
acid
(DAPC).
Right: Spectrum of 2,4-diaminopyrimidine-5-carboxylic acid (DAPC).

Fig. S15. Above: Chromatogram at 226 nm, of ethyl 2,4-diaminopyrimidine-5-

Figure A.17: Above: Chromatogram at 226 nm, of ethyl 2,4-diaminopyrimidine-5-carboxylate
carboxylate
before hydrolysis
(26 mg/L). Below:
at 226 of
nmthe reaction,
before hydrolysis
(26 mg{L).
Below: Chromatogram
at 226Chromatogram
nm after completion
after
completion
of
the
reaction,
2,4-diaminopyrimidine-5-carboxylic
acid
2,4-diaminopyrimidine-5-carboxylic acid (DAPC, 22 mg{L) has a peak area of 95% compared to
(DAPC,
22 mg/L) has a peak area of 95% compared to the starting material.
the starting
material.

Fig. S15. Above: Chromatogram at 226 nm, of ethyl 2,4-diaminopyrimidine-5carboxylate before hydrolysis (26 mg/L). Below: Chromatogram at 226 nm
after completion of the reaction, 2,4-diaminopyrimidine-5-carboxylic acid
(DAPC, 22 mg/L) has a peak area of 95% compared to the starting material.
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Table A.5: Stability test for DAPC

Days

Peak area (countsˆ103 )
Acidic (pH 2)

Neutral (pH 7)

Basic (pH 10)

3.6
3.6
3.6
3.4

3.7
3.7
3.7
3.7

3.7
3.7
3.7
3.7

1
2
4
10
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Figure A.18: Experiment run at the SBR in batch mode (no cycling) for the accurate determination of the TMP degradation kinetics and rate constant (kbiol ). TMP (‚) and 4-desmethyl-TMP
(⌅) were monitored during this experiment. Sludge concentration: 3.1 gSS {L.

A.6.1

Modeling TMP degradation kinetics in the SBR

To model the degradation kinetics in the SBR during normal operation, a pseudofirst-order rate law and corresponding rate constant was used (see Table 2.1). The
concentration at the end of the first cycle CTMP,t was calculated using Equation
A.2.

A.6. TMP DEGRADATION MODELLING

CTMP,t “ CTMP,0 ¨ e´XSS kbiol t
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(A.2)

Where CTMP,0 is the trimethoprim concentration at the start of the cycle. XSS
the sludge concentration (gSS {L), kbiol is the pseudo-first-order rate constant in
L{pgSS ¨ dq and t is the cycle length (oxic phase 2 h, total 3 h). For each subsequent
cycle, the end concentration CTMP,next was determined by Equation A.3
CTMP,next

ˆ
˙
CTMP,inf l CTMP,prev
“ CTMP,prev `
´
e´XSS kbiol t
4
4

(A.3)

Where prev and infl refer to TMP concentration in the previous cycle and the
concentration in the influent, respectively. In each cycle 1/4 of the reactor volume
is removed as eﬄuent and 1/4 is added as influent, this is accounted for by the
fraction of CTMP,inf l and CTMP,prev .

112

A.7

APPENDIX A. SUPPLEMENTARY DATA TO CHAPTER 2

Detection of DAPC in wastewater samples

Figure A.19: S17. Chromatogram of DAPC standard (extracted mass m/z = 155.055) with
MS/MS spectrum.

Figure A.20: S18. Chromatogram (extracted mass m/z = 155.055) and MS2 spectrum showing
presence of DAPC in eﬄuent wastewater from the on-site SBR

response (cps x105)
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y = 0,038x + 2,298
R² = 0,9974
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Figure A.21: S19. Left: DAPC detected in composite eﬄuent sample of the SBR. Right: Standard addition of DAPC using a synthesised standard. Estimated concentration: 61 ng{L.
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Appendix B

Supplementary data for Chapter 3:
Comparisons between abiotic
nitration and biotransformation
reactions of phenolic
micropollutants in activated
sludge
B.1
B.1.1

Synthesis of transformation products
Synthesis of 2-nitro-6-phenylphenol and 4-nitro-6-phenylphenol

Nitro-phenylphenol (NO2-OPP) was prepared according to Cheng et al. (1968). 2Phenylphenol (0.5 g, 2.9 mmol) was dissolved in 5 mL glacial acetic acid and cooled
in a water bath to 15 ˝C. Nitric acid (65%, 0.2 mL) in 10 mL acetic acid was added
drop-wise while stirring. The dark red solution was quenched with water, turning
it yellow. Sodium hydroxide solution was used to neutralise the mixture. The
mixture was extracted into DCM (3 repeats of 2 mL) and the combined organic
phases were washed with water followed by brine. The organic phase was dried over
115
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anhydrous sodium sulfate and reduced under vacuum. (4-nitro-6-phenylphenol)
was isolated from the crude product mixture by column chromatography on silica
gel (silica gel 60, pentane-DCM 1:1, Rf = 0.10) as a yellow solid in 0.13 g (0.6 mmol)
yield. The second NO2-OPP isomer (2-nitro-6-phenylphenol) was also isolated as a
yellow oil (Rf = 0.46). Exact [M–H]- ion mass (m/z), calc.: 214.0504, experiment:
214.0510. Estimated purity by HPLC–UV-VIS was 98% with no contamination
from the starting material. 1 H NMR 4-nitro-6-phenylphenol (600 MHz, acetoned6 ) ppm: 9.88 (1H b s -OH ); 8.20 (1H d 4 J=2.81 H1 1); 8.14 (1H d d 3 J=8.89
4
J=2.87 H9); 7.65 (2H d 3 J=7.72 H 1,5); 7.48 (2H t 3 J=7.70 H2,4); 7.40 (1H
t 3 J=7.22 H3); 7.19 (1H d 3 J=8.91 H8). 1H NMR 2-nitro-6-phenylphenol (600
MHz, acetone-d6 ) ppm: 10.96 (1H s- OH ); 8.17 (1H d d H9 3 J=8.54 4 J=1.58);
7.76 (1H d d 3 J=7.59 4 J=1.58); 7.60 (2H d 3 J=7.73 H1,5); 7.47 (2H t 3 J=7.60
H2,4); 7.41 (1H t 3 J=7.43 H3), 7.19 (1H t 3 J=7.99 H10).
B.1.2

Synthesis of 3,3’-dinitro-bisphenol A

3,3’-Dinitro-bisphenol A (dinitro-BPA) was prepared according to Babu et al.
(2011). 5.1 g (22.3 mmol) BPA was dissolved in 50 mL acetone and cooled to 0 ˝C.
Nitric acid (65%, 4.2 mL) was added drop-wise while stirring. After completion of
the reaction, the dark red mixture was quenched with cold water yielding a yellow
precipitate. The crude product was filtered and washed with cold acetone/water
(3:1) and re-crystallised in ethanol yielding yellow needles (62% yield). Negative
ion mass (m/z): calc.: 317.0779, experiment: 317.0776. Estimated 99% purity by
LC–UV-Vis. 1 H NMR (600 MHz, acetone-d6 ) ppm: 10.37 (2H b s -OH ); 8.06
(2H d 4 J=2.41 H8); 7.55 (2H d d 3 J=8.77 4 J=42.40); 7.13 (2H d 3 J=8.71); 1.76
(6H s).
B.1.3

1

H NMR shifts for synthesised TPs

See next page.

117

Figure B.1: 1 H NMR 4-nitro-6-phenylphenol
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Figure B.2: 1 H NMR 2-nitro-6-phenylphenol
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Figure B.3: 1 H NMR 3,3’-dinitro-bisphenol A
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120

B.2

APPENDIX B. SUPPLEMENTARY DATA TO CHAPTER 3

Characterisation parameters of WWTPs in Chapter 3
Table B.1: Process parameters for the WWTPs studied

wastewater type
population equivalents
SRT
HRT
average inflow

WWTP 1

WWTP 2

domestic/urban
320 000
12 d
11 h
61 000 m3 {d

domestic/urban
285 000
16 d
60 h
35 500 m3 {d

Figure B.4: Flow scheme for WWTP 1. ‹: Sampling locations

Figure B.5: Flow scheme for WWTP 2. ‹: Sampling locations
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Parameters for LC–Tandem MS in MRM mode
Table B.2: Transitions used for MRM mode analysis

B.3.1

Compound

Pol.

m/z

Transitions
a/b

DP

CE a/b

DP a/b

OPP
BPA
Dextrorphan
Acetaminophen
p-Nitro-OPP
o-Nitro-OPP
Nitroso-OPP
Nitro-BPA
Dinitro-BPA
Nitrodextrorphan
Nitrodextrorphan
2-Nitroacetaminophen

neg
neg
pos
pos
neg
neg
neg
neg
neg

169.1
227.1
258.2
152.1
214
214
198.1
272.1
317.1

141.1/115
133/93
157.2/201.1
110/43
168/184
184/156
168/167
240/257
285/212

-60
-105
106
70
-60
-60
-63
-80
-85

-34/-42
-35/-60
49/33
22/50
-34/-25
-35/-35
-28/-38
-34/-34
-36/-66

-10/-10
-9/-7
14/4
12/12
-10/-10
-10/-10
-10/-10
-10/-10
-7/-9

pos

303.17

198.1/256.2

110

42/41

15/15

pos

303.17

198.1/244.1

110

42/36

15/15

neg

195.04

150/165.2

-65

-22/-18

-9/-11

Analysis method parameters for environmental analysis of phenols and nitrophenols by standard addition
Table B.3: Chromatography figures of merit

OPP
NO2-OPP
BPA
dinitro-BPA
dextrorphan

LOQ WWTP
influent (ng/L)

LOQ WWTP
eﬄuent (ng/L)

Recovery
influent

Recovery
eﬄuent

27
2
20
2
2

10
2
5
2
1

91%
100%
96%
106%
107%

114%
90%
97%
114%
109%

LOQs are given from the estimated peak area at 10¨S/N.
Analytical standards for nitro-dextrorphan and nitro-acetaminophen were
not available however an SPE extraction eﬃciency of 89% for nitrodextrorphan and 83% for nitro-acetaminophen was estimated by comparing
extracted with non-extracted samples.
a
b
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B.3.2

Calculation of recoveries

Recovery “

B.4

pconc. in spiked sampleq ´ pconc. in orig. sampleq
¨ 100%
conc. of spike

(B.1)

Additional equations and figures from mechanism studies

Equations B.2 to B.6 describe the derivation of Equation B.7:
Ka “

rH` srNO´
2s
rHNO2 s

(B.2)

At equilibrium, NO2– is partially protonated (pKa = 3.26). Assuming no subsequent protonation of HNO2 occurs (pKa = ´6.5 is reported for the protonation
of HNO2, (Vione et al., 2004a)):
`
˘
prH` s0 ´ xq rNO´
2 s0 ´ x
Ka “
x

(B.3)

Where x = [HNO2]. Since the solution is buﬀered, the approximation is made that
[H+] remains constant:
`
˘
rH` s rNO´
2 s0 ´ x
Ka “
x

(B.4)

rH` srNO´
rH` sx
2 s0
Ka “
´
x
x

(B.5)

After rearrangement:

Substituting [HNO2] and rearranging:
rH` srNO´
2 s0
rHNO2 s “
Ka ` rH` s

(B.6)

B.4. ADDITIONAL EQUATIONS AND FIGURES
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This gives Equation 3.3 in Chapter 3:
Initial rate “ k ¨

rH+srNO2–s0
Ka ` rH+s

(B.7)

Figure B.6: Formation of two isomers of NO2-OPP in aqueous nitrite. Conditions: pH 4,
[NaNO2]0 = 15 mmol{L, [OPP]0 = 1.2 mmol{L.

Figure B.7: Reaction of OPP with HNO2 in the presence of c-PTIO. Conditions: pH 4, [OPP]0
= 0.1 mmol{L, [NaNO2]0 = 5 mmol{L.
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MS2 Fragmentation and structural characterisation of
TPs

All compounds were detected with (-)ESI unless otherwise stated.
Table B.4: MS2 spectral masses of 2-phenylphenol (OPP) and TPs

Compound

m/z (u)

Proposed formula

OPP

93.0345
115.0549
141.0706
169.0659

C 6H 5O
C 9H 7
C11H9
C12H9O

hydroxy-OPP

117.0333
141.0705
156.0575
157.0654
183.0443
184.0517
185.0597

C8H 5O
C11H9
C11H9O
C12H7O2
C12H9O2

sulfo-OPP

141.0697
169.0653
249.0233

C11H9
C12H9O
C12H9O4S

p-NO2-OPP

168.0577
184.0529
214.0511

C12H8O
C12H8O2
C12H8NO3

o-NO2-OPP

156.0583
184.0534
214.0518

C11H8O
C12H8NO2
C12H8NO3

sulfo-p-NO2-OPP

184.0533
214.0511
No [M–H]´

C12H8O2
C12H8NO3
C12H8NO6S

B.5. MS2 FRAGMENTATION OF TPS
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Table B.5: MS2 spectral masses of bisphenol A (BPA) and TPs

Compound

m/z (u)

Proposed formula

BPA

133.0653
211.0756
212.0837
227.1078

C 9H 9O
C14H11O2

hydroxy-BPA

93.0348
211.0771
225.0886
243.1020

C 6H 5 O
C14H11O2
C15H13O2
C15H15O3

sulfo-BPA

79.9573
133.0629
212.0835
227.1065
307.0633

SO3
C 9H 9 O
C15H15O2
C15H15O5S

nitro-BPA

227.0714
240.0666
255.0901
257.0693
272.0927

C14H11O3
C14H10NO3
C15H13NO3
C14H11NO4
C15H14NO4

dinitro-BPA

227.0600
255.0552
285.0527
286.0555
317.0785

C13H9NO3
C14H9NO4
C14H9N2O5
C14H10N2O5
C15H13N2O6

sulfo-dinitro-BPA

285.0531
317.0792
397.0361

C14H9N2O5
C15H13N2O6
C15H13N2O9S

C15H15O2
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Table B.6: MS2 spectral masses of dextrorphan and TPs

Compound

m/z (u)

Proposed formula

dextrorphan (DXO) (+ESI)

133.0652
145.0651
157.0649
159.0805
199.1120
201.1277
258.1858

C 9H 9O
C10H9O
C11H9O
C11H11O
C14H15O
C14H17O
C17H24NO

hydroxy-DXO-1 (+ESI)

145.0653
157.0651
173.0598
199.1116
215.1063
274.1801

C10H9O
C11H9O
C11H9O2
C14H15O
C14H15O2
C17H24NO2

hydroxy-DXO-2 (+ESI)

157.0640
199.1124
217.1202
256.1687
274.1806

C11H9O
C14H15O
C14H17O2
C17H22NO
C17H24NO2

hydroxy-DXO-3 & -4 (+ESI)

133.0651
145.0624
157.0641
199.1107
201.1257
256.1680
257.1778
274.1790

C9H9O
C10H9O
C11H9O
C14H15O
C14H17O
C17H22NO
C17H23NO
C17H24NO2

sulfo-DXO

79.9569
256.1698
336.1272

SO3
C17H22NO
C17H22NO4S

nitro-DXO-1 (+ESI)

170.0726
198.1030
303.1700

C12H10O
C14H14O
C17H23N2O3

nitro-DXO-2 (+ESI)

167.0836
170.0726
190.0492
198.1020
244.0975
303.1700

C8H11N2O2
C12H10O
C10H8NO3
C14H14O
C14H14NO3
C17H23N2O3
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Fragmentation Spectra and annotations

Figure B.8: Fragmentation spectrum of dextrorphan

Figure B.9: Proposed fragment structures of dextrorphan
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Figure B.10: Fragmentation spectrum of hydroxy-DXO-1

Figure B.11: Proposed fragment structures of hydroxy-DXO-1
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Figure B.12: Fragmentation spectrum of hydroxy-DXO-2

Figure B.13: Proposed fragment structures of hydroxy-DXO-2
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Figure B.14: Fragmentation spectrum of hydroxy-DXO-3 and -4

Figure B.15: Proposed fragment structures of hydroxy-DXO-3 and -4
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Figure B.16: Fragmentation spectrum of dex-SO3

Figure B.17: Proposed fragment structures of dex-SO3
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Figure B.18: Fragmentation spectrum of nitro-DXO-1

Figure B.19: Proposed fragment structures of nitro-DXO-1. Note: Unknown substitution position for nitro group, postulated on ring A or B.
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Figure B.20: Fragmentation spectrum of nitro-DXO-2

Figure B.21: Proposed fragment structures of nitro-DXO-2. Note: Unknown substitution position for nitro group, postulated on ring A.
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Figure B.22: Fragmentation spectrum of OPP

Figure B.23: Proposed fragment structures of OPP.
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Figure B.24: Fragmentation spectrum of hydroxy-OPP. Note: 122.9665 is an artifact.

Figure B.25: Proposed fragment structures of hydroxy-OPP.

135

136

APPENDIX B. SUPPLEMENTARY DATA TO CHAPTER 3

Figure B.26: Fragmentation spectrum of OPP-SO3.

Figure B.27: Proposed fragment structures of OPP-SO3.
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Figure B.28: Fragmentation spectrum of p-NO2-OPP.

Figure B.29: Proposed fragment structures of p-NO2-OPP.
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Figure B.30: Fragmentation spectrum of o-NO2-OPP.

Figure B.31: Proposed fragment structures of o-NO2-OPP.
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Figure B.32: Fragmentation spectrum of sulfo-p-NO2-OPP.

Figure B.33: Proposed fragment structures of sulfo-p-NO2-OPP.
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Figure B.34: Fragmentation spectrum of NO-OPP.

Figure B.35: Proposed fragment structures of NO-OPP.
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Figure B.36: Fragmentation spectrum of AcCyS-OPP.

Figure B.37: Proposed fragment structures of AcCyS-OPP.
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Figure B.38: Fragmentation spectrum of BPA.

Figure B.39: Proposed fragment structures of BPA.
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Figure B.40: Fragmentation spectrum of hydroxy-BPA-1. Note: 188.9375 is an artefact signal.

Figure B.41: Proposed fragment structures of hydroxy-BPA-1. No plausible structure could be
suggested for fragment with mass 124.0163.

144

APPENDIX B. SUPPLEMENTARY DATA TO CHAPTER 3

Figure B.42: Fragmentation spectrum of BPA-SO3.

Figure B.43: Proposed fragment structures of BPA-SO3.
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Figure B.44: Fragmentation spectrum of NO2-BPA.

Figure B.45: Proposed fragment structures of NO2-BPA.
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Figure B.46: Fragmentation spectrum of dinitro-BPA.

Figure B.47: Proposed fragment structures of dinitro-BPA.
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Figure B.48: Fragmentation spectrum of sulfo-dinitro-BPA.

Figure B.49: Proposed fragment structures of sulfo-dinitro-BPA.
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Appendix C

Supplementary data for Chapter 4:
Transformation of diclofenac in
hybrid biofilm–activated sludge
processes
C.1

Compound details, MS2 fragmentation and elucidation
of TP structures

Diﬀerent levels of confidence are given for the structures based on the categorisation proposed by Schymanski et al. (2014). For 4HD, 5HD, DCF-lactam and
DCF-BA, the identity could be confirmed with authentic reference standards. For
the other TPs, the structure was postulated based on the exact mass, isotope pattern, retention time, MS2 fragmentation spectrum, the similarities or diﬀerences of
the MS2 spectrum to that of DCF and other TPs and based on the primary TPs
from which they were formed. Software tools that were used to aid structural identification include PeakView and MasterView (Sciex), ChemDoodle (iChemLabs)
and ChemCalc.org (Patiny and Borel, 2013).
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Table C.1: TPs identified in lab-scale experiments with the recorded experimental m/z ([M+H]`
or [M–H]´ ) and retention time.
Name
DCF
5HD
5HDQI
DCF-d4
4HD
4HDQI
DCFlactam
DCFBA
TP285
TP287
TP259
TP225
TP293a
TP293b
TP391a
TP391b
TP297
TP273
TP243
TP343a
TP343b
TP275

Formula

Monoisotopic
mass (u)

Retention
time (min)

C14H11Cl2NO2
C14H11Cl2NO3
C14H9Cl2NO3
C14H7D4Cl2NO2
C14H11Cl2NO3
C14H9Cl2NO3
C14H9NOCl2

295.0167
311.0116
308.9959
299.0418
311.0116
308.9959
277.0061

12.74
10.16
10.52
12.71
10.60
10.90
12.52

C13H9Cl2NO2

281.0010

C12H9Cl2NO3
C12H11Cl2NO3
C14H10NO2Cl
C14H11NO2
C14H9Cl2NO2
C14H9Cl2NO2
C14H11Cl2NO6S
C14H11Cl2NO6S
C13H9Cl2NO3
C11H9Cl2NO3
C10H7Cl2NO2
C14H11Cl2NO5
C14H11Cl2NO5
C14H10ClNO3

284.9959
287.0116
259.0400
225.0790
293.0010
293.0010
390.9683
390.9683
296.9960
272.9959
242.9854
343.0014
343.0014
275.0349

Confidence
level

Polarity

mass/charge
(exp.) (u)

1
2
1

pos
pos
pos
pos
pos
pos
pos

13.05

1

pos

282.0083

8.59
7.02
10.10
9.06
10.64
11.14
8.34
9.61
11.08
7.14
9.34
7.25
7.65
9.87

3
4
3
3
2
2
2
2
2
4
4
4
4
3

pos
pos
pos
pos
pos
pos
neg
neg
pos
pos
pos
pos
pos
pos

286.0031
288.0191
260.0467
226.0856
294.0082
294.0088
389.9605
389.9592
298.0032
274.0030
243.9922
344.0088
344.0086
276.0422

1
2

312.0184
310.0035
312.0191
310.0031
278.0132
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Diclofenac (DCF)

DCF fragmentation is included for the
purposes of comparison. The fragmentation spectrum and corresponding postulated fragment ions are shown in Table
C.2 and Figure C.1.

Table C.2: Fragmentation spectrum of DCF

Mass/Charge

Intensity

178.0640
179.0720
180.0801
214.0425
250.0180

2%
2%
2%
100%
5%

Figure C.1: Characterisation of MS2 fragment ions of DCF
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4HD

This TP of DCF was available as a reference standard (level 1 confidence). The
relatively simple fragmentation pattern
with -CO and -Cl losses is characteristic
of secondary TPs formed from 4HD, e.g.,
TP259 and TP225.

Table C.3: Fragmentation spectrum of 4HD

Mass/Charge

Intensity

195.0651
230.0367
266.0137

4%
100%
5%

Figure C.2: Characterisation of MS2 fragment ions of 4HD
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5HD

This TP, for which a reference standard
was used (level 1 confidence) shows characteristic multiple -CO and -Cl losses
similar to DCF and most other TPs.
5HD was found to be an intermediate of nine other TPs in the DCF
transformation pathway many of which
share a similar fragmentation pattern to
5HD.

Table C.4: Fragmentation spectrum of 5HD

Mass/Charge

Intensity

168.0791
196.0719
202.0395
238.0223
266.0194
294.0077

65%
50%
85%
50%
35%
100%

Figure C.3: Characterisation of MS2 fragment ions of 5HD
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DCF-lactam

A reference standard of this TP was
available (level 1 confidence).
The
lactam TP shows typical CO and Cl
losses as well a characteristic fragment at mass 171.9715, which it shares
with other TPs such as TP285 and
TP287.

Table C.5: Fragmentation spectrum of DCF-Lactam

Mass/Charge

Intensity

171.9698
180.0800
208.0751
214.0406
215.0448
243.0429
250.0193
278.0133

26%
26%
34%
100%
16%
13%
5%
45%

Figure C.4: Characterisation of MS2 fragment ions of DCF-Lactam

C.1. MS2 FRAGMENTATION

C.1.5

155

DCF-BA

A reference standard of this compound
was available (level 1 confidence). The
fragmentation pattern is typical of DCF
TPs, showing loss of -CO and multiple
-Cl losses.

Table C.6: Fragmentation spectrum of DCF-BA

Mass/Charge

Intensity

166.0655
201.0339
229.0292
263.9979

11%
16%
100%
16%

Figure C.5: Characterisation of MS2 fragment ions of DCF-BA
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4HDQI

4HDQI is a known human metabolite
of DCF (Poon et al., 2001) and is reported to form by oxidation of 4HD.
In this study, 4HDQI was identified by
its very similar fragmentation pattern to
4HD and similar retention time (level
2 confidence). However, in incubation
experiments of 4HD, 4HDQI was not
formed whereas it was formed in incubations of DCF-lactam (and incubations of
DCF itself). This might be due to the
fast dissipation kinetics of 4HD, which

is quickly transformed to other TPs,
allowing little oxidation to take place,
while DCF-lactam is more stable, allowing the formation of 4HDQI over a different route (e.g., by combined monooxygenation and de-amidation).
Table C.7: Fragmentation spectrum of 4HDQI

Mass/Charge

Intensity

263.9944
229.0288

54%
100%

Figure C.6: Characterisation of MS2 fragment ions of 4HDQI
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5HDQI

This TP was previously identified in
soil/sediment systems (Gröning et al.,
2007) and was identified in this study by
the similar fragmentation pattern and
retention time to 5HD (level 2 confidence).

Table C.8: Fragmentation spectrum of 5HDQI

Mass/Charge

Intensity

166.0652
194.0583
201.0334
229.0286
236.0008
263.9964
291.9919

100%
38%
88%
35%
23%
23%
81%
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Figure C.7: Characterisation of MS2 fragment ions of 5HDQI
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TP285

The characterisation of TP285 was
based firstly on the presence of fragment
171.9715, which indicated that ring A
was not hydroxylated.
TP285 was
formed from DCF via 5HD so one oxygen should be located on position 5. The
remaining 2 oxygens were considered to
be part of a carboxylic acid group which
would explain the loss of -CO2 . It was
postulated that TP285 was formed as
a result of ring-opening of ring B since
consecutive -CH2 , -CO and -C2 H2 losses
leading to fragment 171.9715 are indic-

ative of a long-chain structure. According to this structure, the -keto moiety
might be formed via tautomerism. A
level 3 confidence is therefore proposed
(tentative structure).
Table C.9: Fragmentation spectrum of TP285

Mass/Charge

Intensity

171.9676
197.9856
225.982
239.9951
242.0145

26%
19%
25%
58%
100%

Figure C.8: Characterisation of MS2 fragment ions of TP285
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TP287

TP287 has a mass diﬀerence of only +2H
compared to TP285 and also shows fragment 171.9715, the presence of which indicated that ring A is not hydroxylated.
Structural characterisation of TP287
was not possible due to many possible
structures on the right side of the molecule. The structure of ring A and the
elemental composition of the rest of the
molecule could be determined (level 4
confidence).

Table C.10: Fragmentation spectrum of TP287

Mass/Charge

Intensity

132.9596
159.9697
164.0264
171.9707
187.9648
200.0054
227.9990

17%
98%
21%
59%
21%
14%
100%

Figure C.9: Characterisation of MS2 fragment ions of TP287
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TP259

The mass of TP259 and the isotopic drogen a reductive dechlorination at the
pattern indicate it has one chloride and 21 -position is postulated (level 3).
two oxygen atoms. Since it is formed
Table C.11: Fragmentation specfrom DCF via 4HD, it is assumed that
trum of TP259
1
the 4 -position (ring A) is hydroxylated.
The fragmentation pattern is very simMass/Charge Intensity
ilar to DCF-lactam showing consecutive
132.0451
12%
-CO and -Cl losses, it is therefore pos168.0807
30%
180.0799
15%
tulated that TP259 has a lactam struc196.0747
100%
ture, which also accounts for the second
225.0781
21%
oxygen. To account for the extra hy-

Figure C.10: Characterisation of MS2 fragment ions of TP259
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TP225

The mass and isotopic pattern of TP225
indicate that no Cl atom is present in
the molecule. The similar fragmentation pattern to TP259 suggest this compound is the result of a second reductive dechlorination, which also accounts
for the extra hydrogen. Therefore, a
level 3 confidence is given for the structure.

Table C.12: Fragmentation spectrum of TP225

Mass/Charge

Intensity

120.0453
132.0440
180.0801
183.0634
196.0745
198.0912

59%
69%
86%
43%
100%
53%

Figure C.11: Characterisation of MS2 fragment ions of TP225
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TP293a

This TP was formed from both DCF- ring B at diﬀerent positions.
lactam and 5HD. Due to the parent
Table C.13: Fragmentation specTPs and the fragmentation pattern, the
trum of TP293a
structure can be given at level 2 confidMass/Charge Intensity
ence. Several isomers of this TP were
266.0128
40%
detected, with similar retention times
238.0187
40%
and MS2 spectra. It is postulated that
202.0415
60%
these are formed by hydroxylation of
168.0817
100%

Figure C.12: Characterisation of MS2 fragment ions of TP293a
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TP293b

This TP is an isomer of TP293a but is given for this structure.
formed from 4HD or DCF-lactam and
Table C.14: Fragmentation specnot formed from 5HD and was previtrum of TP293b
ously detected WWTP eﬄuents, where
Mass/Charge Intensity
is was identified as a human metabol230.0366
100%
ite of DCF (Stülten et al., 2008). It has
2
224.0696
50%
a diﬀerent MS spectrum since ring A
132.0437
45%
is hydroxylated. A level 2 confidence is

Figure C.13: Characterisation of MS2 fragment ions of TP293b.
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TP391a

This DCF-TP is formed via 5HD. The position (ring B). Thus, level 2 confidmolecular formula and characteristic - ence is given for the structure.
SO3 loss indicate that this TP is the
Table C.15: Fragmentation specresult of sulfate conjugation of 5HD.
trum of TP391a
Due to the observed fragments, and in
comparison to similar sulfate conjugaMass/Charge Intensity
tion reactions observed at aromatic hy79.9572
100%
185.9972
29%
droxy groups in activated sludge (Jewell
309.9933
42%
et al., 2014), it is postulated the con345.9676
78%
jugation occurs at the hydroxylated 5-

Figure C.14: Characterisation of MS2 fragment ions of TP391a.
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TP391b

This TP is formed from 4HD similarly
to TP391a. It is postulated the conjugation occurs at the 41 -position (ring A).
Level 2 confidence is given for the structure.

Table C.16: Fragmentation spectrum of TP391b

Mass/Charge

Intensity

310.0047
266.0127
166.0639

30%
100%
30%

Figure C.15: Characterisation of MS2 fragment ions of TP391b.
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TP243

This DCF-TP is formed via 5HD and suggest that this TP has lost ring B due
has a similar fragmentation pattern to to ring opening reactions.
TP285 and TP287, sharing, for example,
the fragment 171.9713. This fragment is
Table C.17: Fragmentation spectrum of TP243
again an indication that ring A is not
hydroxylated. The two oxygen atoms
Mass/Charge Intensity
from the formula are thus likely to be
216.0006
25%
on the right side of the molecule. Due to
197.9881
25%
the ambiguous fragmentation pattern, a
187.9664
25%
171.9713
5%
tentative structure cannot be suggested
159.9712
100%
(level 4). However, the low number of
132.9608
25%
carbons on the right side of the molecule

Figure C.16: Characterisation of MS2 fragment ions of TP243
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TP297

This TP was formed from both 4HD and
DCF-BA and to a minor extent 5HD.
The molecular formula indicates it is
formed as a result of the combination of
reactions which lead to the parent TPs,
i.e., a hydroxylation and a decarboxylation followed by oxidation to carboxylic
acid. Two isomers of this compound are
formed with retention times 10.68 min
and 11.08 min, but both with identical
fragmentation patterns. It is expected that these are the result of the hydroxylations at diﬀerent ring positions,
i.e., 41 -, or 5-position. The isomer at

10.68 is only formed via 5HD, whereas
the isomer at 11.08 is only formed via
4HD and both isomers are formed via
DCF-BA. Level 2 confidence is given for
this structure.
Table C.18: Fragmentation spectrum of TP297

Mass/Charge

Intensity

153.0562
182.0601
217.0291
245.0236
279.9942

8%
13%
17%
100%
19%

Figure C.17: Characterisation of MS2 fragment ions of TP297
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TP273

This DCF-TP is formed via 5HD and, (level 4 confidence).
as with TP243, TP285 and TP287 has a
Table C.19: Fragmentation specfragmentation pattern indicating ring A
trum of TP273
is not hydroxylated (fragment with mass
Mass/Charge Intensity
171.9718). The fragmentation pattern
164.0262
55%
indicates several -CO losses however a
171.9718
100%
unambiguous structure cannot be pos200.0017
35%
tulated for the right side of the molecule
227.9985
75%

Figure C.18: Characterisation of MS2 fragment ions of TP273

169

170

C.1.19

APPENDIX C. SUPPLEMENTARY DATA TO CHAPTER 4

TP343a

This TP of DCF and 5HD has a for- lated from the fragments (level 4).
mula with +2O in comparison to 5HD,
suggesting that oxidative reactions took
Table C.20: Fragmentation specplace. A characteristic fragment at
trum of TP343b
159.9731 indicates that ring A is likely
Mass/Charge Intensity
not hydroxylated. The remaining frag159.9731
20%
ments show multiple -H2 O and -CO
217.0294
30%
losses (parent mass Ñ 326.0028 Ñ
224.0014
15%
298.0026 Ñ 270.0039 Ñ 251.9964 Ñ
251.9964
100%
270.0039
25%
224.0014) indicating a structure with
298.0026
60%
multiple hydroxy carboxyl groups. How326.0028
15%
ever an clear structure can not be postu-

Figure C.19: Characterisation of MS2 fragment ion of TP343a
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TP343b

This DCF-TP is formed via 5HD and tural isomer TP343a, however these TPs
has a formula with +2 O in comparison do not have similar fragmentation patto 5HD, suggesting that oxidative reac- terns.
tions took place. Although the characTable C.21: Fragmentation specteristic fragment at mass 171.9715 was
trum of TP343b
not observed, a similar mass at 173.9834
is again an indication that ring A is not
Mass/Charge Intensity
hydroxylated. The other fragments do
173.9834
10%
177.0338
35%
not allow a full characterisation of the
190.0415
35%
right side of the molecule (level 4). How204.0208
15%
ever, multiple -CO2 losses, e.g., from
218.0365
55%
parent mass Ñ 298.0063 Ñ 254.0122,
237.9802
20%
254.0122
60%
suggest the presence of carboxylic acid
283.9882
100%
groups. This compound has a similar
298.0063
10%
retention time ( 0.5 min) to the struc-

Figure C.20: Characterisation of MS2 fragment ions of TP343b
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TP275

TP275 was formed via 4HD. The molecular formula indicated a loss of Cl
and one H. The fragmentation spectrum
was similar to 4HD and 4HDQI showing CO, H2 O, Cl and HCl losses. Since
other reductive dechlorinations were observed, forming TPs 259 and 225, it was
postulated that this TP was also formed
through reductive dechlorination. To
account for the loss of H an oxidation
via dehydrogenation was proposed, similar to the reactions forming 4HDQI
and 5HDQI. It was unclear if TP275

was formed directly from 4HD or via
TP259. In the later case the reaction
would be equivalent to the formation
of 4HDQI from DCF-lactam (confidence
level 3).
Table C.22: Fragmentation spectrum of TP275

Mass/Charge

Intensity

140.0524
167.0717
194.0606
202.0426
230.0372

15%
100%
15%
20%
30%

Figure C.21: Characterisation of MS2 fragment ion of TP275

C.2. ADDITIONAL FIGURES AND TABLES

C.2

173

Additional figures and tables
Diclofenac

DCF-lactam

4HD

4HDQI

TP285

TP293b
Cl

5HDQI

O
N

HO

Cl

OH
N

O

Cl
O

Cl

TP259

5HD

DCF-BA

TP287

TP293a
Cl

O
N
Cl

OH

Cl

H
N

(C 6H7 O 3 )

Cl
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(spike concentration 5 µg{L) in incubation experiments inoculated with carriers from WWTP-BR
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Table C.23: TPs formed from primary DCF TPs

Parent

TPs

DCF-Lactam

DCF-BA

4HDQI

TP293b

TP285

4HD

TP293b

TP259

TP225

TP275

TP391b

TP297

5HD

5HDQI
TP273a

TP287
TP243

TP285
TP293a

TP343a

TP343b

TP391a

DCF-BA

TP297

TP285

TP287
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Table C.24: DCF-TPs detected during lab-scale experiments with carriers from
WWTP Klippan

DCF-lactam

DCF-BA

TP285

Retention time (min)
Retention time of standard (min)
rM ` Hs` mass (u)
Calculated mass (u)

12.42
12.39
278.0131
278.0134

12.88
12.89
282.0072
282.0083

8.44
8.62a
286.0027
286.0032

MS2 Spectrum

214.0445

166.0649
201.0349
229.0297

242.0151

Standard not available, retention time was compared to a previous lab-scale incubation
experiment using carriers from WWTP Bad Ragaz.
a
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